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Summary 

Municipal wastewater contains nutrients valuable for a reuse in agriculture and can be the source of a 

multitude of chemicals used in private households and industry, too. As many of these chemicals are 

incompletely degraded during wastewater treatment, their residues remain partly in sewage sludge 

and partly in treated wastewater. Concerns are linked particularly to the so called micropollutants, i.e. 

anthropogenic organic substances such as personal care products, pharmaceuticals and biocides, for 

which scarce data on their degradability and environmental fate and particularly on their ecotoxicity 

are available. Thus, when reusing treated wastewater and sewage sludge for irrigation or as soil 

amendment for a sustainable land and water management, these wastewater-borne pollutants may 

enter soil, groundwater and surface water. The present work therefore aimed at assessing potential 

ecotoxic effects on aquatic and terrestrial organisms of reusing treated wastewater and sewage 

sludge. To this end, established as well as newly developed experimental approaches were used to 

investigate the problem on several levels. Individual wastewater-borne substances, samples from 

field study sites and samples from a soil column experiment simulating prolonged wastewater 

irrigation were examined. 

At the start of the experimental work, the ecotoxicity of climbazole was characterised towards five 

aquatic and five terrestrial test organisms. Climbazole is an azole antimycotic agent applied in 

cosmetics and anti-dandruff shampoos and was recently detected in relatively high concentrations in 

treated wastewater and sewage sludge. In the present work climbazole was found to be particularly 

toxic towards plants such as water lentils with effective concentrations comparable to those of 

agricultural azole fungicides. Dwarfism, that is reduced shoot elongation observed in plants, pointed 

at a specific, phytohormone inhibiting mode of action of climbazole. Furthermore, the expected 

influence of the soil pH on the phytotoxicity of climbazole was experimentally confirmed. 

Based on the findings for climbazole, two additional azole antimycotics, ketoconazole and 

fluconazole, and the regularly in sewage sludge detected biocide benzyldimethyldodecyl-ammonium 

chloride (BDDA) were investigated for their toxicity towards plants. 

In aqueous medium, an increasing phytotoxicity from fluconazole to BDDA, ketoconazole and 

climbazole was observed, while in soil, phytotoxicity increased from BDDA to ketoconazole, 

climbazole and fluconazole. The relatively low terrestrial toxicity of BDDA and ketoconazole 

probably resulted from their strong binding to soil as well as their good biodegradability. To render 

the exposure scenario more realistic, sewage sludge was co-applied with the four test substances in a 

parallel test run. However, as no detectable influence on their effective concentrations was found, it 

can be assumed that the current practice of assessing sewage sludge borne substances with biotests in 

standard soil is sufficiently realistic. 
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In a further study, different advanced sludge-treatment technologies were assessed for their efficacy 

in reducing pollutants. Results from the present work indicated that effects assessed in terrestrial 

short term biotests only seldom correlated with the concentrations of certain pollutants. Rather, a 

negative correlation of the stability of the sludges, determined by the ratio of volatile to total solids, 

to their ecotoxicity was seen. 

Another aspect of the present work was the design and performance of an experimental approach to 

assess the environmental risk of a long-term irrigation with treated wastewater concerning the quality 

of soil and water in a prospective way, i.e. before the installation at field scale. For the simulation of 

a continuous irrigation corresponding to approximately 30 years, a percolation apparatus was 

developed and four different soils were percolated with treated wastewater for three months. Acute 

and chronic biotests with nine test organisms from different trophic levels (green algae, water lentils 

and water fleas as well as oilseed rape, oats, bacteria, spring tails, enchytraeids and earthworms) 

were used to assess the soil percolates as well as the soils with and without percolation. These 

investigations were accompanied by a comprehensive chemical monitoring conducted by project 

partners. Results indicated that the soil passage, that is the percolation through the soil, generally 

improved the quality of the treated wastewater as habitat for aquatic organisms which was visible by 

a reduction of its phytotoxicity. However, in some cases it deteriorated the water quality, probably 

resulting from the leaching of metals from pre-contaminated soil. A deteriorated habitat quality of 

the soil after the percolation with treated wastewater was observed for several test organisms and 

soils. In the same, mainly peaty soils, the highest accumulation of wastewater-borne micropollutants 

and of zinc was measured. Yet, their concentrations did not correlate to the observed biological 

effects. Moreover, data on ecotoxicity were only available for a small fraction of the detected 

substances so that their concentrations could not successfully be used to predict expected biological 

effects. 

The experimental approach used in the present work demonstrated to be an adequate tool to support 

the prospective evaluation of environmental risks of treated wastewater irrigation. Overall, it can be 

concluded that the reuse of treated wastewater on soil can improve the quality of treated wastewater 

but that this can come at the cost of deteriorating the quality of the soil. As these risks cannot be 

generalised, a comprehensive biotest battery as well as chemical analysis should be used to assess 

them on a case-specific basis for each respective wastewater and the respective soil. 
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Zusammenfassung 

Wasser ist von fundamentaler Bedeutung für viele Bereiche des menschlichen Lebens, allen voran 

die Trinkwasserversorgung und die Lebensmittelproduktion. Angesichts steigender Wasserknappheit 

in großen Teilen der Welt, südeuropäischen Ländern wie Spanien und Griechenland, aber auch 

Regionen in Deutschland wie zum Beispiel Brandenburg, ist die Beregnung von landwirtschaftlichen 

Flächen ein Thema von zunehmender Bedeutung. Dazu tragen einerseits vermehrte Trockenperioden 

im Sommer bei, die eine Beregnung zur Sicherung des Ertrags auf immer mehr Flächen erforderlich 

machen. Gleichzeitig steigt der Verbrauch an Trinkwasser sowie an Brauchwasser für den häuslichen 

und industriellen Gebrauch in Städten und Ballungsräumen. Aus diesen Gründen ist der 

verantwortungsvolle Umgang mit der Ressource Wasser an der Schnittstelle von Land- und 

Wassermanagement eine herausfordernde Aufgabe. 

Da Kläranlagen das gereinigte Abwasser in Fließgewässer oder Kanäle, sogenannte Vorfluter, 

einleiten, wird es aus dem Gebiet, dem es entzogen wurde, abtransportiert und geht damit der Region 

langfristig verloren. Auf der anderen Seite soll laut der EU-Wasserrahmenrichtlinie die Qualität von 

Gewässern einschließlich des Grundwassers langfristig verbessert werden, indem die Einträge von 

Nährstoffen und anthropogenen Chemikalien möglichst verringert werden. Eine Filtration durch 

Boden, auch Bodenpassage genannt, kann bekanntermaßen durch teilweisen Rückhalt oder Abbau 

von Nährstoffen und anderen Rückständen zur weitergehenden Reinigung des gereinigten Abwassers 

beitragen. Vor diesem Hintergrund scheint eine Wiederverwendung von gereinigtem Abwasser zu 

Beregnungszwecken sinnvoll, da sie eine landwirtschaftliche Produktion ermöglichen und den 

regionalen Wasserhaushalt stützen könnte, während sie gleichzeitig die Belastung von 

Oberflächengewässern reduzieren kann. 

Klärschlamm, also das feste Endprodukt der Kläranlage, besteht zum größten Anteil aus organischem 

Kohlenstoff sowie Nährstoffen wie Stickstoff und Phosphor und kann daher einen wertvollen Dünger 

in der Landwirtschaft darstellen. Angesichts knapp werdender natürlicher Lagerstätten von Phosphor 

erscheint eine regionale Rückführung von durch Lebensmittelproduktion verbrauchten Nährstoffen 

in den Boden sinnvoll. Allerdings nimmt Klärschlamm auch sorptive und schwer abbaubare 

Substanzen wie organische Schadstoffe oder Schwermetalle aus dem Abwasser auf, die durch die 

Nutzung von Klärschlamm als Dünger in den Boden eingebracht werden.  

Besondere Bedenken sowohl bei der Wiederverwendung von gereinigtem Abwasser als auch von 

Klärschlamm erregen dabei sogenannte emerging pollutants oder micropollutants, also anthropogene 

Substanzen aus Körperpflegeprodukten, Medikamenten und Bioziden, deren Abbaubarkeit und 

Verhalten in der Umwelt erst lückenhaft untersucht ist und für die in den meisten Fällen nur wenige 

ökotoxikologische Daten vorliegen. 
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Die vorliegende Dissertation hatte daher das Ziel, die Wiederverwendung von gereinigtem 

kommunalem Abwasser und Klärschlamm in der Landschaft hinsichtlich möglicher 

ökotoxikologischer Effekte auf aquatische und terrestrische Organismen zu bewerten. Um sich der 

Fragestellung auf verschiedenen Ebenen zu nähern, wurden sowohl etablierte experimentelle 

Methoden angewendet als auch neue Ansätze entwickelt. Untersucht wurde die Wirkung von im 

Abwasser anzutreffenden Einzelsubstanzen, von Umweltproben aus Feldstudien und von Proben aus 

einem Bodensäulenversuch zur Langzeitberegnung mit Abwasser.  

Zunächst wurde die Ökotoxizität von Climbazol umfassend charakterisiert, welches kürzlich in 

relativen hohen Konzentrationen in Abwasser und Klärschlamm nachgewiesen wurde. Climbazol ist 

ein Antimykotikum aus der Wirkstoffgruppe der Azole und wird in Kosmetika als 

Konservierungsmittel und in Antischuppen-Shampoos eingesetzt. In Labortests nach internationalen 

Richtlinien wurden die Effekte der Substanz gegenüber fünf aquatischen und fünf terrestrischen 

Testorganismen untersucht. Es zeigte sich, dass Climbazol besonders gegenüber Primärproduzenten 

eine hohe Toxizität aufwies. Dabei lagen die abgeleiteten mittleren Effektkonzentrationen (EC50) von 

Climbazol bei 11 mg/L gegenüber Wasserflöhen (Daphnia magna, Immobilität nach 48 h), 5.8 mg/L 

gegenüber Fischembryos (Danio rerio, Mortalität nach 48 h), 0.12 mg/L gegenüber Kieselalgen 

(Navicula pelliculosa, Inhibition des Biomassezuwachses nach 72 h), 0.16 mg/L gegenüber 

Grünalgen (Pseudokirchneriella subcapitata, Inhibition des Biomassezuwachses nach 72 h), und 

0.01 mg/L gegenüber Wasserlinsen (Lemna minor, Inhibition des Biomassezuwachses nach 7 

Tagen).  

Climbazol schien keine Effekte auf Springschwänze (Folsomia candida, Reproduktion nach 28 

Tagen) und Enchyträen (Enchytraeus bigeminus, Reproduktion nach 28 Tagen) bis zur höchsten 

Testkonzentration von 1000 mg/kg d.w. zu haben, während die terrestrische Toxizität gegenüber 

Bakterien (Arthrobacter globiformis, Dehydrogenase Aktivität nach 1 h) mit einer EC50 von 

456 mg/kg d.w. gering und gegenüber den Pflanzen (Inhibition Sprossgewicht nach 14 Tagen) Hafer 

(Avena sativa) und Raps (Brassica napus) mit einer EC50 von 31 mg/kg d.w. und 19 mg/kg d.w. 

deutlich höher war. 

Insgesamt lag die Toxizität von Climbazol in einem Konzentrationsbereich ähnlich dem 

landwirtschaftlich eingesetzter Azol-Fungizide. Der beobachtete Zwergwuchs in höheren Pflanzen 

wies außerdem auf die Inhibition bestimmter Phytohormone, Gibberelline und/oder Brassinosteroide 

hin. Dieser spezifische Wirkmechanismus ist auch für andere Azol-Fungizide bekannt und wird zum 

Teil gezielt zur Steuerung des Pflanzenwachstums eingesetzt.  

Darüber hinaus wurde die Abhängigkeit der Climbazol-Toxizität vom pH-Wert des Bodens 

untersucht. Bei Climbazol handelt es sich um eine schwache Base, die im sauren pH-Bereich, also 

unterhalb seiner Säurekonstante (pKa) von 7.5, zu mehr als 50% als Kation vorliegt. Gleichzeitig ist 
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bekannt, dass geladene Moleküle langsamer durch biologische Membranen aufgenommen werden als 

neutrale, ungeladene. Daher wurde vermutet, dass die Toxizität von Climbazol im sauren pH-Bereich 

geringer als im basischen pH-Bereich ist. Diese Hypothese wurde experimentell bestätigt, da bei 

einem basischen Boden-pH von 7.7 signifikant höhere Effekte in B. napus als bei einem sauren pH-

Bereich von pH 5.5 beobachtet wurden. Der parallel untersuchte Einfluss des organischen 

Kohlenstoffgehalts (Corg) des Bodens erwies sich dagegen als weniger bedeutsam in Bezug auf die 

Toxizität von Climbazol. Lediglich die Inhibition der Keimrate war bei dem Bodengehalt von 5% 

Corg signifikant höher als bei dem Bodengehalt von 10% Corg, während keine Unterschiede in der 

Inhibition der Sprosslänge und des Frischgewichts festgestellt wurden. Angesichts der relativ hohen 

Hydrophobie von Climbazol mit einem Oktanol-Wasser-Verteilungskoeffizienten (log Kow) von 3.33 

war dieses Ergebnis überraschend, da bei einem hohen Corg Gehalt eine starke Sorption der 

Testsubstanz im Boden vermutet worden war. Allerdings können Pflanzen, im Gegensatz zu anderen 

Bodenlebewesen, die Aufnahme von Substanzen u.a. über eine Änderung des Boden-pH im 

Rhizosphärenbereich aktiv beeinflussen. Auf diese Weise können auch sorbierte oder geladene 

Substanzen für Pflanzen verfügbar sein, was den geringen Einfluss des Corg-Gehalts des Bodens auf 

die Phytotoxizität von Climbazol erklären könnte. 

Basierend auf den Erkenntnissen zu Climbazol wurden im zweiten Schwerpunkt der vorliegenden 

Arbeit zwei weitere Azol-Antimykotika, Ketoconazol und Fluconazol, sowie das regelmäßig in 

Klärschlamm vorzufindende Biozid Benzyldimethyldodecylammoniumchlorid (BDDA) auf ihre 

Toxizität gegenüber den Primärproduzenten L. minor und B. napus hin untersucht. Ketoconazol und 

Fluconazol werden in Antischuppen-Shampoos beziehungsweise in Cremes als Medikament gegen 

Hautpilz eingesetzt, während BDDA als kationisches Tensid vielseitige Verwendung unter anderem 

in Desinfektionsmitteln, als Korrosionsschutz in Spülmitteln oder als Biozid gegen Algenwuchs in 

Schwimmbädern findet. Neben ihrer unterschiedlichen Anwendung unterschieden sich die 

Substanzen auch in ihren physikalisch-chemischen Eigenschaften und dem damit verbundenen 

Umweltverhalten. Aufgrund der Hydrophobie (log Kow von 4.3) von Ketoconazol und der 

Hydrophilie von Fluconazol (log Kow von 0.5) sorbiert das ungeladene Molekül von Ersterem stark 

und Letzterem schwach. Basierend auf ihren pKa Werten steigt der kationische Anteil von 

Ketoconazol ähnlich wie bei Climbazol mit abnehmendem pH-Wert des Mediums, während 

Fluconazol im umweltrelevanten Bereich zwischen pH 3 und 10 ausschließlich als ungeladenes 

Molekül vorliegt. Dagegen liegt BDDA in Wasser permanent als Kation vor, ist also sowohl gut 

wasserlöslich als auch stark an negative Oberflächen wie Klärschlamm oder Boden sorbierend. 

Alle drei Substanzen erwiesen sich als äußerst toxisch gegenüber L. minor mit EC50-Werten von 0.97 

mg/L, 0.30 mg/L bzw. 0.06 mg/L für Fluconazol, BDDA bzw. Ketoconazol (bezogen Inhibition des 

Frondzahlzuwachses und gemessene Konzentrationen). Damit ist deren Toxizität nur wenig geringer 

als die von Climbazol. Chemische Analytik der Testlösungen zu Beginn und Ende der Biotests 
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zeigten überdies eine geringe Wiederfindung der nominalen Konzentrationen von BDDA (12%) und 

Ketoconazol (44%), was auf Sorption an Glasgefäße und Wasserlinsen aber vermutlich großenteils 

auf Abbau zurückzuführen ist. 

Gegenüber B. napus zeigten Ketoconazol und BDDA dagegen eine deutlich geringere Toxizität als 

Climbazol und Fluconazol mit EC50-Werten von 578 mg/kg d.w., 222 mg/kg d.w., 11 mg/kg d.w. 

bzw. 9.2 mg/kg d.w. (bezogen auf Inhibition des Frischgewichts). Die geringe terrestrische Toxizität 

von BDDA und Ketoconazol hängt vermutlich mit ihrer starken Bindung an den Boden sowie ihrer 

relativ guten Abbaubarkeit zusammen. Anders als bei den aquatischen Tests wurden die 

Testkonzentrationen jedoch nicht analytisch verifiziert, so dass davon auszugehen ist, dass die auf 

nominalen Bodenkonzentrationen basierenden EC50-Werte die tatsächliche Toxizität von zumindest 

BDDA und Ketoconazol unterschätzen. 

Vergleicht man die ermittelte Toxizität mit berichteten Konzentrationen in der Umwelt, so scheint 

aktuell keine der vier Substanzen eine direkte Gefahr für die Umwelt darzustellen. Allerdings liegen 

die gemessenen Konzentrationen von BDDA und Climbazol in Klärschlamm und gereinigtem 

Abwasser nur maximal um den Faktor 15 über den Effektkonzentrationen für Pflanzen, so dass die 

Sicherheitsabstände für diese Substanzen relativ gering sind, und ihr Vorkommen in der Umwelt 

weiterhin kritisch verfolgt werden sollte.  

Anhand der drei Azole und BDDA sollte überdies der Einfluss von Klärschlamm als relevante 

Expositionsmatrix für abwasserbürtige Spurenstoffe gegenüber Pflanzen untersucht werden. Dazu 

wurde die Toxizität der Substanzen parallel zu den Biotests in Standardboden in einem mit 

Klärschlamm versetzten Standardboden getestet. Die eingesetzte Menge an Klärschlamm von 3.8 

g/kg d.w. Boden entsprach dabei der in Deutschland maximal erlaubten Rate von 5 t/ha und 10 cm 

Einarbeitungstiefe. Es zeigte sich, dass die gleichzeitige Zugabe von Klärschlamm zu den vier 

applizierten Testsubstanzen keinen statistisch feststellbaren Einfluss auf deren EC50 gegenüber B. 

napus hatte. Basierend auf diesen Ergebnissen kann davon ausgegangen werden, dass die aktuelle 

Testung von klärschlammbürtigen Substanzen über Biotests in Standardboden ausreichend realistisch 

ist. 

In einer dritten Fragestellung der vorliegenden Arbeit sollte die Effektivität verschiedener Techniken 

zur weitergehenden Behandlung von Klärschlamm zur Reduktion von Schadstoffen untersucht 

werden. Dazu wurden von Projektpartnern drei Techniken an Pilot- oder Laboranlagen angewendet: 

i) thermophile anaerobe Stabilisierung mit und ohne vorherige thermale Hydrolyse, ii) zweistufige 

mesophile/thermophile anaerobe Stabilisierung mit und ohne vorherige Ultraschallbehandlung und 

iii) sequentielle anaerobe/aerobe Stabilisierung. In der vorliegenden Arbeit wurden die 

Schlammproben aus verschiedenen Abschnitten der Prozesse mittels dem Bakterienkontakttest (A. 

globiformis) und dem Regenwurmfluchttest (Eisenia fetida) untersucht. Diese Biotests wurden 
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ausgewählt, weil sie sich in der Testung von Abfallproben als geeignet erwiesen haben, mit 

Destruenten für wichtige Bodenorganismen repräsentativ sind, nur kurze Zeit dauern (1 h, bzw. 2 

Tage) und geringe Probenvolumina erfordern. In den Biotests konnten Unterschiede zwischen der 

Habitatqualität der Proben ermittelt werden, wobei die Stabilisierung meist zu einer Verringerung der 

Effekte im Vergleich zum unbehandelten Schlamm führte. Alle stabilisierten Klärschlämme zeigten 

negative Effekte erst ab Konzentrationen, welche um mindestens Faktor 30 über den anzunehmenden 

Bodenkonzentrationen bei üblichen Applikationsraten lagen (0.8 g/kg d.w., ausgehend von 2 t/ha und 

20 cm Einarbeitungstiefe). Darüber hinaus wurde der Einfluss der von Projektpartnern analysierten 

Schadstoffe überprüft. Ein Zusammenhang zwischen den beobachteten Effekten und den 

Substanzkonzentrationen konnte allerdings nur für Naphtalen, Triclocarban und Carbamazepin 

statistisch nachgewiesen werden. Vielmehr bestand eine deutliche negative Korrelation zwischen der 

Toxizität gegenüber A. globiformis und der Schlammstabilität, gemessen am Verhältnis zwischen 

organischem und gesamtem Feststoffgehalt. Die Ergebnisse weisen somit darauf hin, dass eine 

Reduzierung der Ökotoxizität des Klärschlamms besser durch eine gute Stabilisierung des 

Klärschlamms und eine damit verbundene geringere Freisetzung von sorbierten Schadstoffen zu 

erreichen ist, als durch einen optimierten Abbau, welcher zu einer minimalen Reduzierung der 

absoluten Schadstoffkonzentrationen im Klärschlamm führt. 

Der vierte Fokus der vorliegenden Arbeit lag auf der Entwicklung und Durchführung eines 

experimentellen Ansatzes um das Umweltrisiko einer Langzeitberegnung mit gereinigtem Abwasser 

prospektiv abschätzen zu können. Mittels einer im Rahmen dieser Untersuchung entwickelten 

Durchflussapparatur wurden vier Böden für drei Monate mit einem Abwasservolumen beaufschlagt, 

das ungefähr einer kontinuierlicher Verregnung über einen Zeitraum von 30 Jahren entsprach. Drei 

der Böden entstammten dem alten Rieselfeld Hobrechtsfelde am Rande Berlins, einer Modellfläche 

des Projektes ELaN, wobei ein Boden stark („s1“), ein weiter gering („s2“) und der dritte („s3“) nicht 

vorbelastet war. Als vierter Boden wurde ein Standardboden („s4“) verwendet.  

Akute und chronische Biotests wurden angewendet um das Abwasser vor und nach der Passage 

durch die Bodensäulen sowie die Böden mit und ohne dreimonatige Abwasserbeaufschlagung zu 

untersuchen. Als aquatische Testorganismen dienten Grünalgen (P. subcapitata), Wasserlinsen (L. 

minor) und Wasserflöhe (D. magna). Als terrestrische Testorganismen wurden Springschwänze (F. 

candida), Enchyträen (E. crypticus), Regenwürmer (E. fetida), Bakterien (A. globiformis), Hafer (A. 

sativa) und Raps (B. napus) eingesetzt. Diese Untersuchungen wurden durch Projektpartner mit 

einem chemisch-analytischen Messprogramm begleitet.  

Es zeigte sich, dass das gereinigte Abwasser eine deutliche Phytotoxizität gegenüber P. subcapitata 

und L. minor aufwies, die durch die Bodenpassage, vor allem durch die torfigen Böden s2 und s3, in 

der Regel abnahm. Hier konnte demnach die Qualität des gereinigten Abwassers als Habitat für 
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aquatische Organismen durch die Bodenpassage verbessert werden. Allerdings wurde in einigen 

Sickerwässern auch eine Zunahme der Toxizität gegenüber P. subcapitata beobachtet, was 

wahrscheinlich auf die Auswaschung von Metallen aus dem vorbelasteten Boden zurückzuführen ist. 

Die Qualität des Bodens als Habitat für terrestrische Organismen wurde durch die 

Abwasserbeaufschlagung für einige Testorganismen signifikant verschlechtert: für E. crypticus in s1, 

für A. globiformis in s2 und für A. sativa in s3, verglichen zum jeweiligen Boden ohne 

Beaufschlagung. Vor allem in den torfigen Böden s2 und s3 wurde die höchste Anreicherung von 

abwasserbürtigen Spurenstoffen sowie von Zink gemessen, was mit ihrer erhöhten 

Reinigungsleistung bezogen auf das Sickerwasser übereinstimmte. Allerdings konnte keine direkte 

Korrelation zwischen bestimmten Substanzen und den biologischen Effekten festgestellt werden. 

Auch eine theoretische Abschätzung der Effekte basierend auf den gemessenen 

Substanzkonzentrationen über den Toxic Units Ansatz erwies sich als nicht erfolgreich, weil 

ökotoxikologische Daten nur zu einem geringen Teil der analysierten Substanzen vorlagen. 

Insgesamt erwies der Versuch damit, dass die Verregnung von gereinigtem Abwasser zwar die 

Qualität des Abwassers verbessern kann, dies aber mit einer Beeinträchtigung der Bodenqualität 

einhergehen kann. Eine prospektive Risikobeurteilung von Abwasserverrieselung sollte daher 

fallspezifisch für das zu verwendende Abwasser und den entsprechenden Boden durchgeführt 

werden. Zur Beurteilung der Habitatqualität eignet sich eine Biotestbatterie, die unterschiedliche 

trophische Ebenen abdeckt, und bestenfalls durch in vitro Tests zum Feststellen spezifischer, 

sublethaler Effekte erweitert wird. Chemische Analytik ergänzt das Bild um das Verhalten von 

Substanzen, deren Konzentrationen nicht unmittelbar Effekte zeigen, und kann zum besseren 

Verständnis möglicher Ursachen für die beobachteten biologischen Effekte dienen. Eine kausale 

Verknüpfung von Ökotoxizität und Schadstoffen ist jedoch bei Umweltproben mit einer derart 

komplexen Zusammensetzung wie Abwasser und Boden kaum eindeutig möglich, so dass 

biologische und chemische Ergebnisse als sich gegenseitig ergänzende Informationen betrachtet 

werden sollten.  
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1. General introduction 

In the following chapter, the theoretical background and the ensuing objectives of the present thesis 

are stated. To start with, the scope of the thesis in the context of two research projects is introduced. 

Subsequently, the controversial discussion on the topic is summarised, complemented by the 

regulatory context and assessment approaches. Finally, the current state of research and the specific 

research objectives and hypothesis of the present thesis are provided. 

1.1.  Scope of the present thesis 

The overall aim of the present thesis was to assess and evaluate the ecotoxicological hazard of using 

treated wastewater for irrigation of soil and of sewage sludge as soil amendment. The work was 

financially supported by two independent projects which complemented each other well as they 

focussed on different products of municipal wastewater treatment:  

Questions related to treated wastewater were addressed within the project ELaN (“Entwicklung eines 

integrierten Landmanagements durch nachhaltige Wasser- und Stoffnutzung in Nordostdeutschland”, 

supported by the Federal Ministry of Education and Research, FKZ: 033L025F, duration: 1/2011 – 

12/2014), which aimed at developing an integrated land management through sustainable water and 

nutrient reuse in north-eastern Germany. The use of treated wastewater for cultivating energy crops 

and supporting the regional water balance, which in Germany is legally not provided for, was tested 

in an urban model site close to Berlin and a rural model site in Brandenburg. In particular, the present 

work intended to determine the environmental impacts in order to support the prospective risk 

evaluation and management process. Besides the results discussed in the present thesis and in the 

publications provided in annexes A.1.1 and A.1.4, field samples from the two model sites were 

assessed, firstly with water samples taken along the flow path of treated wastewater in the field, and 

secondly with soil before and after three summers of irrigation with treated wastewater. These results 

are available in the final project report (http://www.elan-bb.de) and will be published in an 

international journal (Balla et al., in preparation).  

Sewage sludge related questions were addressed in the project ROUTES (“novel processing routes 

for effective sewage sludge management”, supported by the European Union, Contract No 265156, 

FP7 2007-2013, THEME [ENV.2010.3.1.1-2], duration: 5/2011 – 4/2014) which intended to develop 

innovative system solutions for municipal sludge treatment and management. Advanced sludge 

treatment technologies were tested for their efficiency in degrading wastewater-borne pollutants and 

stabilising the final sludge. In particular, the present work intended at determining the quality of the 

differently treated sludges and broadening the knowledge on the ecotoxicity of sludge-associated 
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contaminants. Besides the results discussed in the present thesis and in annex A.1.2 and A.1.3, 

findings from additional experiments with sewage sludge samples are available in respective project 

reports (http://www.eu-routes.org) and in a congress book chapter (Coors et al., 2013). 

1.2. Motives and concerns in reusing treated wastewater and sewage sludge 

Water is of fundamental importance for maintaining landscape functions, for food production as well 

as for drinking water supply. Irregular precipitation, draughts and intensified agriculture (Botti et al., 

2009, Bedbabis et al., 2014) drive the need for irrigation in horticulture, crop production (Hamilton 

et al., 2007, Angelakis et al., 1999) and water demanding plants and energy crops (Dorta-Santos et 

al., 2014). In contrast, increasing drinking and domestic water consumption render groundwater too 

valuable for irrigation (Ilias et al., 2014). Particularly in arid zones, this trend makes a resource 

saving water management indispensable. Meanwhile, wastewater treatment plants (WWTP) 

especially in urban areas discharge high and relatively constant volumes of treated wastewater into 

surface waters (Fatta-Kassinos et al., 2011, Eggen et al., 2014). This discharge route ensures instant 

dilution of nutrients and wastewater-borne pollutants and thus minimises their risk to the 

environment.  

Treated wastewater possesses several characteristics that render it a potentially valuable resource for 

soil and landscape management (Hamilton et al., 2007, Muyen et al., 2011, Dorta-Santos et al., 

2014): Being continuously produced at WWTPs it can be an easily available water supply for nearby 

agriculture (Ternes et al., 2007, Graber and Gerstl, 2011, Ilias et al., 2014). Low productivity or 

abandoned land can be used cost-effectively for cultivation of energy crops such as willows or 

establishment of public green areas by applying treated wastewater for fertirrigation, i.e. fertilise and 

irrigate with one medium (Teijon et al., 2010, Dorta-Santos et al., 2014).  

An alternative application of treated wastewater is the management of wetlands or degraded fens 

(Hamilton et al., 2007). Preventing these landscapes from falling dry serves the natural storage of 

carbon dioxide and the conservation of a versatile landscape (Lischeid and Nathkin, 2011).  

During wastewater treatment, removal of pollutants is often incomplete. Some of the remaining 

pollutants are present at very low concentrations and are therefore called micropollutants. The 

conventional discharge of treated wastewater into surface waters releases micropollutants which may 

be harmful to the aquatic environment. In contrast, soil passage, i.e. the percolation through the soil 

body, can retain sorptive pollutants in the soil matrix and enhance pollutant removal by increasing 

the reaction surface for microbial degradation and encompassing aerobic as well as anaerobic 

conditions (Ternes et al., 2007, Scheurer et al., 2015). This process is made use of in constructed 

wetlands which are applied solely or as further purification step (Haberl, 2003, Cordy et al., 2004, 

Verlicchi and Zambello, 2014). 
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Globally, an estimated area of approximately 20 million ha is irrigated with raw or treated 

wastewater today (Hamilton et al., 2007). The use of treated wastewater for agricultural irrigation 

purposes is particularly important in arid regions like Australia, Israel or California (Muyen et al., 

2011, Hamilton et al., 2007). However, treated wastewater as additional source for landscape 

management has gained recent interest on the European Union (EU) level and triggered several 

research initiatives (COM, 2012, JRC, 2014). Particularly southern European countries like Spain, 

Italy and Greece examine the potential of reusing treated wastewater in different application schemes 

(Angelakis et al., 1999, Botti et al., 2009, Dorta-Santos et al., 2014, Ilias et al., 2014). In view of the 

increasing urgency of this issue, the European Commission aims at proposing a suitable EU-level 

regulation on common environmental and health standards for reused water by the year 2015 (COM, 

2012, JRC, 2014). 

In addition to wastewater, digested sewage sludge, the solid remains of wastewater treatment 

(WWT), is potentially valuable for land management (Fytili and Zabaniotou, 2008, Muyen et al., 

2011, Schowanek et al., 2004, Tyagi and Lo, 2013). Additionally, the costs of artificial fertilisers 

increase and are expected to rise particularly for phosphorus as this essential nutrient has limited 

natural storages in only few countries (Tyagi and Lo, 2013). Sewage sludge represents an 

inexpensive and widely available source of nutrients, primarily nitrogen, phosphorus, potassium, 

sulphur and magnesium but also organic matter important to improve drainage and water holding 

capacity of soils (Fytili and Zabaniotou, 2008). In Germany, sewage sludge of about 1.9 million t dry 

weight was produced in 2010, of which 53% was incinerated, 30% was used in agriculture and 17% 

for landscaping and land reclamation (Statistisches Bundesamt, 2013).  

Especially in regions where dung and manure from animals is not sufficient to meet the demand for 

organic fertiliser, sewage sludge can be a valuable and budget alternative (Petersen et al., 2003, 

Mousavi et al., 2013). In the USA and Canada, sewage sludge that meets certain criteria for use in 

agriculture, mainly related to pathogens and heavy metals, is named biosolids and its use as soil 

amendment is common practice (Topp et al., 2008). From an economic point of view, sewage sludge 

disposal to agricultural land is attractive for wastewater treatment plants as it is less cost intensive 

than incineration (Schowanek et al., 2004). Potential benefits of the reuse of treated wastewater for 

irrigating soil and improving regional water management and of sewage sludge for amending soil 

possesses are summarised at the end of this chapter (see Table 1). 

Notwithstanding the benefits of using treated wastewater and/or sewage sludge for irrigation and/or 

soil amendment, this practice meets increasing concerns, partly due to well-known problems, partly 

due to unknown risks. Long-term application of treated wastewater as practiced in arid regions like 

Israel, California and great parts of Australia can lead to salt accumulation causing plant growth 

inhibition and negative effects on soil structure (Muyen et al., 2011, Graber and Gerstl, 2011). On 
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soils where the passage time from surface to groundwater is particularly short, use of treated 

wastewater or sewage sludge can cause the breakthrough of salts into groundwater and thereby 

threaten drinking water production (Cordy et al., 2004, Postigo and Barcelo, 2015).  

Of increasing concern are hygienic, toxicological and ecotoxicological hazards related to the use of 

treated wastewater and sewage sludge on land (Angelakis et al., 1999, Malchi et al., 2014). While the 

contamination with heavy metals has been well studied and is regulated in most countries nowadays 

(Mousavi et al., 2013), worries mainly relate to the great number of micropollutants such as 

pharmaceuticals and personal care products (PPCPs) and their persistent break down products, whose 

environmental effects and risks to human health are not well understood yet (Daughton and Ternes 

1999, Muyen et al., 2011, Clarke and Smith, 2011, Eggen et al., 2014). In the following, the 

occurrence and potential hazards of wastewater-borne pollutants are shortly addressed. 

Pollution of wastewater and sewage sludge 

WWTPs are designed to remove major nutrients by turning nitrogen into bacterial biomass and by 

precipitating phosphorus from the water phase to counteract eutrophication of receiving waters 

(Ternes et al., 2004, Eggen et al., 2014). Municipal wastewater generally consists of a mixture of 

domestic and industrial wastewater and in case of so called mixed sewers also of stormwater, i.e. 

precipitation discharges (Eriksson et al., 2008). In Germany, 95% of the wastewater is treated in 

municipal WWTPs and mostly (>93%) passes tertiary treatment in the WWTP, i.e. a mechanical 

filtering (sand filter and sedimentation), nitrogen removal (a denitrification and a nitrification step) 

and phosphorous removal (precipitation, either biologically or by the addition of e.g. iron) (Ternes et 

al., 2004, UBA, 2013). The removal of micropollutants such as PPCPs during wastewater treatment 

(WWT) is thus a side-effect and can range from no to complete degradation depending on each 

substance (Ternes, 1998, Gros et al., 2010, Kosma et al., 2014). In the EU, about 100 000 different 

chemicals are registered (COM, 2001), of which many at some stage enter wastewater so that the 

contamination spectrum of raw and treated wastewater is potentially very large and diverse (Peysson 

and Vulliet, 2013, Eggen et al., 2014). Additionally, hospital effluents usually reach municipal sewer 

networks without preliminary treatment and thus represent an important immission source of a 

variety of pharmaceutically active compounds (Perrodin et al., 2013). 

Depending on their physic-chemical properties, residues and transformation products of 

contaminants partition into the solid phase, i.e. sewage sludge, or stay in the aqueous phase, i.e. 

effluent (Ternes et al., 2004).  

Treated wastewater can contain a multitude of hydrophilic, i.e. polar, ionised and water-soluble 

substances but usually in the range of µg/L to ng/L (Eggen et al., 2014). This poses challenges in 

view of their identification (what substances shall be monitored), quantification (need for analytical 
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methods with low detection limits) and characterisation (degradability, ecotoxicological effects) 

(Munoz et al., 2008, Teijon et al., 2010, von der Ohe, 2011). Pollutant residues released into the 

aquatic environment tend to persist in the water body, if they are not easily photochemically 

degradable in surface waters (Eggen et al., 2014). Even if micropollutants may be degraded 

eventually, they can be regarded as “pseudopersistent compounds” because of their continuous 

introduction in the environment (Hernando et al., 2006). Representative substances from different 

applications that are typically detected in treated municipal wastewater are depicted in Figure 1. 

 

Figure 1: Representative organic micropollutants from different applications and their mean 
concentrations in treated municipal wastewater measured at a Berlin WWTP from September to 
December 2012 (data available in Richter et al., 2015, Annex 1.4). A-corr = anticorrosive agent, 
RCA = radiocontrast agent, Sweet = artificial sweetener, Analg = analgesic agent, A-conv = 
anticonvulsant, FR = flame retardant, β-blo = beta blocker, UV-fil = UV-filter, PSY = psycho-active 
drug, A-biot = antibiotic agent, A-vir = antiviral agent, LR = lipid regulator, FUNG = fungicide, 
HERB = herbicide. 

 

Sewage sludge represents a sink particularly for sorptive substances with lipophilic character or 

positive charge due to its high content of organic matter (45% - 90%), which is a mixture of fats, 

proteins, carbohydrates (sugars, celluloses), lignin, amino acids, humic material, and fatty acids 

(Rogers, 1996, Clarke and Smith, 2011, Schowanek et al, 2004). The presence of heavy metals and 

persistent organic pollutants such as PAHs, PCBs, and EOX in sewage sludge at high concentrations 

(mg/kg) is well known (Eriksson et al., 2008, Mousavi et al., 2013). Besides these “classical 

pollutants”, an unknown number of organic micropollutants is retained in sewage sludge (Eriksson et 

al., 2008, Ternes et al., 2004, Clarke and Smith, 2011) e.g. of surfactants such as linear alkyl 

sulfonates (LASs) and quaternary ammonia compounds (QACs) (see Figure 2). The occurrence of 
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these emerging pollutants in sewage sludge is less well investigated than for effluent, due primarily 

to a lack of appropriate methodologies (Peyson and Vulliet, 2013). The challenge of analysing the 

chemical composition of sewage sludge lies in the complex solid matrix which obstructs the 

chemical measurement, necessitating elaborate and time-consuming sample preparation steps before 

the identification, quantification and characterisation itself (Rogers, 1996, Barron et al., 2008, Peyson 

and Vulliet, 2013).  

 

Figure 2: Representative organic pollutants in municipal secondary sewage sludge and their mean 
concentrations measured at a Rome wastewater treatment plant, April 2012 (data available in 
Braguglia et al., 2014, Annex 1.3). LASs = linear alkyl sulfonates, QACs = quaternary ammonia 
compounds, EOX = extractable organic halogens, PAHs = polyaromatic hydrocarbons, NPEs = 
nonylphenol ethoxylates, PCBs = polychlorinated biphenyls. 

 

Prior to its application on land, sewage sludge is typically treated by a combination of thickening, 

anaerobic digestion, composting, lime stabilization, dewatering and/or thermal drying (Schowanek et 

al., 2004, UBA 2013). This treatment aims at minimising odour potential, avoiding microbial health 

risks, and minimising sludge volume (Schowanek et al., 2004, Natal-da-Luz et al., 2011) but may 

also concentrate present pollutants and increase binding of micropollutants to sewage sludge and thus 

hinder further microbial degradation.  

Using sewage sludge as soil amendment leads to its dilution with soil; yet, heavy metals and other 

persistent organic pollutants may be retained in the soil and thus accumulate over time (Mousavi et 

al., 2013). Even for chemicals that degrade readily, if present in high concentrations and applied 

repeatedly, the soil concentrations may be significantly elevated (Harrison et al., 2006).  
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Ecotoxicological hazard of wastewater-borne pollutants 

The concentrations of active pharmaceutical ingredients measured in the environment are mostly 

significantly below the therapeutic doses necessary for human treatment. However, the sensitivity of 

non-target organisms in the environment to the comparatively low but permanent exposure to a 

mixture of pharmaceutical residues is still unknown for the majority of substances and their 

transformation products (Daughton and Ternes, 1999, Boxall et al., 2012). For several organic 

micropollutants, aquatic organisms are sensitive at very low concentrations. For example, the 

analgesic agent diclofenac, the anticonvulsant carbamazepine and the beta-blocker metoprolol were 

found to exert cytotoxicity in fish (Oncorhynchus mykiss and Cyprinus carpio) at environmentally 

relevant concentration of 1 μg/L (Triebskorn et al., 2007). Similarly, the antidepressant fluoxetine is 

toxic to green algae (Desmodesmus subspicatus) at concentrations close to those found in the 

environment (Oaks et al., 2010). Another group of great environmental relevance are antibiotics, due 

to their high biological activity but also in view of promoting selection of antibiotic resistant 

bacterial strains (Kools et al., 2008, Boxall et al., 2012). Besides pharmaceuticals, biocides may be 

hazardous to the environment as they are designed to eliminate living organisms such as bacteria or 

algae. The anti-fouling agents isoproturon, diuron and terbutryn prevent the growth of biofilms on 

wood and facades. When leached during rain into sewers or surface waters they constitute a severe 

risk to the aquatic environment (Quednow and Püttmann, 2007, Köck-Schulmeyer et al., 2013).  

Of recent concern is the risk from endocrine disruptors, i.e. substances which can affect the 

endocrine system. Estrogenically active compounds like androgen and estrogen hormones, e.g. 

estradiol and ethinylestradiol, are well removed by biological WWT mostly due to their lipophilicity 

related sorption to sludge. Thus, with few exceptions such as estrone, hormones are detected in 

treated wastewater at very low concentrations (e.g. lower than 7 ng/L, Daughton and Ternes, 1999, 

Joss et al., 2005, Leusch et al., 2014). Still, concentrations in wastewater receiving water bodies may 

affect wildlife, particularly fish (Henneberg et al., 2014). The artificial steroid 17α-ethinyl estradiole 

was shown to affect fish (Oncorhynchus mykiss, indicated by the estrogenic biomarker vitellogenin) 

at median effective concentration (EC50) between 0.95 and 1.8 ng L/1 (Thorpe et al., 2003). The 

plasticiser bisphenol A exerts estrogen activity at very low concentrations as e.g. observed in the 

formation of super females in freshwater snails (Marisa cornuarietis) and marine prosobranchs 

(Nucella lapillus) at 1 μg/L upwards (Oehlmann et al., 2000). Considering these findings on selected 

micropollutants, it is no surprise that treated wastewater often exerts direct ecotoxic effects in in vitro 

and in vivo biotests (Leusch et al., 2014). 

The spread of sewage sludge on agricultural soils has been controversially discussed for some 

decades mainly due to uncertainty about the risks associated with emerging pollutants transferred to 

soil (Peyson and Vulliet, 2013). In addition, leaching of sludge-associated pollutants to groundwater 
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and adjacent surface water can occur, mostly in case of water-soluble compounds and metabolites, 

but also via particle bound transport of sorptive substances (Schowanek et al., 2004, Topp et al., 

2008). 

Thus, sewage sludge application to soil may have negative impacts on soil microflora, terrestrial and 

aquatic organisms (Schowanek et al., 2004). Yet, the ecotoxicity of sewage sludge associated 

micropollutants toward soil fauna and flora has not been well studied so far (Natal-da-Luz et al., 

2009, Clarke and Smith, 2011, Roig et al., 2012). In the attempt to overcome this lack, aquatic data 

are sometimes used to roughly estimate effects to terrestrial organisms (Munoz et al., 2009).  

In summary, the application of treated wastewater and sewage sludge to land can potentially bear 

several hazards besides the before mentioned benefits (Table 1): 

Table 1: Beneficial and hazardous characteristics of treated wastewater and sewage sludge linked to their 
application in land management. 

Product Beneficial characteristics Hazardous characteristics 

Treated 
wastewater 

water resource for irrigation  salt accumulation in soil 

 nutrient resource for easily accessible 
nutrients 

leaching of nutrients and wastewater-borne 
pollutants to groundwater 

 continuously available as by-product from 
wastewater treatment 

retention in soil of wastewater-borne 
contaminants (mainly lipophilic and positively 
charged substances) 

 groundwater recharge and regional water 
balance support 

uptake of pollutants into crops for animal or 
human consumption 

 soil passage further reduces nutrient and 
pollutant input to surface waters 

transfer of pathogens to crops for animal or 
human consumption 

  negative effects of pollutants to terrestrial 
and aquatic organisms 

Sewage 
sludge 

rich in organic carbon negative effects on soil from high ammonia 
levels 

 rich in easily accessible nutrients leaching of nutrient surplus and sludge-
borne pollutants to surface and groundwater 

 continuously available as by-product from 
wastewater treatment 

accumulation in soil of sludge-borne 
contaminants (mainly heavy metals and 
lipophilic organic pollutants) 

 easy and cost efficient way of disposal uptake of pollutants into crops for animal or 
human consumption 

  transfer of pathogens to crops for animal or 
human consumption 

  negative effects of pollutants to terrestrial 
and aquatic environment 

 

1.3. Regulatory context 

While on the EU and German level, the use of sewage sludge as fertiliser and soil amendment is 

regulated, the use of treated wastewater in land management is not foreseen so that no respective 

regulation exists (JRC, 2014). Yet, there are several environmental Directives that should be taken 
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into account when considering other applications of treated wastewater than its common discharge 

into surface waters. 

Disposal of treated wastewater and sewage sludge in the EU and Germany 

On the European level, the quality of surface waters and groundwater is regulated by the European 

Water Framework Directive (WFD, 2000/60/EC), outlining measures to achieve a good hygienic, 

ecological and chemical status of water bodies. The directive envisages monitoring of currently 45 

priority substances (2000/60/EC, annex X; Directive on Environmental Quality Standards 

2008/105/EC, amended by Directive 2013/39/EU) including several heavy metals, industrial 

chemicals such as PAHs and PCBs, and some pesticides and biocides such as DDT, diuron and 

terbutryn. Environmental quality standards (EQS) for these substances define threshold 

concentrations that are considered safe for aquatic organisms and shall not be exceeded in surface 

waters. Further substances from the group of pharmaceuticals may be considered in the future, e.g. 

diclofenac, 17α-ethinylestradiol and 17β-estradiol (2013/39/EU). 

In Germany, wastewater has to be treated according to the current technical status before it is 

discharged into surface waters as stipulated since 1976 by the Federal Water Act (§ 57 WHG). 

Treated wastewater must not exceed specified nitrogen and phosphorous concentrations and the sum 

parameters chemical and biochemical oxygen demand. For the effluent discharge of certain industrial 

branches such as paper mills, chemical or food processing industry, the performance of bioassays on 

green algae, daphnia, fish and/or luminescent bacteria are requested by the Wastewater Ordinance 

(AbwV).  

German legislation on groundwater follows the “precautionary principle”, i.e. any deterioration of 

the quantity and chemical quality of groundwater is to be avoided (WHG §47). Threshold values are 

defined for some compounds, e.g. for heavy metals, nitrate, chloride, and sulphate, and for sum 

concentrations of biocides and pesticides (GrwV). The immission of other substances is only allowed 

if a negative effect on groundwater quality can be excluded (GrwV). The use of treated wastewater 

for irrigation and landscape management is currently not foreseen in Germany but is exceptionally 

practised in some cases with approval of the local water authority (Ternes et al., 2007, Lottermoser et 

al., 2012). 

The use of sludge in agriculture is encouraged by the current European sewage sludge directive as 

long as soil, vegetation, animals and humans are not threatened (86/278/EEC). Sludge should be 

applied via incorporation into soil, with restriction regarding the use in fruit and vegetable crops and 

on pastures. The directive requires that sludge is sufficiently treated, i.e. stabilised by biological, 

chemical or heat treatment or by long-term storage, and meets specified threshold values for heavy 

metals. According to German law, sewage sludge can be applied as fertiliser at a maximum volume 
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of 5 t dry weight per ha in three years (AbfKlärV, DüMV). If threshold values for heavy metals are 

exceeded or if it originates from industrial wastewater, sewage sludge may also fall under the Waste 

Framework Directive (2008/98/EC) and has to be disposed of by incineration. The testing of sewage 

sludge in bioassays is not a legal requirement at present.  

According to the European Waste Catalogue (2000/532/EC), waste should be characterised as 

hazardous or non-hazardous by considering chemical and ecotoxicological properties but no testing 

strategy for the criterion ecotoxicity has been defined and implemented so far (91/689/EEC, Coors et 

al., 2013). A list of useful ecotoxicological tests is, however, described in the guidelines CEN 14735 

(CEN, 2005) and ISO 15799 (ISO, 2003) and was evaluated in an international ring test (Moser and 

Römbke, 2009).  

On the European level, a common soil protection regulation comparable to that for the protection of 

water resources does still not exist. In Germany, the Federal Soil Protection Act (BBodSchG) 

together with the Federal Soil Protection and Contaminated Sites Ordinance (BBodSchV) stipulates 

that any deterioration of soil quality has to be avoided. Threshold values exist for several metals and 

classical organic pollutants (e.g. PAHs, PCBs, naphtaline, benzole and DDT) and the enrichment of 

soil with genotoxic, mutagenic, teratogenic or toxic pollutants shall be avoided (BBSchV, § 9). 

Alterations by agricultural usage are assumed acceptable if they comply with good agricultural 

practices (BBSchG, § 17). 

Environmental risk assessment of chemicals 

In the EU, the production and use of chemicals is controlled under the regulation (EU) No 900/2014 

REACH (“Registration, Evaluation, Authorisation and Restriction of Chemicals”) which addresses 

substances and their potential impacts on human health and the environment. The regulation applies 

to substances with a production or import quantity exceeding 1 ton per year, but implementation is 

proceeding stepwise and will not be completed before 2018. According to REACH, environmental 

risk assessment shall be carried out for the inland aquatic environment, the terrestrial environment 

and air, and the marine environment, and should proceed in the sequence of hazard identification, 

dose (concentration) - response (effect) assessment, exposure assessment and risk characterisation 

(EC, 2003).  

Exposure assessment can be performed using measured environmental concentrations (MEC) or 

estimating predicted environmental concentrations (PEC) by the use of models (EC, 2003). For dose-

response assessment, toxic properties of the substance should be identified and predicted no effect 

concentrations (PNECs) shall be determined. These PNECs are usually calculated by dividing the 

lowest short-term median effective concentration (EC50) or long-term no observed effective 

concentration (NOEC) by an assessment factor (AF) to account for uncertainty in extrapolation from 
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laboratory toxicity test data to the real environment (EC, 2003). The AFs usually range from 1000 for 

single EC50 to 10 if three NOECs from species representing different living and feeding conditions 

are available (EC, 2003). Acute aquatic toxicity is normally determined using a fish, a crustacean 

and/or an algal species to cover a range of trophic levels and taxa. Terrestrial tests on plants and soil 

organisms are not included in the primary test set but should be conducted if a potential risk to soil 

via sewage sludge has been identified or can be requested for biocides and for substances with a 

production volume of >100 t per year or particular application to soil (EC, 2003). 

Since 2003, biocide products such as disinfectants, preservatives, anti-fouling products, cooling 

fluids and insecticides are subject to licensing throughout Europe according to the Biocide 

Regulation (EU) No 528/2012. Since 2005, human and veterinary pharmaceuticals have to undergo 

basic environmental risk assessment for registration in the EU, too (EMEA 2006, 2008). The risk 

assessment differs from that within REACH by the tiered process that is followed, in which phase I 

considers exclusively environmental exposure while phase II, triggered by a PEC for surface waters 

of 10 ng/L, the environmental fate of the human pharmaceutical and its effects are considered (Oakes 

et al., 2010). Effects on aquatic macrophytes such as Lemna sp. are not required for the basic data 

set. Terrestrial ecotoxicity assessment is only required if the human pharmaceutical strongly sorbs to 

sewage sludge, as triggered by a KOC >10 000 L/kg (Phase II, Tier B, EMEA 2006). 

1.4. Assessing the ecotoxicological risk of complex samples 

An environmental risk can be expressed in various manners, e.g. qualitatively as absence or not of a 

specified risk, or quantitatively as probability estimation of a risk in a specified situation (Perrodin et 

al., 2013). Further, the perspective can be either predictive, dealing with a potential discharge of a 

substance or waste, or retrospective, dealing with an existing occurrence of a substance or complex 

contamination (Newman, 2009). The challenge in assessing the environmental risk of complex 

samples is that even if a broad set of chemicals is monitored, firstly, the selection may still omit 

certain relevant substances, and secondly, the ecotoxicity is unknown for many micropollutants 

(Beyer et al., 2014, Leusch et al., 2014). Therefore, various approaches to characterise the 

ecotoxicity of wastewater or sewage sludge are used depending on the focus of the study and the 

methods available (Sarakinos et al., 2000, Newman, 2009, Perrodin et al., 2013). 

Risk estimation based on single substance ecotoxicity 

Research on the chemical contamination of wastewater has evolved worldwide, resulting in 

comprehensive data sets. Based on these data, many studies attempt to predict the ecotoxicological 

effects of wastewater-borne pollutants or to rank their risk for the aquatic ecosystem (Kosma et al., 

2014, Valcarcel et al., 2011, Gros et al., 2010). To this aim, concentrations of single substances can 
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be divided by ecotoxicity data from standard biotests, i.e. median effective concentration (EC50) of a 

specific organism, to quantify potential effects of a substance detected in an environmental sample. 

This quotient is mostly referred to as toxic unit (TU) (Sarakinos et al., 2000). The cumulative toxicity 

of the sample can then be estimated by summing up the predicted effects of the single substances at 

their measured concentrations to yield the sum of toxic units (sum TUs).  

In principle, the sum TUs approach can be likewise applied to solid samples such as sewage sludge 

and the terrestrial compartment, then e.g. referred to as risk-characterisation ratios (Munoz et al., 

2009, Chen et al., 2012). However, due to the lack of sediment and terrestrial effect data, it is feasible 

for only few substances. To overcome the lack of effect data, they can also be estimated based on 

aquatic effect data and partitioning assumptions based on the distribution between solid and water 

phase (Hernando et al., 2006, Munoz et al., 2009). 

Testing the habitat quality of environmental samples 

Given that chemical characterisation of treated wastewater or waste can hardly cover all pollutants 

present in the sample, meeting certain threshold values for priority substances does not always 

suffice to exclude negative impacts of the sample on the environment. Therefore, whole effluent 

toxicity (WET), i.e. survival, growth and reproduction of representative test organisms in effluent, 

has to be assessed in many countries like the USA, Australia, Japan and Europe, as summarised in 

detail by Power and Boumphrey (2004). Normally, a primary producer (e.g. algae), a primary 

consumer (e.g. crustaceans) and a secondary consumer (e.g. fish) are used to depict different trophic 

levels (Chapman, 2000), while in research in vitro tests are often applied, too (Leusch et al., 2014, 

Tang et al., 2014, Henneberg et al., 2014).  

A number of biotest batteries has been proposed in the literature for different objectives and 

matrixes, mainly relating to wastewater (Persoone et al., 2003), sediments (Hollert et al., 2002, Höss 

et al., 2010, Kienle et al., 2013), wastes (Pandard et al., 2006), and soils, sludges and composts 

(Moser and Römbke, 2009). Particularly for solid matrices, the advantage of whole sample testing is 

that effects are integrated over all present compounds without the need to identify them and to 

determine their total and bioavailable concentrations (Perrodin et al., 2013). However, assessing the 

integrated environmental effects of treated wastewater application to soil, i.e. on both the aqueous 

and the terrestrial habitat, has so far only been requested in theory (Schowanek et al. 2004) but 

apparently not been applied to real situations yet.  

1.5. Integration of the present work into the current state of research 

In the following, the current state of research is summarised that was the background for the 

experimental studies conducted for the present thesis. 
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Ecotoxicity of three antimycotics and a surfactant 

Antimycotics or fungicides as they are called in agriculture are applied to inhibit the growth of fungi 

(Zarn et al., 2002). Due to their versatile application as pharmaceuticals in human and veterinary 

medicines, as preservatives in cosmetics, and as biocides and pesticides, antimycotics fall under 

various regulations (Coors et al., 2014). One group of antimycotics among many are azoles, namely 

triazoles and imidazoles, containing three and two nitrogen atoms, respectively, in their heterocyclic 

ring of five members (Lamb et al., 1999).  

Azole antimycotics are designed to inhibit the fungal lanosterol 14α-demethylase, a cytochrome 

P450 monooxigenase, which catalyses the formation of ergosterol (see Figure 3), the major 

component of fungal membranes (Lamb et al., 1999). Hence, they are also called demethylase 

inhibitors (Maltby et al., 2009). However, demethylation-catalysing P450 enzymes are highly 

conserved throughout many taxonomic kingdoms where they are involved in the biosynthesis of bulk 

sterols important for membranes such as cholesterol in humans and other animals and phytosterols in 

plants (Lamb et al., 2001, Hassold and Backhaus, 2009). Consequently, azole antimycotics have the 

potential to display different modes of actions in different non-target organisms. 

 

Figure 3: Demethylation of lanosterol catalysed by lanosterol 14α-demethylase. 

 

In animals and humans, azoles may interfere with the steroid balance, i.e. the hormonal system, via 

the inhibition of aromatase (CYP19, precisely CYP19A1) (Lamb et al., 1999, Zarn et al., 2002, 

Matthiessen and Weltje, 2015). Therefore, endocrine disruption is a side effect intensively discussed 

in the context of antimycotic drugs in human medical treatment (Trösken et al., 2004). Likewise, not 

only bulk sterols but also the hormonal system can be affected in higher plants and possibly also in 

algae, because cytochrome P450 catalyses the first step in the conversion of ent-Kaurene into 

physiologically active gibberellins, i.e. phytohormones relevant for cell elongation (Kiseleva et al., 

2012).  
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Today, azoles are detected frequently and globally in various environmental matrices (Kahle et al., 

2008, Lindberg et al., 2010, Chen et al., 2013, Sabourin et al., 2011), with the actual pattern 

depending on their regional usage and the dominance of agricultural, municipal or hospital activities 

(Trösken et al., 2004). In Switzerland for example, 17 azole fungicides were registered in 2008 for 

agricultural use, and 14 azole antimycotics for pharmaceutical use (Kahle et al., 2008). Particularly 

azoles applied in antimycotics, biocides and cosmetics finally end up in municipal WWT, where they 

are degraded to different degrees depending on their molecular properties. While the non-degraded 

residues of polar azoles will stay in the water phase, i.e. in the treated wastewater, those of lipophilic 

azoles will rather partition to the solid phase, i.e. sewage sludge (Lindberg et al., 2010, Casado et al., 

2014). For example, a Swedish research project monitoring the occurrence and fate of antimycotics 

during WWT found that 53% of the marketed fluconazole appears in the treated wastewater, while 

35% of the marketed ketoconazole appears in the sewage sludge (Lindberg et al., 2010). 

Consequently, azole antimycotics enter the aquatic environment via effluent but also the terrestrial 

environment via the application of sewage sludge to soil, as demonstrated e.g. for climbazole, 

clotrimazole and miconazole (Chen et al., 2013). However, knowledge on the ecotoxicological 

effects of many antimycotics to assess their environmental risks is often lacking or limited to very 

few aquatic organisms (Hassold et al., 2009).  

Against this background, three azole antimycotics, namely fluconazole, climbazole and 

ketoconazole, which are frequently detected in municipal wastewater (0.02 to 0.44 µg/L, Macikova 

et al., 2014, Wick et al., 2010, Casado et al., 2014) and sewage sludge (50 to 4450 µg/kg d.w., 

Garcia-Valcarcel and Tadeo, 2011, Wick et al., 2010) were selected as model substances to 

characterise their ecotoxicity in the present work. At the beginning of the experimental work for the 

present theses (in 2011), little data on their ecotoxicity was available from peer-reviewed studies.  

Fluconazole, a triazole used in the systemic and topical treatment of human fungal infections against 

most Candida species (EMA, 2012), is marketed in 130 countries world-wide and in the EU is 

registered as product “Diflucan” and currently under revision to harmonise prescribing information 

(EMA, 2012). Ketoconazole, an imidazole used as broad-spectrum antifungal agent, whose oral 

administration for humans has been recently suspended but that remains authorised as topical 

antifungal agent in the EU (EMA, 2014), is characterised as potential endocrine disruptor, triggering 

a phase II environmental risk assessment due to be performed (EMA, 2014). Simultaneously, 

ketoconazole is registered as preservative in freely available cosmetics (with maximum concentration 

of 1% in rinse-off and leave-on products and of 2% in anti-dandruff shampoos). Climbazole, an 

imidazole likewise registered as preservative in topical cosmetics and personal care products such as 

anti-dandruff shampoos (with maximum concentration of 0.5% in rinse-off and leave-on products 

and of 2% in anti-dandruff shampoos), is registered under REACH with a production volume of 10 t 
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– 100 t/a (ECHA website, accessed 01.02.2015) and characterised as potentially persistent. In the 

present work, the papers in annex A.1.1 and A.1.2 focus on this topic. 

Another group of micropollutants that is regularly found at high concentrations in treated wastewater 

and particularly in sewage sludge is the group of QACs. They are used in numerous consumer 

products and in the food and health care industries for cleaning, sanitizing, and disinfecting surfaces. 

As cationic surfactants (synonym with detergents) they reduce surface tension and form micelles, 

allowing dispersion in a liquid. Thus, they exert no specific antibacterial activity (as other 

disinfectants) but rather disturb the cytoplasmic membrane of bacteria and the plasma membrane of 

yeast and can also interact with intracellular targets and bind to DNA (Gerba, 2015). They inhibit 

growth of algae, bacteria, spores and fungi at concentrations between 0.5 and 5 mg/L, and cause 

lethal effects at concentrations of 10 to 50 mg/L (Gerba, 2015). Thus, they can also be applied as 

fungicides (Maltby et al., 2009). The mode of action of QACs appears to be adsorption to and 

penetration of the cell wall, reaction with the cytoplasmic membrane, followed by membrane 

disorganization and finally leakage of intracellular material and cell wall lysis (Gerba et al., 2015).  

Due to their salt character, they form cations consisting of a central nitrogen atom with four attached 

organic groups, and anions usually being chlorine or bromine (Gerba, 2015). As expected by their 

great consumption volumes, QACs are commonly contained in wastewater (up to 0.5 µg/L) and 

sewage sludge (up to 25 mg/kg d.w.) of municipal, industrial and hospital wastewater (Martinez-

Carballo et al., 2007, Chen et al., 2014). Among the QACs, benzyldimethyldodecyl-ammonium 

chloride (BDDA), the C12-homologue (i.e. their main alkyl chain consists of 12 carbon atoms), is 

often the most prominent QAC in sewage sludge (Clara et al., 2007). BDDA is registered as existing 

biocide in the EU (http://ec.europa.eu/environment/chemicals/biocides/ 

pdf/list_participants_applicants_subs.pdf, accessed 26 January 2015). Despite indications that 

antimicrobial activity of QACs is highest for the homologues C12 to C16 (Gerba, 2015), little specific 

ecotoxicity data on BDDA were available at the beginning of the present thesis. In the present work 

the paper in annex A.1.2 dealt with this topic. 

The environmental risk of individual pollutants to terrestrial organisms is normally assessed via 

standard biotests, i.e. in standard soil without the application of sewage sludge. However, this 

neglects that the exposure will be via a sewage sludge matrix and that there may be substance-

specific interaction with sludge and soil which can directly affect degradability, bioavailability and 

thus ecotoxicity of the substance (Eriksson et al., 2008). Hence, the transferability of standard effect 

data to predicting the impact at the field scale has been questioned (Schowanek et al., 2004, Natal-

da-Luz et al., 2012, Golstejn et al., 2014) and is another focus of the present thesis treated in annex 

A.1.2.  
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Ecotoxicity of sewage sludge 

As sorptive and poorly degradable pollutants can concentrate in sewage sludge during WWT, sewage 

sludge can transfer them to the terrestrial habitat when applied as soil amendment. In soil, 

wastewater-born pollutants can be sequestered  to sludge and soil particles, can be transformed or 

fully degraded, can leach to groundwater, or can be taken up by plants, soil flora, microorganisms 

and soil fauna (Eriksson et al., 2008, Langdon et al., 2010). While in former years, concern was 

related mostly to the accumulation of heavy metals in soils and their uptake by crop plants (Carbonell 

et al., 2009), uncertainty today relates to emerging pollutants and their risks to food safety, water 

resources and soil quality, resulting in the ban of agricultural usage of sewage sludge in some 

member states or regions of the EU (Fytili and Zabaniotou, 2008, Tyagi and Lo, 2013).  

Against this background, technologies in sewage sludge treatment are developed and optimised 

aiming at a better degradation of wastewater-born pollutants and thus a better ecological quality of 

the sludge (Ramirez et al., 2008). Quality in terms of ecotoxicity of sewage sludge cannot 

satisfactorily be assessed via the sum TUs approach because analytical methods in sludge and soil 

matrices are limited (Mantis et al., 2005) and terrestrial effect data are widely lacking, as discussed in 

detail by Schowanek et al. (2004). Therefore, assessing the ecotoxicity of sewage sludge is best 

approached by whole sample testing using a biotest battery (Mantis et al., 2005). A range of studies 

have successfully used different biotest batteries for the characterisation of single pollutants, sewage 

sludge quality or classification of waste (Hund-Rinke and Simon, 2004, Pandard et al., 2006, Moser 

and Römbke, 2009, Natal da Luz et al., 2009, Roig et al., 2012). This focus is treated in the paper in 

annex A.1.3.  

Environmental impact of treated wastewater irrigation 

Research on wastewater reuse for irrigation or aquifer recharge has focussed mainly on risks toward 

humans, i.e. on groundwater pollution threatening drinking water production (Cordy et al., 2004, 

Valcarcel et al., 2011, Postigo and Barcelo, 2015), transfer of pathogens and antimicrobial resistance 

genes (Dalkmann et al., 2012, Fatta-Kassinos et al., 2011, Graber and Gerstl, 2011) and on the 

uptake of pollutants into crops (Chefetz et al., 2008, Dalkmann et al., 2014, Grossberger et al., 2014, 

Prosser and Sibley, 2015).  

Thus, mostly the removal of wastewater-borne pollutants during soil passage was studied (Ternes et 

al., 2007, Matamoros et al., 2008), whereas few attempts have been made to accommodate the risk of 

wastewater irrigation for the soil compartment (Munoz et al., 2009). Long-term monitoring may 

accompany irrigation practices and find already manifested effects retrospectively. Some cases such 

as former sewage farms around Berlin or Mexico City, where intensive irrigation with wastewater 

was practiced for almost 100 years, are well investigated regarding soil contamination (Filip et al., 
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1999, Lottermoser, 2012, Dalkmann et al., 2012). However, causal links of the soil quality to the 

irrigation water quality cannot be drawn because land use and the composition of wastewater 

changed substantially over the decades. As a result, the potential environmental impact of irrigation 

with treated wastewater cannot be extrapolated from the existing data.  

A prospective approach to assess the environmental impact can be the use of risk quotients to 

estimate the effects on the terrestrial habitat from concentrations of single contaminants in the 

effluent, as proposed by Munoz et al. (2009). However, given the scarce availability of effect data for 

micropollutants particularly for terrestrial organisms, this is a rather inaccurate method. Moreover, 

positive effects from nutrient input from treated wastewater that potentially interacts with or masks 

negative effects from pollutants are not considered. Thus, there seems to be a methodological gap in 

experimentally assessing the impact of treated wastewater irrigation on both the soil and water 

habitat affected. This topic was dealt with in the paper in annex A.1.4. 

1.6. Objectives and hypotheses of the present thesis 

The present thesis aimed at analysing the environmental risks of reusing treated wastewater and 

sewage sludge in land management on scales of increasing ecological relevance and with different 

ecotoxicological methodologies: Characterisation of the ecotoxicity of single wastewater-born 

pollutants; estimation of the cumulative toxicity of environmental samples based on pollutants 

detected and effect data; comparative assessment of the ecotoxicity of sewage sludge from advanced 

treatment technologies; and investigation of the integrated impact of long-term treated wastewater 

irrigation on water and soil habitat quality. The different research foci are graphically illustrated in 

Figure 4. 

Depending on the objective, the bioassays were selected to represent major trophic levels and 

taxonomic groups of the ecosystem (climbazole ecotoxicity and effects of wastewater irrigation), to 

represent particularly sensitive organisms, here plants (fluconazole, ketoconazole, BDDA), or to 

detect differences in ecotoxicity on a screening level (sewage sludge samples).  
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Figure 4: Research foci of the present thesis together with annex in which there are treated (A.1 to A.4).  
WW = treated wastewater; SSl = sewage sludge.  

 

In detail, the objectives and hypotheses of the thesis were: 

I. Characterising the ecotoxicity of the antimycotic agent climbazole:  

 This antimycotic agent has similar effects on non-target organisms as agricultural azole 

antimycotics. 

 The toxicity of the ionisable substance changes in dependence of the test soil’s pH value.  

To this end, the effects of climbazole toward a broad range of test organisms representative for the 

aquatic (green algae, cyanobacteria, water lentils, water fleas and zebra fish) and the terrestrial 

(oats, oilseed rape, bacteria, spring tails and enchytraeids) ecosystem were characterised. The 

results are described in the paper “Ecotoxicity of climbazole, a fungicide contained in anti-

dandruff shampoo” (annex A.1.1).  

II. Investigating the toxicity of the antimycotic agents fluconazole, climbazole and ketoconazole and 

the surfactant BDDA toward terrestrial and aquatic plants:  
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 Fluconazole, ketoconazole and likewise BDDA exert similar plant growth retarding 

symptoms as observed for climbazole. 

 Comparing among the substances, they exert increasing aquatic and decreasing terrestrial 

toxicity with increasing lipophilicity of the molecule. 

 The incorporation of biosolids (i.e. digested sewage sludge) alleviates effects toward 

oilseed rape, particularly of the sorptive substances ketoconazole and BDDA. 

Based on previous findings (A.1.1) plants were expected to be particularly sensitive toward azoles 

and suspected to be sensitive to QACs. Therefore, the toxicity of the four test substances toward 

water lentils as aquatic and oilseed rape as terrestrial plant was investigated. Furthermore, the 

influence of simultaneous sewage sludge amendment to soil on the phytotoxicity of these 

pollutants was examined and results are described in the manuscript “Phytotoxicity of wastewater-

born micropollutants – characterisation of three antimycotics and a cationic surfactant” (annex 

A.1.2). 

III. Assessing comparatively the ecotoxicological quality of differently treated sewage sludges: 

 Biotests allow differentiating the toxicity-reducing effects of advanced treatment methods 

and identification of the most suitable method. 

 Observed toxic effects correlates with measured pollutant concentrations, allowing the 

identification of pollutants responsible for observed effects. 

Novel technologies for sewage sludge digestion were developed by project partners to achieve a 

better quality of the final sludge. Samples of these processes were assessed by chemical analysis 

and two screening bioassays with terrestrial organisms (bacteria and earthworms). Results are 

described in the paper “Quality assessment of digested sludges produced by advanced 

stabilization processes” (annex A.1.3). 

IV. Assessing the habitat quality of soil and water after long-term irrigation with treated wastewater 

of different soils: 

 The model system allows predictive assessment of effects from prolonged irrigation on 

water and soil quality. 

 Soil passage removes pollutants from treated wastewater, depending on the pollutant and 

on the soil characteristics. 

 Passage through soils with pre-contamination deteriorates wastewater quality, 

particularly at the onset of irrigation. 
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 Soils retain sorptive wastewater-borne pollutants, particularly in carbon rich soils.  

 Habitat quality of the treated wastewater is improved by soil passage while that of soil is 

deteriorated after the percolation as assessed by aquatic and terrestrial bioassays. 

 Negative effects in bioassays correlate with those predicted by the toxic unit approach. 

Effects of long-term treated wastewater irrigation on the habitat quality of soil and water were 

simulated applying a soil column-experiment and using chemical analyses and a range of aquatic 

(green algae, water lentils and water fleas) and terrestrial (oats, oilseed rape, bacteria, spring tails, 

enchytraeids and earthworms) bioassays. Results are described in the paper “Assessing the 

ecological long-term impact of wastewater irrigation on soil and water based on bioassays and 

chemical analyses” (annex A.1.4). 
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2. General discussion 

In this chapter the central results presented in Annex A.1 are discussed in the context of the current 

state of research. To start with, the main findings of each publication are summarised. Subsequently, 

the methodologies applied are scrutinised for their strengths and weaknesses and the relevance of the 

results obtained is critically discussed. Moreover, common and alternative routes of disposing and 

reusing treated wastewater and sewage sludge are compared with respect to their environmental 

effects. The chapter ends with general conclusions and an outlook for future research. 

2.1. Main findings 

In the following, the main results of the present work are summarised briefly; detailed descriptions 

are provided in the publications in Annex A.1. 

The standard ecotoxicity tests on climbazole (Annex A.1.1) revealed the following: 

 The antimycotic agent climbazole is similarly ecotoxic as agricultural azole fungicides.  

 Aquatic toxicity of climbazole is moderate to high for the five organisms tested, affecting 

them at measured concentrations of 11 mg/L and below. Median effective concentrations 

(EC50, collated in Figure 7, left) range from 11 mg/L for Daphnia magna (immobility after 48 

hours), to 5.8 mg/L for fish embryos (mortality after 48 hours), 0.12 mg/L for the diatom N. 

pelliculosa and 0.16 mg/L for the green alga P. subcapitata (biomass yield inhibition after 72 

hours). Among the tested organisms, the aquatic plant L. minor is most sensitive with an EC50 

of 0.01 mg/L (biomass yield inhibition after 7 days).  

 Terrestrial toxicity of climbazole is low to moderate for the five organisms tested (EC50 

collated in Figure 7, right). No toxicity toward the collembolan F. candida and the 

enchytraeid E. bigeminus was detected in chronic reproduction tests at concentrations of up 

to 1000 mg/kg d.w. while for the soil bacterium A. globiformis, low toxicity occurs (EC50 of 

456 mg/kg d.w. regarding inhibition of dehydrogenase activity). Plants are the most sensitive 

terrestrial organisms with an EC50  of 19 mg/kg d.w. for A. sativa and of 31 mg/kg d.w. for B. 

napus (inhibition of yield shoot biomass after 14 days).  

 Displayed effects in plants were reduced stem elongation in B. napus and reduced leaf (frond) 

size in L. minor, symptoms typical for some azole fungicides and plant growth retardants. 

This suggests that climbazole not only interferes with the biosynthesis of bulk sterols but also 

specifically with the metabolism of phytohormones, presumambly gibberellins and 

brassinosteroids. 
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 Climbazole exerted increasing phytotoxicity with increasing soil pH while the influence of 

soil organic carbon content was comparatively low. The greater toxicity is likely related to 

the greater neutral fraction of climbazole at basic pH (above its pKa). 

 

  
Figure 5: Median effective concentrations (EC50) of climbazole in the tested aquatic (left) and terrestrial 

organisms (right). Aquatic EC50 referring to recovery corrected concentrations. In E. bigeminus 
and F. candida, no effects were observed at ≤1000 mg/kg d.w. 

 

The phytotoxicity of the sludge-associated azole antimycotics fluconazole, climbazole, ketoconazole 

and the quaternary ammonium compound benzyldimethyldodecylammonium chloride (BDDA) 

(Annex A.1.2) was characterised as follows:  

 All four chemicals are highly toxic toward the aquatic plant L. minor, whereas fluconazole 

and climbazole, the most hydrophilic compounds, are moderately, and ketoconazole and 

BDDA only slightly toxic toward the terrestrial plant B. napus. 

 All four substances are very toxic toward L. minor with EC50 for yield frond number 

(recovery corrected concentrations, collated in Figure 8, left) increasing from fluconazole to 

BDDA, ketoconazole and climbazole with 0.97 mg/L, 0.30 mg/L, 0.06 mg/L and 0.01 mg/L, 

respectively. 

 Terrestrial phytotoxicity increases from ketoconazole to BDDA, climbazole and fluconazole 

with EC50 (collated in Figure 8, right) of 578 mg/kg d.w., 222 mg/kg d.w., 11 mg/kg d.w. and 

9.2 mg/kg d.w., respectively, regarding the most sensitive endpoint shoot biomass (fresh 

weight).  

 One reason for the comparatively low terrestrial toxicity of ketoconazole and BDDA may be 

their biodegradation during the plant test which was not reflected in their EC50 referring to 
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nominal soil concentrations. Moreover, lipophilicity of ketoconazole and positive charge of 

BDDA probably lead to their strong sorption to soil and thus low bioavailability. 

 The soil amendment with sludge (biosolids) at a realistic rate of 3.8 g/kg d.w. (corresponding 

to 5 t/ha) had no detectable effect on the phytotoxicity of test substances determined in soil 

without sludge amendment. Yet, the bioconcentration factor from soil to shoot (BCFB. napus 

shoot) was found to be significantly reduced by the sludge amendment. 

 Fluconazole and ketoconazole can be assumed to interfere with the phytohormone balance as 

they exhibited growth retarding symptoms similar to those of climbazole.  

 It can be concluded that standard biotests conducted without extra sludge amendment are 

sufficiently realistic to assess the effects of sludge-born organic micropollutants on terrestrial 

plants. 

 

  
Figure 6: Median effective concentrations (EC50) of BDDA, ketoconazole, climbazole and fluconazole in the 

plants L. minor (left) and B. napus (right). Recovery corrected values for L. minor regarding yield 
frond number; values for B. napus regarding shoot biomass from tests with (asterisk) and without 
sludge (biosolids) amendment to soil at 3.8 g/kg d.w. (grey circles). 

 

Assessment of the ecotoxicity of differently treated sewage sludge (Annex A.1.3) exhibited the 

following results: 

 The selected bioassays, avoidance behaviour of earthworms (E. fetida) and dehydrogenase 

activity of bacteria (A. globiformis), indicated differences in the quality of the sludge 

samples.  

 All digested sludge samples showed negative effects only at concentrations (i.e. dilutions 

with soil) exceeding those from common European application rates (i.e. 2 t/ha with 20 cm 
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soil mixing depth) by at least factor 30 (E. fetida) and factor 100 (A. globiformis), 

respectively. 

 From the detected pollutants, only concentrations of naphthalene, triclocarban and 

carbamazepine significantly correlated with the toxicity to A. globiformis. A better (negative) 

correlation was found between the toxicity to A. globiformis and the stability of the sludges 

(as ratio of volatile to total solids). 

 

Evaluation of the impact of long-term wastewater irrigation on the soil and water habitat quality by 

means of lab-scale soil columns (Annex A.1.4) gave the following insights: 

 The treated wastewater used as feed to percolate the soil columns exhibits moderate to high 

phytotoxicity toward L. minor and P. subcapitata. The passage through the three field soils 

and the reference standard soil reduces phytotoxicity, particularly in case of the two carbon-

rich field soils. Neither wastewater nor percolates affect survival of D. magna.  

 Chemical analysis demonstrates that soil passage of wastewater considerably reduces many 

of the wastewater-borne organic pollutants. Parallel to the reduction of phytotoxicity, the 

highest removal rate occurs in percolates of the two carbon-rich, peaty soils. Other 

wastewater-born pollutants, however, are not or only to a minor rate removed by soil 

passage. 

 After passage through certain soils, toxicity to P. subcapitata increases compared to the 

wastewater feed. This effect is likely related to mobilisation and leaching of existing soil 

contamination, e.g. the metals nickel, copper and aluminium. 

 The habitat quality of two field soils and the reference soil is deteriorated after the 

percolation with treated wastewater for at least one terrestrial test organism (deterioration 

compared to respective untreated soil of 73% for E. crypticus in soil s4, of 50% for A. 

globiformis in soil s2 and of 13% for A. sativa in soil s3). In contrast, the quality of two field 

soils improves after percolation with treated wastewater for two test organisms (improving of 

26% for oats in soil s2, of 74% for B. napus in soil s2 and of >100% for E. crypticus in soil 

s1).  

 Significantly increased soil concentrations after percolation with treated wastewater are 

found for zinc (up to 300%) as well as for a range of organic pollutants (e.g. benzotriazole, 

carbamazepine, tramadol, diclofenac, venlafaxine and metoprolol detected at >30 µg/kg d.w. 

in soil s3, with <5 µg/kg d.w. in untreated soils). The higher retention in carbon-rich soils 

compared to the sandy soils matches the higher removal efficiency observed for these soils.  

 These observations underline that the impact of wastewater percolation on the soil quality 

depends on the interaction of soil characteristics, pollutant properties and test species-specific 
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sensitivity. In general, high removal efficiency of a soil, i.e. low leaching potential of 

wastewater-borne pollutants to groundwater, can come with a high retention of pollutant 

residues in soil and thus the deterioration of soil habitat quality. 

 

2.2. Usefulness of the applied methodologies 

In the following chapter, the methodologies applied in the present work for testing and evaluating 

ecotoxicity are scrutinised. 

Single substance testing approach 

Characterising the ecotoxicity of a substance as requested for its marketing authorisation follows 

well established and recognised test guidelines with standard test organisms. The aim of these 

bioassays is to investigate the quality of effects and to establish a concentration-response curve 

between an effect and a series of concentrations. This was the main objective of the bioassays with 

climbazole (A.1.1) and with fluconazole, ketoconazole and BDDA (A.1.2).  

Technical difficulties can arise when testing sorptive substances. Measured concentrations in 

aqueous test solutions should normally range within 80% - 120% of nominal concentrations (OECD 

23, 2000) in order to maintain stable concentrations during the test. However, this was not the case 

for BDDA and ketoconazole in the L. minor tests (A.1.2). For BDDA, a preliminary test had 

demonstrated high losses during the test so that a semi-static test design with two intermittent 

renewals of test solutions was chosen for the final test (A. 1.2). Nevertheless, the overall recovery 

was only 44% of the nominal concentrations. For ketoconazole, its low water solubility necessitated 

the use a solvent for the preparation of the stock solution. A semi-static test design would have been 

advisable but could not be accomplished in the present work due to project-related time scales. To 

what degree the low recovery of BDDA and ketoconazole was due to sorption or to degradation 

could not be elucidated by the limited sampling scheme. However, it can be assumed that 

degradation at least contributed as supported by literature on their degradability in WWTPs (Zhang et 

al., 2011, Peng et al., 2012). 

In terrestrial tests, recovery analysis of test concentrations is usually not requested because the soil 

matrix itself renders chemical analyses laborious and recoveries in soil are usually rather low (Barron 

et al., 2008, Peyson and Vulliet, 2013). Moreover, field exposure will usually originate from point 

sources such as pesticide or sludge application, so that the administration of test substance only at 

test start and a potential decline in soil concentrations during the experiment can be regarded as 

realistic scenario. Yet, especially in case of sorptive or degradable substances, the nominal EC50 

certainly underestimates their terrestrial toxicity as will be true for ketoconazole and BDDA (A.1.2). 
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Another critical issue in standard plant testing (OECD 208, 2006a) applied in the present work (A.1.1 

and A.1.2) is that it does not simulate contaminant exposure from irrigation with treated wastewater. 

From irrigation, the exposure will rather be continuous with low but constant concentrations that 

would be better covered by e.g. assessing plant growth in semi-static hydroponic cultures (Tanoue et 

al., 2012). This test design, however, was out of the scope of the present work.  

Another important aspect in the ecotoxicity assessment of azoles, which are usually weak bases, is 

their pH dependent ionisation (see A.1.1 and A.1.2). The relationship between the charge of the 

molecule and its toxicity can be explained by various models (Escher et al., 2006, Kah and Brown, 

2007). Yet, estimating the neutral molecule fraction present at the very site of uptake into the 

organism is not trivial because the pH usually shifts during the bioassay and depends on the location 

of measurement in the test medium (Rosenkrantz et al., 2013, Altenburger et al, 2010). For example, 

the pH probably differs between the test medium and the cytosol of algae and water lentils, or the 

bulk soil, the rhizosphere, the cytoplasm and vacuole of plants (Neuwoehner and Escher, 2011, 

Trapp, 2000). Moreover, finding a buffer to maintain a stable pH during the test that does not interact 

with the test substance or inhibit the performance of the test organism is necessary (Altenburger et 

al., 2010, Rendal et al., 2011, 2012). However, refined measurement of pH gradients in the test 

medium and soil were beyond the scope of the present work.  

In terrestrial ecotoxicity testing, the standard procedure of applying test substance to standard soil for 

simulating contaminant exposure via sewage sludge can be questioned. It was suggested that toxicity 

can be severely influenced by the organic carbon content of the soil (Golstejn et al., 2014) and by the 

addition of extra carbon from sewage sludge or biosolids (Schowanek et al., 2004). Therefore, the 

biosolids amendment of test soil in the present work aimed at assessing the differences between 

standard tests and this realistic exposure scenario (A.1.2). Yet, the complexity of a realistic exposure 

could not be covered in the present test design. For example, the method of spiking the test 

substances to the sludge is crucial for the translation of exposure concentrations into effects as 

demonstrated e.g. for the extractability of metals in soil (Natal da Luz et al., 2011. Moreover, aging 

of the spiked biosolids plays a role as it can lead to enhanced sequestration of pollutants in the solids 

(Rogers 1996). Further, the biosolids to pollutant ratio also determines the influence on effects; it 

will probably be higher at a high sludge to pollutant ratio as also found for the transport behaviour of 

pharmaceuticals in biosolids-amended soil (Borgman and Chefetz, 2013).  

Cumulative toxicity estimation approach 

As explained in chapter 1.4, the ecotoxicity data of single-substance bioassays as retrieved in A.1.1 

and A.1.2 can be used to estimate the cumulative toxicity of environmental samples. For industrial 

effluents, where contamination is characterised by few substances at high concentrations, predicted 
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effects based on the sum TU approach can be in good accordance with observed effects (Sarakinos et 

al., 2000). Likewise, the sum TUs method has been used for assessing the environmental risk of 

municipal wastewater, with a focus on pharmaceuticals (Hernando et al., 2006, Gros et al., 2010, 

Valcarcel et al., 2011, Kosma et al., 2014) and pesticides (Köck-Schulmeyer et al., 2013). However, 

the risk estimations obtained in these studies have not been confirmed by experimental evidence. 

Moreover, care has to be taken in comparing risk quotients with TUs, as risk quotiens are rather 

conservatively estimated based on PNECs (Hernando et al., 2006), while TUs are based on EC50 

data. Thus, a TU >1 would indicate a detrimental effect of 50% or in 50% of an exposed cohort, 

whereas a risk quotient >1 would indicate that a risk toward the ecosystem cannot be excluded 

(Hernando et al., 2006). Generally, applying the sum TUs approach to predict effects of a complex 

sample has limitations as described for the effluent and percolate samples in A.1.4: 

Firstly, characterising the environmental pollutant exposure in terms of quality (which substances?) 

and quantity (what concentration?) will always be connected with uncertainty because even the most 

thorough analysis can account for only a fraction of all potentially present chemicals and thus may 

ignore toxicity relevant substances (Valcarcel et al., 2011, Magdeburg et al., 2014, Tang et al., 2014). 

If non-target analysis is used as supplement to screen for unknown substances and transformation 

products, identifying and quantifying the candidates remains sophisticated and laborious (Munoz et 

al., 2009, Wick et al., 2010, Krauss et al., 2010). Analysis in different environmental matrices 

involves identification and quantification of the respective substances in complex media with matrix 

properties that often influence the analytical method used, such as organic carbon content or high 

salinity (Rogers, 1996, Daughton 2004, Peysson and Vulliet, 2013). To eliminate matrix effects, 

extraction and concentration steps and the selection of solvents prior to instrumental analysis are 

often required (Barron et al., 2008, Wick et al., 2010, Casado et al., 2014). Thus, chemical analysis 

of environmental samples is always selective, depending on the choice of pollutants to be analyzed as 

well as their detection limits (Valcarcel et al., 2011). Also the characterisation of environmental 

water samples is not unambiguous because concentrations can either refer to the dissolved 

substances, i.e. determined in filtered samples, or include particle bound substances, i.e. determined 

in unfiltered samples, which is usually much greater for sorptive substances such as BDDA and other 

QACs (Kreuzinger et al., 2007). 

Secondly, the availability of effect data for detected substances is limited particularly with regard to 

pharmaceuticals and ingredients of personal care products (Gros et al., 2010, Munoz et al., 2008, von 

der Ohe et al., 2011, Kosma et al., 2014) as discussed for the wastewater percolates in A.1.4. This 

general lack of ecotoxicity data for micropollutants is unlikely to be overcome in view of the 

continuous development of new chemicals and active substances (Valcarcel et al., 2011). Available 

effect data are mostly restricted to acute toxicity to algae, daphnia and fish (Gros et al., 2010). 



USEFULNESS OF THE APPLIED METHODOLOGIES 

 

 

 

 
 28 

Studies on other organisms or endpoints often possess little reliability because their methodology is 

insufficiently reported, not freely available, and not comparable to other studies (Munoz et al., 2008). 

Moreover, particularly heavy metal toxicity is hard to quantify under different environmental 

conditions as their speciation and complexation varies with the physico-chemical parameters of the 

medium (Florence, 1982, Birsan and Luca, 2010). Despite the long history of intense research on the 

fate and effects of heavy metals (Allen et al., 1980, Seco et al., 2003, Smolders et al., 2009, 

Stravinskene and Grigorev, 2012) and many conceptual approaches to model their effects in 

dependence of physico-chemical properties by biotic ligand models, validated modelling tools are 

available for only a few metals and organisms (Paquin et al., 2002, Erickson, 2013). Therefore, and 

because only a limited set of water parameters was available for all samples, the sum TUs calculation 

in A.1.4 could not adequately account for the quantitative influence of heavy metals on the observed 

effects. Not reflected in the sum TUs approach is further the interaction of different pollutants with 

each other and with other medium constituents such as nutrients. 

Thirdly, the correlation of total measured concentrations with observed effects may exist for the 

aquatic samples (Sarakinos et al., 2000) but rarely for soil and sediment samples, because the 

substances may be unavailable for uptake (e.g. due to strong adsorption onto clay or organic particles 

or by sequestration inaccessible soil pores) (Didden and Römbke, 2001, Sarkar et al., 2010). 

Therefore, the sum TUs approach has rarely been applied for solid samples such as soil. Munoz et al. 

(2009) propose to use risk-characterisation ratios to assess the ecotoxicological risk of wastewater 

irrigation toward the terrestrial ecosystem; yet, most terrestrial effect data are modelled from aquatic 

effects so that this approach is linked to some uncertainty. 

In conclusion, the results of the present work add further evidence that assessing the cumulative risk 

via the sum TUs approach is currently insufficient to describe or predict environmental effects as 

occurring in treated wastewater and sewage sludge.  

Environmental sample testing approach 

By subjecting an environmental sample as a whole to bioassays, the environmental risk of all 

pollutants present in the sample and their possible interaction is taken into account, irrespective of 

knowledge of their identity and quantity. Thereby, “whole sample” testing improves the realism of 

the risk assessment compared to single substance testing and the sum TUs approach so that the 

findings possess high ecological relevance. Yet, it has to be noted that not the absolute ecotoxicity of 

an environmental sample is determined, but its habitat quality for a certain organism (Moser and 

Römbke, 2009, Feiler et al., 2013) and that habitat quality integrates over physical, biological and 

chemical properties of the sample, so that toxicants are only one among other factors. However, as 

mentioned for the TUs approach, chemical analyses alone are likewise selective as they depend on 
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matrix characteristics (e.g. organic carbon content, salinity) and on analytical techniques applied (e.g. 

extraction method and solvent type) (Barron et al., 2008, Daughton 2004, Peysson and Vulliet, 

2013). 

The selection of bioassays for a test battery generally depends on the objective: If the environmental 

hazard of a sample to the receiving ecosystem is assessed, bioassays will be chosen to investigate 

potential effects on important taxonomic and functional organism groups of this ecosystem. Crucial, 

however, is to warrant that the biotest system or organism is not inhibited by the matrix properties, 

and if so, that this effect is accounted for by normalising results of a test soil to an appropriate control 

soil or medium (Hund-Rinke and Wiechering, 2001, Aruoja et al., 2004). For interpreting the results, 

a certain level of effects has to be agreed upon to be acceptable (Moser and Römbke, 2009). In 

contrast, if changes in the ecotoxicity of a sample with roughly known pollution are to be assessed, 

then bioassays will be selected that are known to respond to the suspected pollutants in the given 

concentration range (e.g. water lentils to herbicides or molluscs to endocrine disrupting pollutants) 

(Kienle et al., 2013, Magdeburg et al., 2014).  

A further drawback is that in the absence of effects, results cannot be extrapolated to other time 

scales, sample dilutions or organisms. To overcome this problem, aqueous samples can be 

concentrated via solid-phase extraction as it is usually done for in vitro testing (Magdeburg et al., 

2014); yet, by this procedure many polar substances may be ignored.  

Overall, results from whole sample testing have to be interpreted context specific and care has to be 

taken when transferring conclusions to other sites and samples (Moser and Römbke, 2009). 

Representativeness of selected bioassays 

Bioassays used in the present work did not attempt to find the most sensitive test organism for each 

individual sample set but generally followed standardised test protocols to attain comparable and 

representative observations. Applied test organisms are illustrated in Figure 9. 

The bioassay selection for measuring the ecotoxicological quality of sewage sludge and for 

comparison among differently treated sludge samples (A.1.3) was guided by literature 

recommendations on testing of sludge (Natal da Luz et al., 2009) and waste (Moser and Römbke, 

2009, CEN 2011), but was simultaneously restricted by the volume and numbers of samples 

received. Therefore, two small-volume and short-term tests were selected with soil organisms 

representative for soil fauna and microflora exposed to biosolids amendment, namely earthworms 

and bacteria.  
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Lemna minor  
(water lentil) 

Pseudokirchneriella subcapitata  
(green alga) &  

Navicula pelliculosa  
(diatom) 

Danio rerio eggs  
(zebrafish) 

 

 Daphnia magna  
(water flea) 

 

   
Avena sativa  

(oats) 
Brassica napus  
(oilseed rape) 

Arthrobacter globiformis  
(bacterium) 

   
Folsomia candida  

(springtail) 
Enchytraeus crypticus  

(enchytreid) 
Eisenia fetida  
(earthworm) 

   

Figure 7: Illustration of test organisms used in the bioassays of the present work. Photos by ECT. 

 

Inhibition of dehydrogenase activity in A. globiformis can be seen indicative for early and subtle 

effects in soil microflora as the bacterium is one of the most commonly found strains in soils 

(Rönnpagel et al., 1998). Moreover, A. globiformis is representative for many bacteria genera as it is 
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aerobic facultative anaerobic, thus being able to live in soil and sediment, and gram-positive gram-

variable, thus integrating over gram-positive bacteria (which are e.g. especially sensitive toward 

heavy metals) and gram-negative bacteria (which perform nitrification) (Rönnpagel et al., 1998). 

Still, inhibition of enzyme activity is not a lethal endpoint so that effects on the soil microbial 

community can potentially recover from temporal pollutant exposure (Carbonell et al., 2009).  

Earthworm avoidance testing is suitable for small sample volumes and high throughput of samples, 

and as it refers to a key organism for terrestrial litter decomposition, the results have high ecological 

relevance (Moser and Römbke, 2009). Avoidance by ≥80% is defined as the threshold value that 

indicates a limited habitat function for the test soil (ISO 17512-1, 2010). Avoidance behaviour, in 

contrast to mortality or reproduction, is not a standard endpoint within chemical risk assessment, but 

can be used for screening as it was demonstrated to be more sensitive than acute earthworm mortality 

(Moser and Römbke, 2009) and similarly sensitive as reproduction for many chemicals (e.g. Cd, Cu, 

PCP, TBT, TNT) (Hund-Rinke et al., 2005, Natal de Luz, 2004). However, not all contaminants 

seem to induce avoidance in earthworms (Reinecke et al. 2002). Therefore, these two tests are 

suitable as screening tests but for reducing uncertainty, also chronic bioassays should be performed 

to assess long-term impacts from sludge amendment to soil.  

The terrestrial bioassays selected for testing the wastewater percolated soils (A.1.4) are well adapted 

to the assessment of contaminated soils and wastes (Moser and Römbke, 2009, Jänsch et al., 2005). 

As recommended for the assessment of soil quality (ISO 15799, 2003), the applied tests cover 

different trophic levels important for the functioning of the ecosystem (primary producers, destruents 

and decomposers) and important taxonomic groups (mono- and dicotyledonous plants, bacteria 

representing soil microflora, annelids and arthropods representing soil mesofauna).  

Negative effects from the percolation with treated wastewater were observed on A. globiformis, A. 

sativa and E. crypticus in different soils. Enchytraeids which belong to Annelida, Oligochaeta, play a 

key role in the functioning of soil ecosystems, mainly processes such as decomposition and 

bioturbation of organic matter, are present in a wide range of ecosystems and come into contact with 

the solid, the gaseous as well as the aqueous phase of the soil. Therefore, enchytraeids are 

representative for many soil organisms and are used as indicator organisms for environmental stress 

(Didden and Römbke 2001). Plants as primary producers are indispensable for a functioning 

ecosystem, comprising soil microflora such as algae as well as higher plants. In contrast to soil fauna 

that are exposed to pollutants via dermal contact with soil solution and ingestion of solids, higher 

plants are able to actively change their close environment (rhizosphere) by the excretion of acids or 

chelates which shall enhance nutrient supply but may also facilitate pollutant uptake. Moreover, their 

fine root hairs intensively penetrate the soil so that the exposed root surface is very large (Trapp, 

2000). Translocation of pollutants from roots to the shoot seems to be most efficient for compounds 
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of intermediate polarity (Briggs et al., 1982) because highly hydrophilic compounds are less able to 

cross hydrophobic membranes, while highly lipophilic compounds are retained in the root lipids 

(Tanoue et al., 2012).  

Whole effluent toxicity testing (WET) bioassays are widely applied and often used to monitor the 

quality of industrial waste water (Sarakinos et al., 2000, Warren-Hicks et al., 2000, de Vlaming et al., 

2000, Maltby et al., 2000). Strategies, benefits and limitations of WET have been intensely discussed 

over some decades (Power and Boumphrey, 2004). Chapman (2000) reviewed WET and points out 

that they may be overprotective (due to their conservative design, the absence of exposure alleviating 

processes, and sensitivity to non-contaminant effects), underprotective (due to more sensitive species 

and endpoints, occurrence of multiple stresses in receiving environment, and food chain effects), or 

offer an uncertain level of protection (intermittent doses and mixtures in the environment, 

adaptations, and hormesis). Therefore, Chapman (2000) concluded that WET tests should not be seen 

as precise predictors of effects in the receiving surface water but rather as indicators identifying 

hazards. The same should be true for the present findings (A.1.4). As pre-tests with treated 

wastewater in the present work had shown negative effects on algae but no toxicity to fish embryos, 

the latter test was removed from the test battery and a test on water lentils was added. Assessing 

acute toxicity to D. magna was included in the biotest battery for the wastewater percolation 

experiment because crustaceans could have indicated heavy metal leaching from the soils as was 

observed for leachates of metal containing wastes (Seco et al., 2003).  

To answer the question which bioassays are suitable for assessing the ecotoxicological effects of 

effluent irrigation on water and soil, a number of trials have to be repeated with the same bioassays, 

soils and effluent source. Then, the effects compared to the response variance of each test could be 

better evaluated and recommendations given tailored to fit the needs of the application (Magdeburg 

et al., 2014, Margot et al., 2013, Escher et al., 2014). For example, redundancy of test results could 

be analysed via multivariate analyses (Pandard et al., 2006) in order to define a limited set of 

bioassays with optimal value of information. Based on the present study, no reduction but rather an 

inclusion of further bioassays to detect substances with specific modes of action appears necessary. 

In vitro bioassays for example can detect specific modes of action at low concentration levels 

(usually after sample enrichment via solid phase extraction) and with high throughput. Yet, they are 

not available for all modes of action, they are unable to accurately predict whole organism effects 

and lack environmental relevance and regulatory acceptance (Leusch et al., 2014).  

Evaluation of results from different approaches 

Effects from single substance testing are usually described quantitatively, i.e. as percent inhibition at 

a given concentration in relation to the response in the control medium (e.g. by EC50), or 
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qualitatively, i.e. as statistically significantly different response of organisms exposed to a test 

concentration compared to organisms in a control medium (e.g. by NOECs). In the present work, 

ECx were determined to characterise the toxicity of the investigated antimycotics and BDDA (A.1.2) 

and of the sludge sample quality (A.1.3), to compare toxicity among substances or samples, and to 

relate effects to measured environmental concentrations (MECs) for a preliminary environmental risk 

assessment.  

Assessing the quality of environmental samples mostly aims at determining whether or not the 

sample differs from that of a control or reference substrate, as done for the sludge sample effects to 

E. fetida (A.1.3) and for the water and soil samples before and after wastewater percolation through 

different soils (A.1.4). In the context of effluent and waste testing, however, an effect can also be 

regarded significant by exceeding a specified magnitude of inhibition, so called toxicity thresholds or 

toxicity criteria (Römbke and Egeler, 2009, ISO 17616, 2008, Höss et al., 2010). Results are often 

expressed in Lowest Ineffective Dilution values (ISO, 2006). These values have been defined for 

each test system separately on the basis of experience and round robin tests (ISO 17616, 2008, Moser 

and Römbke, 2009, Höss et al., 2010), and are e.g. specified as 20% for the acute Daphnia test, 25% 

for Lemna and algae, 30% for the plant test and bacteria tests and 50% for the reproduction tests with 

earthworms, collembolans and enchytraeids (ISO 17616, 2008) or 80% for the earthworm avoidance 

test (ISO 17512-1, 2010). For the assessment of natural sediments, toxicity thresholds of 60%, 25% 

and 20% were proposed for enzyme activity of bacteria (A. globiformis), reproduction of 

oligochaetes (Lumbriculus variegatus) and growth of macrophytes (Myriophyllum aquaticum), 

respectively, based on evaluation of the minimum detectable difference per test (Höss et al., 2010). 

Applying these threshold values for the effects on habitat quality observed in the soils after 

percolation with treated wastewater (A.1.4), the 13% deterioration for plants in soil s3 and the 26% 

improving for plants in soil s2 can thus be regarded as not ecologically relevant, despite the 

statistically significant difference compared to the respective untreated soil. In contrast, the 

deterioration of habitat quality found for bacteria in soil s2 (50%) and for enchytraeids in the 

reference soil s4 (73%) clearly lie above the respective threshold values. This underlines the 

ecological relevance of the detected habitat deterioration of the peaty soils by wastewater 

percolation. 

2.3. Relevance of retrieved findings 

In the following, the environmental relevance of the findings retrieved in the present work will be 

discussed. 
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Environmental relevance of tested substances 

The antimycotics climbazole, ketoconazole and fluconazole and the surfactant BDDA were shown to 

be highly phytotoxic having chronic aquatic effective concentrations in the µ/L range. Compared to 

available data on concentrations measured in the environment (A.1.1 and A.1.2), no immediate risk 

appears to be indicated; yet, the margin of safety under the described conditions is narrow. Among 

the four test substances, the greatest risk for the aquatic compartment seems to be connected to 

climbazole, while for the terrestrial compartment the greatest risk can be expected for BDDA.  

Growth of primary producers appears to be a very sensitive endpoint for the azole antimycotics, as 

discussed in A.1.1. In Figure 10, reduced stem elongation, curled leaves and growth retardation in B. 

napus resulting from fluconazole treatment is illustrated, i.e. symptoms which are typical for the 

inhibition of gibberellin and brassinosteroid phytohormones (Rademacher, 2000, Rajalekshmi et al., 

2009, Oh et al., 2012. 

 

Figure 8: Morphological effects of fluconazole on B. napus at test end. A: Treatment concentrations ranging 
from 1-81 mg/kg soil d.w. (C1 to C5), KON = control. A’: leaf at 3 mg/kg soil d.w.; A’’: leaf at 9 
mg/kg soil d.w.; B: plant at 81 mg/kg soil d.w; (from Richter et al., submitted, A.1.2). 

 

While organisms such as D. magna or fish embryos seemed to be less sensitive than plants at the 

short term time scale (A.1.1), the reproduction of crustaceans and molluscs has been demonstrated to 

be affected at similar azole concentrations as plant growth (Hassold and Backhaus, 2009, Janer et al., 

2006). This may be explained by the existence of two modes of action of azoles that lead to the 

observed effects in both plants and animals: acute effects linked to the disturbance of bulk sterols 

important for membrane stability, and chronic, more sensitive and more substance-specific effects 

linked to the disturbance of phytohormones and the endocrine system (Crane et al., 2006, Lamb et 

al., 2001).  



GENERAL DISCUSSION 

 

 

 

 
35  

Interestingly, the fungicidal effect of azoles seems to be related not to their specificity for fungal 

CYP enzymes but rather to the availability of these enzymes in the organism. This hypothesis is 

supported by the observation that the fungicides triadimenol and tebuconazole are only threefold 

more effective against purified CYP51 from fungi compared to that from plants (Lamb et al., 2001). 

While fungi possess rather few and thus more essential CYP51 enzymes, the multiplicity of CYP51 

enzymes in plants can probably better mitigate negative inhibitory effects (Lamb et al., 2001). Thus, 

the usage-specific classification of an azole as agricultural pesticide, antifungal drug, or 

antiestrogenic agent conceals their common mode of action (Trösken et al., 2004) and their potential 

hazards to the environment as well as to humans.  

Also indirect effects can be expected from azole antimycotics, e.g. leaf litter breakdown by aquatic 

shredder organisms (Zubrod et al., 2011). Via changing the fungal species composition on the leaves, 

the fungicide tebuconazole affects Gammarus fossarum already at µg/L concentrations (Zubrod et 

al., 2011). While these effects are not investigated regularly they let assume that also other ecosystem 

functions may be disturbed at trace azole concentrations. Hence, current environmental risk 

assessment that does not require testing fungi or macrophytes may provide insufficient protection for 

azole antimycotics and fungicides.  

As azoles are ionisable substances, their toxicity is dependent on their degree of ionisation because 

the membrane permeability of the charged molecule is assumed to be by orders of magnitude lower 

than that of the neutral compound (Rendal et al., 2012). Ionisation follows a logarithmic curve; 

hence, a small change in the pH of the test medium can strongly affect the percentage of neutral 

molecule (Rendal et al., 2012). This is illustrated for the weak bases climbazole and ketoconazole 

(Figure 11) getting more and more cationic at acidic pH, i.e. below their acidity constant (pKa), the 

inflection point of the curve at which 50% of the molecules are neutral. In contrast, BDDA is 

permanently cationic in aqueous solution, whereas fluconazole with pKa values at 2.5, 2.9 and 11.0 

(Correa et al., 2012) is a zwitterion that is neutral at environmentally relevant pH ranges.  
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Figure 9: Partitioning of climbazole and ketoconazole into neutral and cationic molecules depending on the 
pH of the test medium. 

 

In case of climbazole, 50% of the molecules are neutral at pH 7.5 (climbazole’ s pKa) while at pH 6.5 

and 5.5., a marginal percentage (9% and 1%, respectively) are uncharged according to the 

Henderson-Hasselbach equation (see A.1.1). As demonstrated in A.1.1, phytotoxicity of climbazole 

is indeed significantly higher at basic soil pH, presumably due to the lower fraction of the strongly 

sorbing cation. Results retrieved from standard bioassays at a specific pH may thus not be 

representative for nature, where the pH in surface waters can fluctuate between pH 6 and 9 (Rendal 

et al., 2011, Oaks et al., 2010). The pH of natural soils may cover pH 3 to 10, with agricultural soils 

in humid regions ranging mostly between pH 4 to 7 (Scheffer/Schachtschabel, 2010). 

Regarding the fourth model substance, the QAC BDDA, little data on ecotoxicity can be found, 

especially for terrestrial organisms (Kreuzinger et al., 2007). However, Kreuzinger et al. (2007) came 

to the conclusion that at least for aquatic and sediment dwelling organisms, risks from QACs cannot 

be excluded. 

In the preliminary environmental risk assessment conducted in the present work, the test substances 

were assessed on an individual level (A.1.1, A.1.2). Yet, together with the tested azoles and BDDA 

there occur many other azoles and QACs sharing similar structures and modes of action in surface 

water or sewage sludge (Kahle et al., 2008, Trösken et al., 2004, Kreuzinger et al., 2007). Besides 

households, agricultural practice can be a source of fungicides (Ochoa-Acuna et al., 2009) whereas 

QACs can enter surface water additionally from the effluent of paper mills or swimming pools 

(Gerba, 2015). Toxicity of a mixture of pollutants can mostly be well predicted by the concentration-

addition concept (Coors et al., 2014, Spurgeon, 2010). However, azoles may display different 
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mixture toxicity patterns in combination with pyrethroid insecticides. On the one hand, high 

concentrations of azoles potentiate the toxicity of pyrethroids by inhibiting their detoxication via 

monooxigenases (enzymes responsible for the phase I metabolisation of lipophilic compounds) 

(Cedergreen, 2014). On the other hand, at low concentrations azoles seem to induce the activity of 

monooxygenase P450, thus alleviating the toxicity of pyrethroids (Cedergreen, 2014). Similarly, 

growth stimulating, hormetic effects were observed for low concentrations of a mixture of 

pharmaceuticals and personal care products (fluoxetine, propranolol, triclosan, zinc-pyrithione, and 

clotrimazole) to marine periphyton (Backhaus et al., 2011). Thus, predicting effects of azole 

antimycotics present in treated wastewater or sewage sludge as sum of their individual toxicity is 

related with uncertainty as it may over or underestimate their risk to the environment. 

Also surfactants such as the QAC BDDA may interact with other pollutant groups. On the one hand, 

they can promote the uptake of other organic pollutants through biological membranes thereby 

creating a toxicokinetic synergistic interaction (Coors et al., 2014). On the other hand, the toxicity of 

the cationic QACs can be reduced in nature by the presence of anionic detergents due to neutralising 

their binding strength (Kümmerer et al., 2004). Further, QACs have also been found to stimulate 

microbial activity in soils when present at low concentrations (Sarkar et al., 2010). Hence, the effects 

of BDDA detected in an environmental sample of complex composition may differ from its toxicity 

estimated simply on its measured concentration. 

Another concern related to environmental pollution is the evolution of resistance of the target 

organisms to the respective drugs or biocides. However, despite the widespread use of antimycotics 

and fungicides, the potential of fungi for developing resistance appears to be comparatively low. 

Only for fluconazole, the selection of fluconazole resistant Candida spp. strains among clinical 

isolates seems to be of increasing importance (Hof, 2008). Similarly, the development of resistance 

against QACs like BDDA seems rather unlikely considering their mostly nonspecific action and 

multi-target nature (Gerba, 2015). However, QACs can induce membrane efflux pumps that in some 

cases help bacteria to gain adaption against certain antibiotics. Thus, facing the widespread use of 

QACs, the development of bacteria with decreased sensitivity to antibiotics is of current concern 

(Gerba, 2015). 

Relevance of findings for land application of sewage sludge 

As found in the present work and discussed in A.1.4, it seems valid to assess effects on terrestrial 

plants of sludge-associated pollutants by standard bioassays, i.e. without adding sludge to the test 

substrate. Moreover, it was observed that sludge treated by advanced technologies had a comparable 

ecotoxicological quality as conventionally treated sludge and that its toxicity rather depended on its 

stability than the concentrations of single pollutants (A.1.3). Similar findings are reported for effects 
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of differently treated sewage sludge on plant root elongation and bacteria luminescence (Roig et al., 

2012) or plant growth (Ramirez et al., 2008) which did not correlate to total heavy metal or organic 

pollutant concentrations of the solids. This can probably be attributed to the strong binding of 

pollutants to the solids so that total measured concentrations give little information on bioavailable, 

toxicity relevant concentrations. From literature and from the findings of the present work (A.1.3) it 

can be concluded that stability of municipal sludge is of greater influence on sludge ecotoxicity than 

the total pollutant load. Consequently, sludge stabilisation processes such as advanced anaerobic-

aerobic combined treatments or further composting appear to be more effective for the reduction of 

ecotoxicity than optimising degradation of single pollutants on a marginal scale.  

All the digested sludges investigated in A.1.3 posed no immediate ecotoxicological risk to the test 

organisms, with a safety margin between concentrations that caused effects (50% and >80% for A. 

globiformis and E. fetida, respectively) and average sludge application rates in Europe (i.e. 2 t/ha, 

EC, 2010) of at least factor 30 (see A.1.3). However, applying assessment factors to extrapolate the 

results to the ecosystem analogously to the common environmental risk assessment procedure used 

for chemical substances, factor 100 to 1000 would probably be appropriate, given that only two 

organisms and only short-term exposure were tested (EC, 2003). As the retrieved safety margins 

were in the same range (30 to 100), the present test results cannot exclude long-term ecological 

effects on other organism groups or soil functions from land application of the respective sludges. 

Comparable studies found that sludge originating from olive-processing or electroplating industry 

was toxic for plants, collembolans and earthworms, respectively, at realistic application rates, while 

municipal sludge was found non-toxic (Natal-da-Luz et al., 2009). However, it can be hypothesised 

that realistic application rates of municipal sludge may have negative effects on plants (Ramirez et 

al., 2008) in case of applying sludge amendment in soil restoration or for forage crops or 

pasturelands, where it is often not deeply mixed with the soil.  

However, the presence of sludge-associated pollutants in soil does not necessarily manifest in distinct 

negative effects in the soil ecosystem. A plant growth stimulation effect of sewage sludge is usually 

observed at low doses as was observed in A.1.2 for growth of B. napus and found in similar studies 

(Petersen et al., 2003, Ramirez et al., 2008). This enhancing effect of nutrient addition can mask 

negative effects which become evident only when nutrients have been consumed but soil pollution 

persists (Ramirez et al., 2008), as demonstrated for e.g. triclosan and methyl triclosan accumulation 

in earthworms (Macherius et al., 2014).  
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Transferability of wastewater irrigation experiment 

The lab-scale experiment of percolating wastewater through soil columns (A.1.4, depicted in Figure 

12) was designed to simulate effects from long-term irrigation on the soil and water habitat quality in 

a condensed time scale of three months.  

 

Figure 10: Soil column construction used to percolate four different soils with treated wastewater. (Pre-
experiment depicted, using control and test solution as feed with three column replicates each). 

 

Per day, a volume of 10 L percolated a soil surface area of 363 cm2, corresponding to an irrigation 

rate of 276 L/m2*day (equivalent to mm precipitation) and a total irrigation of 21,220 L/m2 over 77 

days experiment duration. This percolation regime was chosen based on the rate applied on 

experimental field sites of the project ELaN as well as on common percolation rates reported in 

literature. For long-term wastewater irrigation in agriculture a rate of approximately 500 L/m2*year 

is applied on sandy soils at Braunschweig, Germany (Ternes et al., 2007). Likewise, an average of 

495 L/m2*year is used for irrigation in Spain (Munoz et al., 2009). Similarly, treated wastewater was 

irrigated at a rate of 2 L/m2*d on a field with reed cultivation in the ELaN project (corresponding to 

365 L/m2*year assuming irrigation during 6 months per year). Compared to this irrigation regime, 

the total volume of 770 L applied per soil column would simulate 29 years of continuous or 58 years 

of summer irrigation. As the lab-scale experiment had to condense the time scale, its daily irrigation 

rate was approximately 140-fold higher than common practise. Compared to the field situation, the 

removal efficiency of wastewater-borne pollutants may thereby be underestimated because a lower 

irrigation rate and thus higher residence time of wastewater in soil may increase sorption via 
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sequestration into soil particles (Dalkmann et al., 2014, Verlicchi and Zambello, 2014). Furthermore, 

little time was allowed for microbial attack during percolation, for microbial adaptation to take place 

and influence of plant coverage was excluded (Dalkmann et al., 2014, Li et al., 2014, Verlicchi and 

Zambello, 2014). However, the intense irrigation may have also overestimated degradability of 

pollutants because when they occur at trace concentrations, microorganisms usually prefer more 

easily available carbon sources than pollutants (Verlicchi and Zambello, 2014, Grossberger et al., 

2014). Thus, results of the lab-scale experiment cannot predict the exact situation under field 

conditions but rather indicate trends that are likely to occur. 

A shortcoming in the column experiment was the omission of technical replicates, i.e. columns per 

soil type. Further, the four soils differed not only in general characteristics (e.g. pH, OC, clay 

content) but also in pre-existing pollutant concentrations. Thus, only one soil, LUFA 2.3 (s4) had no 

specific anthropogenic influence prior to the experiment, whereas one soil (s1) could be regarded as 

contaminated site, one (s2) as having moderate and one (s3) having low anthropogenic pollution. 

However, pollution patterns of old contamination encompassed mostly metals and classical organic 

pollutants while that of new contamination comprised mainly emerging micropollutants such as 

PPCPs. Thus, chemical analyses could discriminate between retention of new and leaching of old 

contaminants. Yet, effects in bioassays were the sum of both interacting processes. For future 

experiments it would therefore be advisable to apply more column replicates per soil to retrieve a 

better understanding of the interaction of soil and water properties.  

A further limitation was that the retention of pollutants could not be assessed by layers but as average 

concentration after mixing the whole soil batch of one column of 18 cm length. Yet, wastewater-

borne substances adsorb primarily in the first cm of the soil as found for soil passage in bank 

filtration (Henzler et al., 2014) so that a concentration gradient can be expected in the soil column. 

This implies that terrestrial organisms living in this top soil layer may be exposed to higher 

concentrations of wastewater-borne substances under field conditions than those obtained and tested 

by the present experimental approach.  

Choosing an adequate control soil that differs only in the aspect of contamination is important in 

environmental sample testing because suboptimal performance of test organisms may origin from 

contamination but also from improper soil properties (Moser and Römbke, 2009). This was taken 

into account when comparing biological and chemical results per soil, i.e. with and without 

percolation with treated wastewater. Sample treatment (e.g. sieving, homogenisation, storage, 

moisture adjustment) of percolated and untreated soils was kept as similar as possible. Therefore, it 

appears unlikely that other factors than pollution should have caused the observed differences 

between untreated and percolated soils.  
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To account for physic-chemical effects from the percolation, i.e. changes in soil structure or trace 

nutrients, a control percolation with 0.01 mol calcium chloride solution had been conducted in 

parallel to the soil column percolation with treated wastewater. This cation-rich solution, sometimes 

called “artificial rainwater”, is also used in leaching experiments (Xu et al., 2010, Oppel et al., 2004, 

OECD 312, 2006b), and was chosen to simulate worst-case mobilisation of metals from the soils 

(Degryse et al., 2009). As this control treatment gave little additional insight and did not depict a 

realistic surrogate for irrigation water such as groundwater or surface water, it is not treated in A.1.4. 

However, the results support the actual findings: The deteriorated habitat function of the soils s4 and 

s2 as observed from the wastewater percolation was not seen for the rainwater percolation. This 

supports the conclusion that the habitat deterioration by wastewater resulted from retained pollutants. 

However, plant growth that was slightly inhibited by wastewater percolation in soil s3 was even 

more inhibited by rainwater percolation in all soils. This may have been due to the leaching of 

nutrients from the soil and could suggest that the observed growth inhibition from wastewater was 

likewise linked to nutrient deficiency (despite fertiliser supply during the plant tests). However, the 

rainwater percolation may have also increased the soil concentration of calcium and chloride and 

thus harmed plant growth as sometimes reported for wastewater irrigation (Bedbabis et al., 2014). 

Due to limited soil analytics, these speculations could not be finally elucidated. Regarding metals, 

however, a similar or even higher leaching of nickel and aluminium from pre-contaminated soils was 

seen for the percolation with rainwater compared to that with wastewater. This supports the 

hypothesis that metals can be mobilised from pre-contaminated soil by wastewater irrigation, but that 

other, less-buffered irrigation water such as groundwater may lead to the same or even higher 

leaching.  

For future experiments, it would be recommendable to test the alternative scenario to wastewater 

irrigation by e.g. performing a realistic irrigation water control in parallel. Moreover, sampling and 

testing of soil at different intervals during wastewater percolation could help defining a timescale at 

which wastewater irrigation would start causing detrimental effects on soil quality and under what 

conditions it could be considered safe. 

Relevance of findings for land application of treated wastewater 

The relevance of observations made in the column percolation experiment (A.1.4) is discussed in the 

subsequent sections. 

Treated wastewater quality 

Results of the wastewater percolation experiment demonstrated that the studied effluent exerted 

phytotoxicity to L. minor and P. subcapitata despite its compliance with threshold value 

concentrations regarding priority substances of the Water Framework Directive (WFD, EC 2000). 
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However, as long as a dilution of 1:16 (i.e. 6.25% sample) causes less than 20% growth inhibition in 

green algae, the AbwV considers treated wastewater appropriate for discharge (with tighter 

requirements for effects in fish embryos and Daphnia). Thus, only at sampling 3 of the percolation 

experiment (A.1.4) the treated wastewater may not have met these requirements for a concentration 

of 89% sample caused 70% inhibition in P. subcapitata. While no regulatory threshold values are 

available for the similarly affected L. minor, the undiluted treated wastewater did not affect D. 

magna at any of the three samplings.  

Phytotoxicity was likewise observed by Tang et al. (2014) in Australian municipal wastewater using 

in-vitro cell-based bioassays and analysing 299 organic compounds. In an attempt to identify 

substances responsible for the observed effects, the detected pesticides could sufficiently explain 

photosynthesis inhibition. This underlines that pesticides and biocides should not be neglected in 

monitoring municipal wastewater as they are highly efficient against primary producers. Observed 

cytotoxicity and oxidative stress in treated wastewater, however, could be explained by less than 3% 

by the considered chemicals (Tang et al., 2014). Better agreement of chemical and biological 

monitoring was found for the effluent quality of the 45 most-polluting industries in Quebec (e.g. 

chemical, petrochemical, and metallurgical facilities), where assessment by WET and analysis of 

Canadian priority chemicals showed that these pollutants could account for overall 43% of observed 

effects, with greater-than-predicted toxicity for effluents from pulp and paper facilities, and less-

than-predicted toxicity for effluents with high metal concentrations (Sarakinos et al., 2000).  

Regarding the relevance of micropollutants in treated wastewater, theoretical approaches comparable 

to the sum TUs method applied in A.1.4 predominantly identified pharmaceuticals to pose an 

environmental risk: In Greek effluent, a risk to the aquatic environment was predicted for the 

disinfectant triclosan, the antibiotics trimethroprim and sulfamethoxazole and the analgesic/anti-

inflammatory drug diclofenac (Kosma et al., 2014). Likewise, the antibiotics erythromycin and 

sulfamethoxazole (Gros et al, 2010) and clarithromycin, erythromycin, ofloxacin, sulfamethoxazole 

and the psychotropic drug fluoxetine (Verlicchi et al., 2012) were assumed to pose an environmental 

risk in municipal Spanish effluent. For river water that contains diluted effluent, an ecotoxicological 

risk was estimated e.g. for clarithromycin, sulfamethoxazole and trimethoprim using the sum TUs 

approach (Valcarcel et al., 2011). An environmental risk was likewise identified for the 

pharmaceuticals amoxicillin, clarithromycin, erythromycin, sulfamethoxazole and ibuprofen even in 

the treated effluent that had passed constructed wetlands as a tertiary cleaning step (Verlicchi and 

Zambello, 2014). It has to be noted, however, that firstly, these studies lack experimental evidence, 

and secondly, they compare PNECs derived from acute toxicity data and an assessment factor of 

1000 and compare it to the highest MEC, thus assuming worst-case scenarios.  
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To conclude, municipal secondarily treated wastewater may contain pesticides, biocides (i.e. 

pesticides applied in households) and pharmaceuticals such as antibiotics at concentrations affecting 

aquatic organisms, predominantly primary producers. Yet, when diluted with surface water, an 

immediate risk to the receiving aquatic environment should rarely occur. 

Effects of soil passage on micropollutants 

Soil passage was observed to partly reduce the phytotoxicity of the treated wastewater (A.1.4) and to 

partially remove many wastewater-borne organic pollutants. Thus, the present results demonstrate 

that pharmaceuticals which are known to pose an environmental risk to the aquatic habitat such as 

trimethoprim, clarithromycin, erythromycin and diclofenac (Valcarcel et al., 2011, Kosma et al., 

2014, Gros et al., 2010) can be effectively reduced via soil passage and hence improve the chemical 

quality of the treated wastewater.  

However, several pollutants were found to occur unaltered in the percolates after soil passage (A.1.4) 

which may imply a hazard to groundwater quality. Low removal (≤20%) occurred for e.g. the 

contrast media diatrizoate and iopamidol, for the antiepileptic carbamazepine, the antibiotic 

sulfamethoxazole, the antiepileptic primidone, the betablocker sotalol, and the fungicide fluconazole 

(A.1.4). The first four mentioned substances were likewise detected at µg/L concentrations in 

groundwater underlying fields irrigated with treated wastewater (Ternes et al., 2007). Thus, the 

present findings add evidence to the concern that irrigation with treated wastewater can impact 

groundwater quality. However, a greater threat to groundwater seems to be linked to contamination 

by point sources, e.g. landfills, intensive and concentrated animal rearing operations, and industrial 

sites (Postigo and Barcelo, 2015). Apparently, groundwater quality is threatened mostly by water 

soluble and polar compounds (e.g. polar pesticides, transformation products and artificial 

sweeteners), but also less water soluble and less polar compounds may be detected (e.g. 

benzotriazoles, di-ethylhexyl-phthalate, volatile organic compounds and PAHs) when they are 

comprised in wastewater continuously and at high concentrations (Postigo and Barcelo, 2015).  

Demonstrated by the present work, the percolation with treated wastewater can lead to the retention 

of zinc and a range of wastewater-borne micropollutants in soils (A.1.4). Yet, this does not 

automatically end in their linear increase and accumulation in soil over time, because soil binding 

may be reversible and biodegradation and/or uptake into plants may reduce pollutants’ soil 

concentrations (Chefetz et al., 2008, Dalkmann et al., 2014, Grossberger et al., 2014). Diclofenac e.g. 

was found to be retained in all four wastewater percolated soils, but as anion it should underlie weak 

and thus easily reversible binding and furthermore seems to be biodegradable under aerobic 

conditions (Grossberger et al., 2014, Dalkmann et al., 2014). Therefore, it can be hypothesized that 

diclofenac poses no direct risk to the terrestrial compartment by irrigation with treated wastewater. In 
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contrast, the neutral substances carbamazepine and benzotriazole, which were found at high 

concentrations in all percolated soils, can be expected to rather persist in soil due to their low 

biodegradability (Dalkmann et al., 2014, Grossberger et al., 2014, Reemtsma et al., 2010). Long-

term field studies reporting elevated soil concentrations of carbamazepine and other micropollutants 

such as caffeine and metoprolol support these findings (Dalkmann et al., 2014, Grossberger et al., 

2014).  

Moreover, long-term wastewater irrigation was found to slow down soil dissipation rates of neutral 

and cationic organic pollutants, i.e. to reduce their loss over time due to mineralization, 

transformation, and formation of non-extractable residues (Dalkmann et al., 2014). Interestingly, this 

could be attributed not to detrimental effects on the microbial community but to changes in soil 

properties, such as increased organic matter content (Dalkmann et al., 2014). 

Soil organic carbon seems to also support the retention of metals from wastewater irrigation as 

indicated by the elevated zinc concentrations in the peaty compared with the sandy soils after 

percolation (A.1.4) and reported in literature (Hamilton et al., 2007, Lottermoser 2012, Hoffmann et 

al., 2002). The role of dissolved (in contrast to particular) organic matter, however, which is 

introduced via treated wastewater, is difficult to generalize as it may not only increase the co-

sorption and cumulative retention of micropollutants but also enhance their mobility and transport in 

soil, depending on the substance (Chefetz et al., 2008).  

Effects of retained micropollutants on organisms 

Terrestrial toxicity of micropollutants such as PPCPs is unknown for the majority of candidates so 

that predicting their effects only from measured soil concentrations is hardly feasible (A.1.4). The 

question whether or not trace concentrations of organic micropollutants are relevant for effects in soil 

is thus difficult to answer. Often, effects to terrestrial organisms occur in the mg/kg range, as found 

for plant growth inhibition by the tested antimycotics and BDDA (A.1.2) or reported for enchytreid 

toxicity of heavy metals and even antimicrobial and antiparasitic substances (Didden and Römbke, 

2001). Yet, terrestrial toxicity can also occur at lower concentrations, underlining the importance of 

assessing pollutants individually. The parasiticide ivermectin e.g. was found to be highly toxic in the 

µg/kg range toward terrestrial organisms (56 day NOEC of 2.5 mg/kg d.w. for reproduction of 

oligochaetes and 54 μg/kg dry dung NOEC for survival development time of dung flies) (Egeler et 

al., 2010). Using aquatic PNECs and partitioning models in soil, Munoz et al. (2009) identified seven 

substances, namely erythromycin, gemfibrozil, carbamazepine, ciprofloxacin, diclofenac, 

sulfamethoxazole and nickel, to result in a hazard to terrestrial organisms from wastewater irrigation. 

These substances could not be directly linked to the observed effects (A.1.4) but may be relevant as 

their derived PNECs were indeed exceeded by the soil concentrations after wastewater percolation. 
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Functions of soil that shall be protected according to the German federal soil protection ordinance 

(BBSchV, 1999) are: i) food and biomass production; ii) storing, filtering and transformation 

functions for gases and water; iii) habitat and gene pool diversity; iv) physical and cultural 

environment for mankind; v) source of raw materials; vi) and the soil habitat function. With the 

terrestrial and aquatic bioassays applied in the percolation experiment (A.1.4) representing different 

taxa and trophic levels, the habitat as well as the filtering function of soil was focussed on. Yet, 

standard bioassays may not be able to detect subtle but important effects for ecosystem health. 

Behaviour may e.g. be influenced, as demonstrated for the parasiticide imidacloprid affecting 

earthworms' burrowing behaviour already at low concentrations of 0.2 mg/kg soil d.w. (Dittbrenner 

et al., 2011). Moreover, standard tests do not cover chronic multi-generation exposure to sublethal 

concentrations, which may induce increased tolerance levels as found for cadmium toxicity in 

earthworms (Otomo and Reinecke, 2010) but also increased sensitivity as demonstrated for effects of 

the fungicide pyrimethanil on D. magna (Seeland et al., 2012). Other aspects such as functional 

endpoints or secondary poisoning of top predators via the terrestrial food chain could not be 

investigated in the present work. Soil microbial activity at least seems to profit from application of 

treated wastewater (Filip et al., 1999, del Mar Alguacil et al., 2012).  

Overall, it can be concluded from the present work and literature that benefits from reusing treated 

wastewater for irrigation such as its further purification by soil passage can come at the price of 

deteriorating soil quality with respect to its habitat suitability for terrestrial organisms as well as its 

filtering capacity for groundwater protection.  

In conclusion, the likely increase of micropollutants in soil from treated wastewater irrigation should 

be observed with concern when aiming at conserving or not deteriorating soil habitat quality. 

Therefore, the environmental impacts of treated wastewater irrigation should be assessed by taking 

into consideration chemical and biological methods and considering the aquatic as well as the 

terrestrial habitat. Similar approaches have been suggested for the assessment of sediment (Hollert et 

al., 2002, Kienle et al., 2013), but not yet for wastewater irrigated soils. 

2.4. Environmental impact of other deposition routes and land management 
options 

Alternative discharge routes for treated wastewater and sewage sludge as well as environmental 

consequences of conventional irrigation and fertilisation practices will be scrutinised briefly in the 

following. 
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Alternative routes of using treated wastewater and sewage sludge 

In countries where the use of treated wastewater for irrigation is accepted, water quality usually has 

to meet additional requirements beyond those for effluent discharge (Hamilton et al., 2007). In the 

USA, treated wastewater for irrigation of agricultural fields or golf courses has to comply with 

drinking water guidelines, while in Australia, 348 organic chemicals are currently monitored and 

have to comply with health-based guidance values (Asano and Cotruvo, 2004, Hamilton et al., 2007, 

Tang et al., 2014). If treated wastewater shall be used for aquifer recharge, i.e. indirect potable use, 

further purification steps are often added after secondary treatment. On the Australian West Coast 

these steps comprise ultrafiltration, reverse osmosis and disinfection by ultraviolet light, which 

additionally aim at reducing pathogens (Tang et al., 2014). 

Discussing the risks from irrigation of treated wastewater to the aquatic environment, one should 

scrutinise for comparison the current practice of discharging effluent into surface waters. The rational 

of protecting groundwater as source for drinking water production is of vital importance; yet, 

drinking water in Europe is often derived from river bank filtration, i.e. from soil-filtered surface 

water. This is especially problematic in densely populated urban areas like Berlin with tight water 

cycles between effluent discharge into surface water and raw water wells along river banks 

(Massmann et al., 2008, Eggen et al., 2014). Thus, residual contamination of effluent with 

wastewater-borne pollutants is crucial, irrespective the water or soil discharge route, as short water 

circles may bring them back to human consumption anyway. 

Therefore, optimising the removal efficiency of organic micropollutants by upgrading the 

conventional WWT with additional, advanced treatment steps has received much attention during the 

last years (Joss et al., 2008, Margot et al., 2013, Eggen et al., 2014). Mainly two technologies have 

reached application at real scale: filters with powdered or granulate activated carbon and ozonation. 

While activated carbon act mainly via adsorption, thus retaining mostly lipophilic and basic 

substances such as carbamazepine or clarithromycin, ozonation mainly transforms organic 

contaminants into oxidation products, also affecting polar and acidic substances such as iodinated 

contrast media or diclofenac (Magdeburg et al., 2014). However, the formation and toxicity of 

oxidised transformation products has not been well understood yet (Joss et al., 2008). A polishing 

step such as sand filtration can be added after these advances treatments to support elimination of 

oxidation products and particle-bound pollutants (Margot et al., 2013, Eggen et al., 2014). Other 

WWT upgrade technologies comprise membrane application, chorination and irradiation by 

ultraviolet light, while the latter two presumably have no significant effect on removal of emerging 

organic pollutants but primarily remove pathogens (Munoz et al., 2009). An implementation of 

advanced WWT technologies at full-scale has recently been agreed upon for densely populated 

regions in Switzerland (Eggen et al., 2014). 
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Simpler and more economic methods for a further purification of secondary effluent (Li et al., 2014) 

or even replacing conventional WWTPs in small communities can be “constructed wetlands” 

(Kadlec, 1995). These artificial wetlands with different flow schemes, filling materials and plant 

coverage (Haberl, 2003, Verlicchi and Zambello, 2014, Dordio and Carvalho, 2013, Anderson et al., 

2013) have been shown to effectively reduce suspended solids, biological oxygen demand, 

phosphorus, nitrogen and metals from treated wastewater (Kadlec, 1995, Haberl et al., 2003). 

Therefore, they have received increasing interest regarding their potential for micropollutants’ 

removal (Verlicchi and Zambello, 2014, Dordio and Carvalho, 2013, Anderson et al., 2013, Li et al., 

2014). Combining different redox zones makes them particularly efficient in the degradation of 

organic pollutants (Matamoros et al., 2008), because depending on the structure of the individual 

pollutant either aerobic, denitrifying, or anaerobic conditions are favourable for bacterial attack (Joss 

et al., 2005). While constructed wetlands in comparison to conventional WWTPs have thus the 

benefit of being low-cost in construction, operation and maintenance, they have the drawback of 

being subject to seasonal variation and having high demands for area. For these reasons their 

application in urban zones is hindered. However, soil filters, i.e. small planted areas allowing for soil 

passage and subsequent collection and discharge of the percolate, can be applied e.g. to treat 

occasional raw wastewater overflow from storm water events (Scheurer et al., 2015). 

Nutrients contained in sewage sludge, even when not used in agriculture directly, are a valuable 

resource so that research intensifies on the beneficial recovery of phosphorus, nitrogen, and recently 

of metals, proteins and enzymes (Lundin et al., 2004, Tyagi and Lo, 2013). Being rich in carbon, 

sewage sludge is also an important source for energy. Various conventional and advanced sludge 

treatment technologies are scrutinised for their energy production, e.g. anaerobic digestion of sludge 

for biogas recovery, co-digestion, incineration and co-incineration with energy recovery, pyrolysis, 

gasification, supercritical wet oxidation, use in the production of construction materials, and 

production of biofuels and electricity generation by specific microbes (Fytili and Zabaniotou, 2008, 

Tyagi and Lo, 2013). However, most processes still possess either economic or environmental 

drawbacks. Incineration e.g. may cause emissions to air of mercury and mono-nitrogen oxides. 

Further, for recycling pure phosphorus from sewage sludge ashes, only ashes from the energy 

demanding mono-incineration can be used and not those from co-incineration of sludge with other 

wastes (Lundin et al., 2004). 

Alternative routes for fertilisation and irrigation 

In Germany, an annual amount of about 3 mio t of mineral fertilizer, about 17 mio t of farmyard 

manure, 2.8 mio t of biowaste and 1.4 mio t of sewage sludge are used in agriculture (UBA, 2001). 
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The risks for the environment of using sewage sludge and/or treated wastewater should therefore be 

seen in relation to those from other fertiliser products. 

In terms of nutrient leaching to surface and groundwater, other entry routes may pose higher risks 

than sewage sludge or wastewater application to soil: Phosphorus runoff from field plots having 

received different types of inorganic and organic fertiliser over a two year period seem to be greater 

for triple super phosphate and liquid cattle manure than for liquid or dewatered sewage sludge (UBA, 

2001). Whereas in sewage sludge, copper, mercury and zinc concentrations are usually problematic 

for accumulation in soil or leaching to groundwater (Ramirez et al., 2008), organic fertilisers such as 

manure and pig slurry likewise contain elevated levels of metals, because particularly zinc and 

copper are applied as food additives to promote animal growth (UBA, 2001). However, 

contamination of classical organic pollutants such as PAHs and PCBs seem to be considerably higher 

in sewage sludge compared to other organic fertilisers like pig and cattle slurries and compost 

(Berset and Holzer, 1995).  

Similar to other fertilisers, sewage sludge application in Germany has to safeguard certain threshold 

values in groundwater and surface water of nitrate and priority pollutants (2006/118/EG, 

2000/60/EC). However, the majority of wastewater-borne pollutants is not regulated, considering 

several hundreds of veterinary pharmaceuticals used in the EU (Kools et al., 2008). While human 

drugs’ concentrations are usually at least partially reduced during WWT, veterinary drugs and their 

metabolites are often released directly into water via aquaculture and field runoff and to soil via dung 

and manure from intensively reared animals or animals grazing on pasture (Halling-Sorensen et al., 

1998, Boxall et al., 2006, 2012). Prescribed and over the counter veterinary drugs comprise many 

applications, e.g. anti-infectives and anesthetics in aquaculture, estrogenic drugs for growth 

enhancement, antibiotics, or tranquilizers in pet animals (Daughton and Ternes, 1999). Especially the 

exposure of environmental microorganisms to various antibiotics from animal manure can lead to the 

development of multi-resistant strains that may be transferred back via the food chain (Halling-

Sorensen et al., 1998). Overall, a societal understanding of the consequences involved in the use of 

chemicals and pharmaceuticals is necessary to possibly reduce their usage quantities and incorrect 

discharge (Eggen et al., 2014). Avoiding or reducing their usage would generally be more economic 

and efficient than optimising their degradation in WWTPs.  

While today water scarcity and the need for irrigation of fields is still an issue in rather few European 

countries, the need to find innovative solutions to water challenges in the urban, industrial and 

agriculture contexts is becoming more and more evident also in the North of Europe (COM, 2012). 

Therefore, a regulatory instrument for water reuse is planned on the European level to be developed 

in 2015 (JRC, 2014). The experimental percolation of soil columns with treated wastewater 

presented in A.1.4 could be one approach to assess the potential environmental effects for a specific 



GENERAL DISCUSSION 

 

 

 

 
49  

soil and effluent. Despite the many water reuse projects that have been carried out in various 

countries, there are still a number of barriers which prevent the implementation of reusing treated 

municipal wastewater and greywater not only for agricultural applications but also for urban use like 

green areas or toilet flushing, recreational use like golf course irrigation, and industrial uses such as 

washing and cooling. To conclude, there are many areas in water management that have great 

potential for improving water resource protection in terms of water quantity as well as quality where 

the reuse of treated wastewater for irrigation in agriculture is only one aspect. 

2.5. General conclusions and outlook 

The present work helps to improve the understanding of the effects of micropollutants in treated 

wastewater and digested sewage sludge. Characterising the ecotoxicological hazard and 

environmental relevance of selected wastewater-borne pollutants, three antimycotics and one cationic 

surfactant, demonstrated their high toxicity toward primary producers. Moreover, it was found that 

ecotoxicity of sludge-associated organic pollutants can be adequately assessed by standard plant 

tests, i.e. without the need to amend test soil with sewage sludge for a realistic exposure scenario. 

The screening of digested sludges from different advanced treatment technologies for terrestrial 

ecotoxicity indicated that stabilisation indeed improved their habitat quality and that none of the 

samples posed an immediate risk to soil organisms. The soil column percolation approach developed 

and employed in the present work represents a feasible tool to assess at lab-scale the integrated 

impact on the aquatic as well as the terrestrial compartment of prolonged soil irrigation with treated 

wastewater. Results can be used to point at potential effects such as leaching of wastewater-born 

pollutants to groundwater and pollutant accumulation in soil before applications at field-scale and 

thus support risk management decisions.  

Using treated wastewater for the irrigation of soil should be assessed on a case-by-case basis 

concluding from the present work. While soil passage can remove wastewater-borne pollutants from 

the treated wastewater, this may be due to their adsorption to soil, consequently transferring the risk 

from one compartment to the other. If a further purification of effluent is the objective for wastewater 

irrigation, more efficient methods should be chosen such as constructed wetlands or soil filters that 

expose a limited area of non-arable soil and collect the percolate and lead it into surface waters.  

Findings of the present work on the ecotoxicological properties of sewage sludge from novel 

stabilisation technologies support the development of future research directions for the treatment and 

management of sewage sludge. Regarding the efficiency of wastewater treatment it may therefore be 

reasonable to optimise sludge quality in one WWTP, where the sludge could be used for agriculture, 

but optimise removal of pollutants from the effluent in another, where the reuse of treated wastewater 

for irrigation is an option. A compromise in the agricultural usage of sewage sludge may be the 
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restriction to sludge of a certain origin, e.g. from advanced WWTPs, and to sites with already 

established anthropogenic impact. Meanwhile, the technical recovery of nutrients from sewage 

sludge, mainly phosphorus, will have to be promoted against the background of declining natural 

phosphorus resources as already reflected in recent European research initiatives. 

In the near future, complete degradation of wastewater-borne pollutants by conventional WWTPs 

will hardly be feasible while new substances will continuously be developed and introduced into the 

sewers. As a consequence, the use of treated wastewater for irrigation or aquifer recharge and the 

land application of sewage sludge will contribute to some extend to spread contaminants in the 

environment. Notwithstanding, recycling of treated wastewater remains an important water resource 

in arid and semi-arid areas, and land application in agriculture of sewage sludge is a sensible 

approach for recycling nutrients such as phosphorus and organic matter. Avoiding and reducing the 

application of poorly degradable chemicals and improving their degradation during WWT will 

therefore be an ongoing challenge to face by modern society. In general, optimising the level of 

degradation during WWT should be accompanied by a reduction of pollutant input into sewers at the 

source, e.g. at hospitals and households, being more economic as well as efficient. 

On the European level, an increasing interest in using treated wastewater for agricultural irrigation is 

reflected in research projects at present but will have to be accompanied by the development of 

certain standards. In agricultural areas where irrigation is needed, however, municipal WWTPs 

usually discharge low effluent volumes so that they can only substitute parts of the irrigation water. 

Moreover, nutrients concentrations in treated wastewater are not sufficient to completely substitute 

fertiliser. As the present work underlines, wastewater irrigation on soil should not be a general, 

ubiquitously applicable solution. A future scenario could therefore be the permission of reusing low-

polluted treated wastewater in certain constrained applications and only on soils in regions with 

water scarcity and no direct contact with groundwater. The here presented soil column irrigation 

approach may help to assess potential detrimental effects on the soil and water habitat quality on a 

case-by-case basis and support the selection of adequate wastewater and soil. 
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Abstract 

Sewage sludge applied to soil may be a valuable fertiliser but can also introduce poorly degradable 

and highly adsorptive wastewater-born residues of pharmaceuticals and personal care products 

(PPCPs) to the soil, posing a potential risk to the receiving environment. Three azole antimycotics 

(climbazole, ketoconazole and fluconazole), and one quaternary ammonium compound 

(benzyldimethyldodecylammonium chloride, BDDA) that are frequently detected in municipal 

sewage sludge were therefore characterised in their toxicity toward terrestrial (Brassica napus) and 

aquatic (Lemna minor) plants. Fluconazole and climbazole showed the greatest toxicity to B. napus, 

while toxicity of ketoconazole and BDDA was by one to two orders of magnitude lower. Sludge 

amendment to soil at an agriculturally realistic rate of 5 t/ha significantly reduced the 

bioconcentration of BDDA in B. napus shoots, although not significantly reducing phytotoxicity. 

Ketoconazole, fluconazole and BDDA proved to be very toxic to L. minor with median effective 

concentrations ranging from 55.7 µg/L to 969 µg/L. In aquatic as well as terrestrial plants, the 

investigated azoles exhibited growth-retarding symptoms presumably related to an interference with 

phytohormone synthesis as known for structurally similar fungicides used in agriculture. While all 

four substances exhibited considerable phytotoxicity, the effective concentrations were at least one 

order of magnitude higher than concentrations measured in sewage sludge and effluent. Based on 

preliminary hazard quotients, BDDA and climbazole appeared to be of greater environmental 

concern than the two pharmaceuticals fluconazole and ketoconazole. 
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Introduction 

The safe and sustainable disposal of sewage sludge is an issue inherently related to wastewater 

treatment and the various options are discussed controversially. On the one hand, sewage sludge is 

continously produced in wastewater treatment plants (WWTPs) and contains valuable nutrients and 

organic matter (Cogger et al. 2006); hence, a re-use in agriculture appears reasonable and is practised 

in many countries (Beecher et al., 2008). On the other hand, sewage sludge contains a variety of 

wastewater-born pollutants, especially those that are poorly degradable and sorptive, with often 

unknown environmental effects (Clarke and Smith, 2011).  

Therefore, sludge application to land may transfer wastewater-born pollutants to soil and thus pose a 

risk to agricultural soil quality (Schowanek, 2004, Eriksson et al., 2008, Prosser et al., 2014). Less 

sorptive substances may also desorb from land-applied sludge, reach adjacent surface waters via 

particle-bound run-off (Topp et al., 2008) or be released to groundwater via irrigation with treated 

wastewater (Richter et al., 2015). Therefore, assessing the environmental risk of wastewater-born 

pollutants should take into account both terrestrial and aquatic organisms (Clarke and Smith, 2011, 

Langdon et al., 2010, Richter et al., 2015). Ecotoxicity data are particularly scarce for many sludge-

associated micropollutants such as pharmaceuticals and ingredients of personal care products 

(PPCPs) (Topp et al., 2008, Clarke and Smith, 2011, Prosser et al., 2014).  

One group of micropollutants frequently detected in wastewater are antimycotics containing an azole 

moiety (Garcia-Valcarcel et al., 2012, Peng et al., 2012, Chen et al. 2013). Azoles are applied as 

fungicides in agriculture, but they are also used as active ingredients in cosmetics and 

pharmaceuticals. As demethylase inhibitors (DMI) azoles prevent the biosynthesis of ergosterol by 

inhibiting the cytochrome P450-dependent enzyme lanosterol 14-α-demethylase (CYP51) (Lepesheva 

and Waterman, 2007). However, many of them are known to also specifically interact with the 

hormonal balance of animals or plants (Rademacher, 2000). 

Quaternary ammonia compounds (QACs) represent another micropollutant group detected at high 

concentrations in sludge (Ferk et al., 2007, Braguglia et al., 2014). QACs are used in numerous 

consumer products such as detergents and PPCPs (Uhl et al., 2005) and in great quantities in the food 

and health care industries for cleaning and disinfection (Gerba, 2015). As cationic surfactants they 

disturb membranes but also interact with intracellular targets, exhibit genotoxicity or interact with the 

phytohormones of higher plants (Rademacher, 2000, Zhang et al., 2011, Gerba, 2015). Some QACs 

are therefore applied as plant growth regulators (Rademacher, 2000, Miliuviene 2003).  

From these two groups, four model substances were selected to represent various fields of 

application and different physicochemical properties with regard to their hydrophobicity and pH-

dependent speciation (see Table 1). Ketoconazole, climbazole and fluconazole were selected to 
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represent azoles that are contained in systemic antimycotics, anti-dandruff shampoos and skin 

creams, respectively. They have been detected in sewage sludge at concentrations of 50-4450 µg/kg 

dry weight (d.w.) (Garcia-Valcarcel et al., 2011, Wick et al., 2010). As a QAC, BDDA 

(benzyldimethyldodecylammonium chloride) was selected which is detected at high concentrations 

in both effluent (up to 0.5 µg/L) and sewage sludge (up to 25 mg/kg d.w., Martinez-Carballo et al., 

2007, Chen et al., 2014).  

Land application of sewage sludge can alter the chemical and physical properties of the soil, e.g. the 

organic matter content that can consequently affect the fate and effects of micropollutants in soil 

(Reid et al., 2000, Wu et al., 2009). Hence, testing their effects on soil organisms in the presence of a 

sludge matrix has been proposed as a more realistic approach compared to the commonly applied 

standard ecotoxicity tests with natural or artificial soil (Schowanek et al., 2004, Prosser et al., 2014).  

Table 1: Characteristics of the four test substances. 

Name BDDA Ketoconazole Climbazole Fluconazole 

CAS No. 139-07-1 65277-42-1 38083-17-9 86386–73-4 

Molecular 

weight [g/mol] 

340  

(cation: 304.5) 

531 293 306 

Log Kow 
1
 2.93  4.35  3.76  0.5  

Log Koc 
1
 5.43 4.26 3.08 3.59 

pKa not applicable 6.51 / 2.94 
2
 7.5 

3
 2.5; 2.9; 11.0 

4
 

Chemical 

class 

quaternary 

ammonium 

compound 

imidazole imidazole triazole 

Structure 

    

Supplier of test 

item (purity) 

Sigma-Aldrich 

Germany (99.0%) 

TCI GmbH Germany 

(99.5%) 

TCI GmbH 

Germany 

(99.9%) 

TCI GmbH 

Germany 

(99.6%) 

1 EPISUITE, KOWWIN v1.68 and KOCWIN v2.0, MCI estimates; 2 Skiba et al., 2000; 3 Wick et al., 2010; 4 Correa et al., 2012. 

BDDA = benzyldimethyldodecylammonium chloride. 

 

The aim of the present study was therefore to i) determine the phytotoxicity of four wastewater-born 

PPCPs for which specific toxicity toward plants was assumed based on previous reports on 

structurally related substances (Rademacher, 2000, Miliuviene 2003) using the aquatic plant Lemna 
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minor and the terrestrial plant Brassica napus, and to ii) determine to which extent the presence of 

co-applied sludge would modify terrestrial phytotoxicity based on studies reporting an reduced 

pollutant availability (Wu et al., 2009, Holling et al., 2012, Peña et al., 2014, Prosser et al., 2014). 

Considering their log Kow and pKa (Table 1) the substances cover a range from hydrophilic 

(fluconazole), to medium and strongly hydrophobic properties (climbazole and ketoconazole, 

respectively). Based on the scheme given by Schaffer and Licha (2015), they should be uncharged 

(fluconazole), predominantly (climbazole and ketoconazole) or permanently cationic (BDDA) at the 

test medium or soil pH of about 7. As hydrophobicity drives partitioning to organic matter and 

cationic species strongly interact with negatively charged soil surfaces (Schaffer and Licha, 2015), 

the influence of sludge-amendment on phytotoxicity was expected to be greatest for ketoconazole 

and BDDA. 

 

Materials and methods 

Test substances: 

BDDA (as “benzododecinium chloride”) is registered as existing biocide (EC, 2014). In literature, 

also the synonym BAC-C12 is used (Clara et al., 2007). All BDDA concentrations in the present 

study refer to the cation (i.e. without the chloride moiety) as it is permanently dissociated in liquid 

and solid matrices and only the cation can be analytically determined. Fluconazole is used as 

antimycotic agent in the systemic and topical treatment of patients infected with various Candida 

species (EMA/888361/2011). Ketoconazole is a broad-spectrum antimycotic agent that has recently 

been suspended for oral but not for topical administration in the EU (EMA/CHMP/534845/2014). It 

is additionally registered as preservative in topical cosmetics and personal care products (with 

maximum concentration of 1% in rinse-off and leave-on products and of 2% in licensed anti-dandruff 

shampoos). Climbazole is likewise registered as preservative in topical cosmetics and personal care 

products (with maximum concentration of 0.5% in rinse-off and leave-on products and of 2% in anti-

dandruff shampoos) and is registered under REACH with a production volume of 10–100 t/a 

(http://echa.europa.eu). Key characteristics of the test substances are compiled in Table 1.  

 

Biotests with Lemna minor: 

The L. minor growth inhibition tests were conducted according to the OECD guideline 221 (OECD, 

2006a) in modified Steinberg medium at 24°C ± 2°C under continuous photosynthetically active 

radiation (PAR) of 85–135 µE/(m2s) (mean: 113 µE/(m2s)) using plants cultured under the same 

conditions. At test start, mean pH in the controls and test solutions was 5.6 ± 0.1. Due to plant 
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growth-related uptake of bicarbonate, the pH increased during the exposure to 6.5 ± 0.4 (controls), 

6.1 ± 0.3 (BDDA), 6.6 ± 0.3 (fluconazole) and 6.8 ± 0.3 (ketoconazole) (details see supplements 

Table S1). For climbazole, data on toxicity to L. minor had been generated previously under similar 

conditions (Richter et al., 2013).  

Fluconazole and BDDA were directly dissolved in test medium, while for ketoconazole a stock 

solution was prepared in acetone (final concentration in treatments and solvent control 0.01% (v/v)). 

For each substance, five concentrations were tested (see supplements Table S2). Tests were 

performed in glass vessels containing 200 ± 5 mL test solution and four Lemna colonies each (i.e. 12 

fronds) covered with glass lids, using three replicates per treatment/concentration and six for medium 

controls.  

Fluconazole and ketoconazole were tested in a static design over seven days. Due to dissipation 

observed in pre-tests, BDDA was tested in a semi-static design with Lemna colonies being 

transferred to freshly prepared test solution at day 2 and 5. Fronds were counted, visually inspected 

and test vessels were randomized twice (day 2 and 5) in all tests. The pH was measured in each 

treatment at test start and test end (and day 2 and 5 for BDDA). At test end (day 7), frond number 

and frond dry weight (biomass) were determined and their yield (increase from day 0 to day 7) and 

growth rate (average specific growth rate per day μi-j) were calculated according to equation 1  

    (1) 
with Ni and Nj as the measurement variable in the test or control vessel at time i and j, respectively, 

and t as the time period from i to j. 

 

Biotests with Brassica napus: 

The seedling emergence and growth inhibition test with the plant B. napus was conducted according 

to the OECD guideline 208 (OECD, 2006b). A sandy loam, LUFA 2.3 (LUFA, Speyer, Germany), 

was used as test substrate (soil pH of 6.8 ± 0.2, organic carbon content (Corg) of 1.0% ± 0.1%, cation 

exchange capacity of 10.7 mEq/100 g, and maximum water holding capacity (WHCmax) of 37%). 

Each substance was tested in two treatments: without (“-bios”) and with amendment of biosolids 

(“+bios”) to the soil. The term biosolids is used in North America for stabilized sewage sludge 

complying with regulatory quality requirements for application as agricultural fertilizer. The 

biosolids were anaerobically digested, thermally stabilized municipal sewage sludge commercially 

available from Halton Company, Ontario, Canada, and produced for land application in Ontario 

(sampled May 28, 2013 and supplied by Agriculture and Agri-Food Canada, Ontario, Canada) with a 

Corg of 33.9% ± 0.1%. Based on the maximum application rate given by the German Sewage Sludge 
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Directive (Klärschlammverordnung, 1992), an amendment of 5 t/ha was selected as realistic 

scenario, which transfers to 3.8 g sludge d.w./kg soil d.w. assuming a soil incorporation depth of 

10 cm and a soil bulk density of 1.3 g/cm3. 

The test substances were applied to soil as aqueous test solution (BDDA, fluconazole) or as ground 

mixture with quartz sand (ketoconazole, climbazole) at five concentrations, see supplements Table 

S2) and soil moisture was adjusted to approximately 35% of WHCmax. Afterwards, each soil batch 

(control and test concentrations) was divided into two parts of which one was left as such (-bios) and 

the other part was mixed with biosolids (+bios). By this addition, the test concentrations for all four 

substances decreased by less than 0.4%. Each soil batch was then distributed to four replicate pots 

(polypropylen pots, 11 cm diameter, 9 cm height, approximately 0.3 kg soil d.w.). In each pot five B. 

napus seeds (cultivar Liforum, LUFA, Speyer, Germany) were sown. The tests were performed in a 

climate controlled room at an air humidity of 70% ± 25%, 22°C ± 5°C temperature and a 16:8 light 

to dark cycle using high pressure metal halide lamps (Master HPI-T PLUS, Philips GmbH, Hamburg, 

Germany) with mean PAR of 230-20 μE/m2*s. Pots were bottom-watered as necessary with 

deionized water, additionally supplied with liquid fertilizer once per week and randomized three 

times per week. Day 0 is defined as the day when 50% of seedlings in the respective control had 

emerged, which in the present study was three days after the test start. The morphological status of 

the plants was recorded on day 7 and day 16. As endpoints, the emergence rate on day 7, the survival 

rate until day 16, shoot length (in mm), and shoot fresh weight (biomass, in g) of the plants at test 

end (day 16) were evaluated.  

To determine the uptake of BDDA into plants, shoots were sampled at test end, combined per 

replicate (i.e. pot), dried at 60°C for 13 h, the sum shoot d.w. per pot was determined, and plants 

were stored dry in the dark until analysis. After removing the roots, the soil of each pot was sampled 

and stored frozen to determine the BDDA concentrations in soil (for details see supplements).  

 

Chemical analysis: 

In the L. minor tests with fluconazole, ketoconazole and climbazole (Richter et al., 2013), samples 

from all test concentration levels were taken at day 0 (fresh / initial) and day 7 (aged). In the test with 

BDDA, samples were taken from the lowest, medium and highest test concentration at day 0 (fresh), 

2 (fresh and aged), 5 (fresh and aged) and 7 (aged). All samples were stored frozen until chemical 

analysis. If measured concentrations in aged solutions deviated by more than 20% from measured 

concentrations in fresh solutions, overall recovery was calculated as geometric mean of the 

recoveries over time for each test concentration level and the overall recovery as arithmetic mean of 

these geometric means.  
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Details on the analytical methods for the determination of ketoconazole, BDDA and fluconazole in 

water, the extraction of BDDA from soil and plants and the HPLC-MS/MS measurements are given 

in the supplements. 

 

Statistical analyses: 

Results of the biotests were analysed in the free software R version 3.2.1 using the package “drc” (R 

Development Core Team, 2015; Ritz and Streibig, 2005). To enable comparisons between different 

biotests and substances, all observed response variables were converted to percent inhibition relating 

to the mean response in the respective control (i.e., with or without biosolids, if applicable). These 

proportional effects were fitted using a two parameter log-logistic function (equation 2) with the 

limits fixed at 0 and 100, the parameter b relating to the slope of the curve and the median effective 

concentration (EC50) being directly fitted as model parameter: 

  (2) 

 
The EC10, EC20 and EC50 (concentration with 10%, 20%, or 50% effect, respectively) and their 95% 

confidence intervals (CI) were estimated by the ED function using the delta method in the “drc” 

package. All concentration-response modelling was based on nominal test concentrations. Thereafter, 

ECx values for L. minor were corrected based on overall recovery of measured concentrations.  

Controls (-bios and +bios) were compared by Fisher`s Exact Binomial test with Bonferroni 

correction (emergence and survival data) or Student’s t-test (shoot length and biomass data). No 

observed effect concentrations (NOECs) were determined at α = 0.05 (one-sided) for emergence and 

survival of seedlings of B. napus applying the Fisher`s Exact Binomial test with Bonferroni 

correction and for all other endpoints applying the William’s t-test (homogeneous variances) or the 

Welch’s t-test (heterogeneous variances) at α = 0.05 (one-sided) using ToxRat version 2.10 (ToxRat 

Solutions GmbH, Alsdorf, Germany). 

The influence of sludge amendment on phytotoxicity was assessed by comparing the parameters of 

the two concentration-response curves (+bios and –bios) using the ratio test (Wheeler et al. 2006) in 

the function “compParm” of the drc package in R.  

The influence of sludge amendment on BDDA shoot concentrations in B. napus was assessed in a 

one-way ANOVA for the factor ‘biosolids’. Additionally, the BDDA bioconcentration factor (BCFB. 

napus shoot, analogously to Peña et al., 2014) was calculated for each pot as the ratio of average shoot 

concentration to the nominal soil concentration. This BCFB. napus shoot was assessed in a two-way 

                                         



A.1.2  PHYTOTOXICITY OF WASTEWATER-BORN MICROPOLLUTANTS 

 

 

 

 
 96 

ANOVA for the factors ‘biosolids’ and ‘BDDA concentration’. Normal distribution of errors and 

variance homogeneity were verified by Shapiro-Wilk’s and Bartlett’s test, respectively.  

 

Results and discussion 

Aquatic phytotoxicity:  

Chemical analysis of the test solutions confirmed a generally good recovery for fluconazole (Table 2 

and supplements Table S3), but poor recovery for BDDA and ketoconazole with measured 

concentrations in aged solutions reaching less than 20% of initial concentrations measured in fresh 

solutions.  

Table 2: Mean recovery of test concentrations in L. minor bioassays in initial and aged test solutions and 
overall recovery as mean of geometric mean measured concentrations per concentration level. 

Substance 
Recovery initial to 

nominal [%] 

Recovery aged to 

measured initial [%] 

Overall mean recovery 

[%] 

BDDA 68.2 64.4 43.6 

Ketoconazole 45.0 8.54 11.8 

Fluconazole 121 102 121 

Test solutions analysed at test start (initial) and end (aged) in C1-C5 (fluconazole, ketoconazole) or at each renewal (day 3 and 5) 

in C1, C3 and C5 (BDDA, semi-static test design). BDDA = benzyldimethyldodecylammonium (cation). 

 

Therefore, their overall recovery was calculated (see chapter 2.4) and effective concentrations are 

additionally provided as recovery-corrected values (Table 3). Sorption to glassware probably caused 

the low recovery of initial (fresh) test concentrations, while degradation may have contributed to the 

low recovery in aged test solutions of BDDA (i.e. after 2-3 days of exposure) and of ketoconazole 

(after 7 days) which is supported by literature on their degradability in WWTPs (Zhang et al., 2011, 

Peng et al., 2012). Experimental data for climbazole toxicity to L. minor were reported previously 

(Richter et al., 2013, with overall mean recovery of 70.5%). These data were re-calculated in the 

present study (with <2% difference to previously reported ECx) to ensure a consistent data analysis 

for all four test substances. 
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Table 3: Effective concentrations (ECx with 95% confidence intervals, CI) and no observed effect 
concentrations (NOECs) of test substances determined for L. minor based on nominal concentrations (in 
mg/L) and corrected for overall recovery. 

ECx (95% CI) BDDA Ketoconazole Climbazole Fluconazole 

Yield FN 

NOEC 0.0896 0.100 0.0031 0.300 

EC10 0.154 0.178 0.0078 0.371 

 
(0.112 - 0.196) (0.115-0.241) (0.0062-0.0094) (0.301-0.442) 

EC50 0.686 0.472 0.0195 0.969 

 
(0.597 - 0.775) (0.406-0.539) (0.0171-0.0219) (0.886-1.05) 

MGR FN 

NOEC 0.269 0.190 0.0031 0.300 

EC10 7.09* 0.286 0.0113 0.473 

 

(0.00 - 28.3) (0.227-0.345) (0.0079-0.0147) (0.369-0.577) 

EC50 7.22 0.743 0.0341 1.85 

 

(0.00 - 28.8) (0.678-0.808) (0.0341-0.0382) (1.66-2.04) 

Overall 

recovery [%] 
43.6 11.8 70.5 121 

Yield FN recovery corrected 

EC10 0.0670 0.0210 0.0055  

EC50 0.299 0.0557 0.0138  

MGR FN recovery corrected 

EC10 3.09 0.0337 0.0080  

EC50 3.15 0.0877 0.0240  

BDDA = benzyldimethyldodecylammonium (cation). FN = frond number; MGR = mean growth rate. *extrapolated beyond 

tested concentrations; values for climbazole are re-calculated based on proportional responses from Richter et al. 2013.  

 

All bioassays with L. minor met the validity criteria of the test guideline (supplements Table S4). The 

estimated ECx and NOECs are summarized in Table 3 for frond number (further details see 

supplements Table S5). EC50 values were below 1 mg/L for all four test substances regarding yield 

frond number (YFN) but only for ketoconazole and climbazole regarding mean growth rate (MGR) 

of frond number, characterizing them as highly toxic. Toxicity in terms of corrected EC50 (YFN) was 

highest for climbazole and by factors of 4, 22 and 86 lower for ketoconazole, BDDA and 

fluconazole, respectively (Figure 1). As ECx for MGR of frond number had to be extrapolated 
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beyond tested BDDA concentrations and curve fits were better for YFN, the latter endpoint was used 

for further comparisons.  

 

  

Figure 1: Dose-response curves for inhibition of L. minor based on yield (left) and mean growth rate (right) 
of frond number and nominal concentrations of BDDA (benzyldimethyldodecylammonium, cation), 
ketoconazole, climbazole and fluconazole.  

 

Toxicity toward water plants such as Lemna is not a standard endpoint required for the 

environmental risk assessment of chemicals regulated under REACH (such as climbazole and 

BDDA) or as pharmaceuticals (fluconazole and ketoconazole). However, in the case of climbazole 

and several azole fungicides used in agriculture, Lemna proved to be more sensitive than the standard 

test organisms algae, Daphnia or fish (Richter et al., 2013). This was confirmed in the present study 

for azoles used as antimycotics as the corrected EC50 (YFN) of ketoconazole in L. minor was about 

factor 40 lower than the acute EC50 of 1.8 mg/L in D. magna (Haeba et al., 2008) and the L. minor 

EC50 of fluconazole was about factor 4 and 87, respectively, lower than the effect concentrations for 

Pseudokirchneriella subcapitata (EC50 of 4.59 mg/L, Chen et al., 2014) and D. magna (acute EC50 

>100 mg/L, Kim et al., 2009). In contrast, Lemna appeared to be slightly less sensitive to BDDA 

than algae and crustaceans based on reported acute EC50 of 0.016 mg/L for D. magna (Chen et al. 

2014), and of 0.04 mg/L for P. subcapitata and also D. magna (referring to measured concentrations, 

Uhl et al., 2005).  
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Terrestrial phytotoxicity: 

All bioassays with B. napus met the respective validity criteria of the test guideline (see supplements 

Table S4). All test substances inhibited the growth of B. napus in a concentration-dependent manner 

(Figure 2), allowing the estimation of effective concentrations (EC10, EC50) and NOECs for BDDA, 

ketoconazole, climbazole and fluconazole (Table 4, toxicity estimates based on shoot length and 

EC20 are provided in Table S6).  

Seedling emergence was affected only by BDDA, climbazole and fluconazole. Survival of seedlings 

was not inhibited by the substances except for at the highest test concentration of fluconazole. Shoot 

growth was generally more affected than seedling emergence by all test substances, with biomass 

mostly being more sensitive than shoot length. Phytotoxicity of climbazole and fluconazole was very 

similar (based on EC50 for biomass) and by factor 22 and 57 times greater than that of BDDA and 

ketoconazole, respectively (Figure 2). Yet, when considering the dissipation of BDDA and 

ketoconazole in the aquatic biotests (Table 2) and the reports on their degradability during WWT 

(Zhang et al., 2011, Peng et al., 2012), it cannot be excluded that their comparatively low terrestrial 

toxicity was at least partially due to degradation of the two substances during the test. In other words, 

correction for actual soil concentrations probably would result in toxicity estimates more similar to 

those of fluconazole and climbazole. Indeed, measured soil concentrations of BDDA (Figure 3) 

indicate substantial deviation between nominal BDDA concentration and those determined at test 

end, which could be explained by degradation of BDDA in soil. 
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Without biosolids (-bios): With biosolids (+bios): 

  

  

  

Figure 2: Concentration-response curves for inhibition of B. napus emergence rate (top), shoot length 
(middle) and shoot biomass (bottom) with increasing nominal soil concentrations of BDDA 
(benzyldimethyldodecylammonium, cation), ketoconazole, climbazole and fluconazole. Left: without, right: 
with biosolids amendment (3.8 g biosolids d.w./kg soil d.w.). 

 

Comparable to the case of aquatic phytotoxicity, terrestrial phytotoxicity of the antimycotics 

climbazole and fluconazole was in the same range as that of agricultural fungicides, e.g. that of 

tebuconazole (EC50 of 4 mg/kg soil for shoot length, EC, 2007). 
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Table 4: Effective concentrations (ECx with 95% confidence intervals, CI) and no observed effect 
concentrations (NOECs) in mg/kg d.w. for emergence and biomass (fresh weight) of B. napus of test in soil 
(- bios) and soil amended with biosolids at 3.8 g d.w./kg soil d.w. (+ bios). 

 BDDA Ketoconazole Climbazole Fluconazole 

ECx  

(95% 
CI) 

(-bios) (+bios) (-bios) (+bios) (-bios) (+bios) (-bios) (+bios) 

Emergence         

NOEC 448 ≥896 ≥1000 ≥1000 27 81 27 27 

EC10 817 798 >1000 >1000 49.9 76.8 22.3 19.9 

 
(n.d.) (n.d.) (n.d.) (n.d.) (7.1-92.7) (n.d.) (0-50.5) (0-43.4) 

EC50 923* 1045* >1000 >1000 94.1 92.5 67.7 55.3 

 

(444-
1402) 

(n.d.) (n.d.) (n.d.) 
(43.4-
145) 

(n.d.) 
(8.81-
127) 

(13.1-
97.5) 

Biomass         

NOEC <56 224 500 250 3 3 <1.0 3 

EC10 40.2 57.5 257 192 4.3 3.52 1.77 1.99 

 

(23.7-
56.6) 

(39.0-
76.1) 

(145-369) 
(62.2-
322) 

(3.61-
4.99) 

(2.70-
4.34) 

(1.18-
2.36) 

(1.08-
2.90) 

EC50 222 258 578 636 10.2 10.9 9.24 9.38 

 
(185-259) (223-293) (440-715) 

(508-
764) 

(9.37-
11.0) 

(9.79-
12.0) 

(7.90-
10.6) 

(7.34-
11.4) 

* Indicates that value was derived from extrapolation. BDDA = benzyldimethyldodecylammonium (cation). 

 

Influence of sludge amendment on terrestrial phytotoxicity: 

Growth of B. napus in the controls was significantly enhanced (by 19%) in the +bios treatment 

compared to the -bios treatment based on shoot length (p<0.001). Hence, no phytotoxic effects were 

observed related to biosolids applied at usual agricultural rates.  

While EC50 values for growth inhibition by ketoconazole and BDDA tended to be higher in the +bios 

compared to in the -bios treatment, no significant influence of the biosolids amendment on the 

parameters of the concentration-response curves (i.e., EC50 and slope b) was detected for any of the 

test substances. The only exception was a significantly (p<0.05) flatter curve in the case of 

climbazole +bios (Table S7); a single finding that might simply be related to the sheer number of 

comparisons. Thus, the hypothesis that sludge amendment would reduce the effects of sorptive 

substances as reported in previous studies (Erikkson et al., 2008, Wu et al., 2009, Peña et al., 2014) 

was not supported by the present results. 

The non-significant impact of biosolids amendment in the present study was probably due to the 

comparatively low biosolids application rate of 5 t/ha corresponding to 3.8 g d.w./kg soil d.w. This 

increased the soil Corg (1.0%, LUFA 2.3) by approximately 12%, to a final content of 1.1%. In 
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contrast, most studies where effects from biosolids or sludge amendment were detected used 

substantially higher sludge application rates. For example, soil amendment with approximately 

20 g/kg d.w. sewage sludge resulting in a soil Corg of approximately 1.8% significantly reduced the 

uptake into ryegrass and phytotoxicity of pesticides (Peña et al., 2014). Further, sewage sludge 

amendment at 12-29 t/ha significantly reduced triclosan uptake into plant roots, which was likewise 

attributed to the increased Corg of the soil (Prosser et al., 2014). It can be assumed that with 

increasing contact time between the sludge-soil matrix and pollutants (e.g. by pre-incubation of the 

substance with sludge before adding to soil), sequestration processes may further reduce their 

bioavailability and toxicity (Reid et al., 2000). 

Overall, our results provide evidence that biosolids or sewage sludge applied at a realistic field 

application rate of 5 t/ha do not detectably influence the phytotoxicity of co-applied organic 

micropollutants. Hence, it can be concluded that standard biotests conducted without sludge 

amendment are sufficiently conservative without being over-protective to assess the effects of 

sludge-born organic micropollutants on terrestrial plants. 

 

Uptake of BDDA into B. napus: 

At test end, i.e. 19 days after test start, measured BDDA concentrations in soil (Figure 3, Table S8) 

amounted to less than 32% of nominal test concentrations with no significant influence by the 

biosolids treatment (p=0.718, one-way ANOVA).  

BDDA was found in the shoot tissue of all exposed plants. The measured plant concentration of 

BDDA increased with the nominal soil concentration, reaching up to 4.3 mg/kg d.w. in B. napus 

shoots (supplements Table S8). Based on the total BDDA mass applied per pot and detected in the 

respective shoots (using an average soil mass of 0.38 kg d.w. and the sum shoot dry weight per pot, 

calculations see Table S8), a negligible BDDA fraction of less than 0.001% was taken up by the 

plant shoots. Thus, the low recovery of soil concentrations at test end was not caused by uptake into 

plants, but rather provides evidence for substantial degradation of BDDA in soil. However, it can be 

assumed that sorption onto and uptake into roots of B. napus, that were not included in the 

measurement here, at least partly contributed to the low recovery in soil. Further, metabolisation of 

BDDA inside the plant may lead to underestimating of uptake as it has been found that in carrot cells 

the conjugates’ concentrations of the antibacterial agent triclosan were up to factor 5 higher than the 

parent compound itself (Macherius et al., 2012). 
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Figure 3: Left: BDDA (benzyldimethyldodecyl ammonium, cation) measured concentration in soil at the end 
of the plant test (19 days after test start); right: BDDA bioconcentration factor (BCF) from soil (nominal 
concentrations) to B. napus shoot (mean with standard error), n = 4 replicates per treatment.  

 

Average BDDA concentrations in shoot tissue tended to be lower in the +bios treatments, but were 

not significantly different from those in -bios (one-way ANOVA, p=0.71). Yet, the bioconcentration 

factor from soil (nominal concentrations) to shoot (BCFB. napus shoot) was found to be significantly 

reduced by the biosolids amendment (two-way ANOVA, p=0.005, Figure 3), while neither BDDA 

concentration level nor the interaction between the two factors (concentration level*biosolids 

treatment) were found to have a significant influence (both p>0.05) on the BCF. The independence 

from concentration levels indicates that equilibrium was established between BDDA concentrations 

in soil and plant shoot. Overall, BCFB. napus shoot of on average 0.0027 (-bios) and 0.0020 (+bios) 

demonstrated that BDDA concentrations in B. napus shoot tissue were at least factor 100 smaller 

than nominal concentrations in soil. The BCFB. napus shoot would still be smaller than 0.02, even if 

based on measured soil concentrations at test end instead of much higher nominal soil 

concentrations. 

For other PPCPs, substantially higher plant BCFs than that for BDDA have been reported (Holling et 

al., 2012, Tanoue et al., 2012, Prosser et al., 2014). For example, carbamazepine was accumulated 

approximately 100-fold from soil fortified at 2.6 µg/kg to cabbage shoot and root tissue with mean 

concentrations of 237 µg/kg and 329 µg/kg, respectively (Holling et al., 2012). This is probably 

related to the faster uptake of an uncharged molecule such as carbamazepine compared to a charged 

molecule such as BDDA (Trapp, 2000) and to the better internal transport of substances with 

medium lipophilicity (log Kow from 1.5 to 3) that can cross hydrophobic membranes (e.g. of root 

endodermis) and also move into the shoot via the aqueous xylem sap (Trapp, 2000, Tanoue et al., 
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2012). In accordance with the present findings, the bioconcentration of carbamazepine in cabbage 

was found to be substantially lower in soil amended with biosolids (approximately factor 5 and 28 

for shoot and root, respectively) than in soil fortified with carbamazepine (Holling et al., 2012).  

To conclude, sludge amendment reduced the bioconcentration of BDDA in plants, which provides 

evidence for reduced bioavailability. However, as mentioned above, this reduction did not result in 

significantly reduced growth inhibition in these plants. 

 

Phytotoxicity and mode of action: 

Visual effects observed in Lemna exposed to ketoconazole and BDDA were a general reduction of 

frond size and number and slightly chlorotic fronds. In contrast, plants exposed to climbazole 

(Richter et al., 2013) and fluconazole exhibited markedly smaller, crisp fronds of darker green color 

and formed clusters that did not detach from the colonies. This phenomenon was likewise observed 

in L. minor treated with uniconazole P, a plant growth regulator that is known to inhibit gibberellin 

biosynthesis (Inada et al., 2000). Similarly, specific symptoms such as reduced shoot elongation, in 

combination with smaller, greener and crisper leaves were observed in B. napus affected by 

ketoconazole, climbazole and fluconazole (Figure 4). Regarding the here tested azoles, only 

ketoconazole was previously demonstrated to specifically inhibit the biosynthesis of brassinosteroids 

in plants (Oh et al., 2012). 

 

 

Figure 4: Morphological effects of fluconazole on B. napus at test end. A: Treatment concentrations ranging 
from 1-81 mg/kg soil d.w. A’: leaf at 3 mg/kg; A’’: leaf at 9 mg/kg; B: plant at 81 mg/kg. 

 

Side effects of azole fungicides to non-target organisms relate to the highly conserved amino acid 

sequence of CYP51, which is involved in the biosynthesis of sterols throughout all eukaryotic 

kingdoms (Rademacher, 2000). Bulk sterols constitute ubiquitous components of the plasma 
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membranes (Lepesheva and Waterman, 2007), while sterols also serve as precursors for mammalian 

steroid hormones, insect ecdysteroids (Lepesheva and Waterman, 2007) and for certain plant 

hormones. Gibberellins promote longitudinal growth, germination, and fruit setting (Rademacher, 

2000), and brassinosteroids control cell elongation and proliferation, seedling development, and 

stress tolerance (Oh et al., 2012). To what extend an azole affects the biosynthesis of bulk sterols or 

that of phytohormones depends on the individual molecular structure being similar either to 

lanosterol (precursor of sterols) or rather to ent-kaurene (precursor of ent-kaurenoic acid) 

(Rademacher, 2000). Given the observed morphological alterations in L. minor and B. napus caused 

by ketoconazole, climbazole and fluconazole, it can be concluded that all these three antimycotics 

specifically interfere with phytohormone biosynthesis. 

Similar to azoles, certain QACs such as chlormequat chloride (CCC) and dimethylmorpholinium 

chloride (17-DMC) are known to block the biosynthesis of gibberellins (Rademacher, 2000, Saito et 

al., 1996), and are therefore applied as plant growth retardants (Miliuviene et al., 2003). However, 

QACs encompass a variety of structures and thus possess various properties and efficacies depending 

on their individual side chains (Gerba, 2015). As in the present study, no specific growth retarding 

symptoms were observed in BDDA-exposed B. napus and L. minor, a specific phytohormone-

influencing mode of action appears unlikely for BDDA. Nevertheless, BDDA toxicity to L. minor 

was pronounced and even higher than that of fluconazole.  

For ionisable organic substances such as the tested compounds, their toxicity is not only related to 

the hydrophobicity of the uncharged molecule but also depends on the pH-specific partitioning. 

Particularly for weak bases such as the tested azoles, sorption to soil is hard to predict quantitatively 

as electrostatic attraction is mostly stronger than hydrophobic partitioning to organic matter (Schaffer 

and Licha, 2015). The same is true for BDDA because as a cationic surfactant it is permanently 

cationic, i.e. without the dissociated chloride, independent of the pH (Gerba, 2015). In the present 

study, based on their pKa (Table 1) and average test pH, only fluconazole was uncharged, while 

climbazole and ketoconazole existed mostly in the cationic form (approximately 95% and 67%, 

respectively, in aqueous medium with pH 6.2, and 83% and 34%, respectively, in soil at pH 6.8). 

Thus, the comparatively low terrestrial phytotoxicity of ketoconazole compared to its high aquatic 

phytotoxicity is probably related to its strong sorption to soil of both the hydrophobic neutral and the 

cationic molecules and its thereby reduced bioavailability, as it has been concluded for other PPCPs 

(Holling et al., 2012). The low hydrophobicity and uncharged character of fluconazole, in contrast, is 

likely responsible for its comparatively high terrestrial phytotoxicity. Yet, even with the greater 

portion being cationic, climbazole exerted high aquatic as well as terrestrial toxicity, underlining that 

ecotoxicity is hard to predict based on physicochemical properties alone. This may at least partly be 

due to the highly specific mode of action of the here investigated azole antimycotics. 
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Environmental relevance of observed toxicity: 

In a recent monitoring of climbazole in the river Yangtze, climbazole was detected at all 24 sampling 

locations at concentrations ranging from 0.14-2.12 ng/L in water and from 0.17-4.41 µg/kg in 

sediments (Zhang et al., 2015). Data on biodegradability indicate that climbazole and fluconazole are 

rather persistent and can potentially accumulate in soil based on their half-lives of 175 days (Chen et 

al., 2013) and 73-85 days (Garcia-Valcarcel et al., 2012), respectively, in sludge-amended soil. 

BDDA was shown to rapidly sorb to biomass, to inhibit sludge respiration at high concentrations 

(half-saturation inhibition constant of 0.28-0.15 mg/L) and to serve as carbon source in the absence 

of readily available sugars (Zhang et al., 2011). Biodegradability can also be assumed for 

ketoconazole during WWT (Peng et al., 2012). Yet, once the substances are bound to the soil surface 

and sequestered into organic matter, their degradation may be hindered (Reid et al., 2000) so that it 

cannot be excluded that their residues potentially accumulate in sludge-amended soil.  

Preliminary hazard quotients (HQs) for chronic phytotoxicity were calculated by dividing measured 

environmental concentrations by the determined EC10 values (Table 5).  

A few studies are available that report (often only as minimum-maximum range) measured 

concentrations for effluent and sewage sludge of BDDA (Clara et al., 2007, Kreuzinger et al., 2007, 

Martinez-Carballo et al., 2007), ketoconazole (Peng et al., 2012, Casado et al., 2014, Garcia-

Valcarcel et al., 2011, Van de Steene et al., 2010, Macikova et al., 2014), climbazole (Wick et al., 

2010, Chen et al., 2013, Chen et al., 2014) and fluconazole (Peng et al., 2012, Casado et al., 2014, 

Macikova et al., 2014, Loos et al., 2013, Garcia-Valcarcel et al., 2011).  
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Table 5: Preliminary hazard quotients (HQs) of determined effective concentrations for test substances and 
measured environmental concentrations (MECs) in effluent and sewage sludge obtained from literature. 

Substance 

EC10 
L. minor 

YFN 
[µg/L] 

MEC effluent  
[µg/L] 

HQ effluent, 
geomean 

(max) 

EC10  
B. napus BM 
[mg/kg d.w.] 

MEC sludge  
[µg/kg d.w.] 

HQ sludge, 
geomean 

(max) 

BDDA 67.0 

0.175 (0.03 - 0.50) 
[1]

; 0.16 (unfiltered 
municipal) 

[3]
; 4.1 

(unfiltered diary) 
[3]

 

0.007 (0.06) 40 
25000 

[2]
; 73 (6 - 

3600, river 
sediments) 

[3]
 

0.03 (0.6) 

Ketoconazole 17.7 

0.02 (<0.05 - 0.04) 
[5]

; 0.005 (<0.005 - 
0.035) 

[7]
; 0.043 

(0.006 - 0.077) 
[8]

 

0.001 
(0.002) 

257 
535 (62 - 4449) 

[6]
; 335 (126-
490) 

[4]
 

0.002 
(0.02) 

Climbazole 5.34 
0.378 (0.312 - 0.443) 

[9]
; 0.407 

[10]
 

0.02 (0.08) 4 1160 
[9]

; 165 
[11]

 0.1 (0.3) 

Fluconazole 371 

3.304 (0.182 - 6.426) 
[8]

; 0.14 
[4]

; 0.04 (0.02 
- 0.10 ) 

[5]
; 0.067 

(0.598) 
[12]

 

0.0003 
(0.009) 

2 2 (<2 - 58) 
[6]

 
0.001 
(0.03) 

L. minor: EC10 for yield frond number based on overall recovery (BDDA, ketoconazole and climbazole) or nominal 

concentrations (fluconazole); B. napus: EC10 for biomass (shoot fresh weight); MECs given as mean concentration with min-max 

range [1], max [2, 10], median with min-max [3-9], mean [11] or median with max [12] ; (values <LOQ were considered with LOQ). 

HQ=MEC/EC10 (MEC as geometric mean and maximum of all reported MECs). BDDA = benzyldimethyldodecylammonium 

(cation). 

References: 1 Clara et al., 2007; 2 Martınez-Carballo et al., 2007; 3 Kreuzinger et al., 2007; 4 Peng et al., 2012; 5 Casado et al., 

2014; 6 Garcia-Valcarcel et al., 2011; 7 Van de Steene et al., 2010; 8 Macikova et al., 2014; 9 Wick et al., 2010; 10 Chen et al., 

2014; 11 Chen et al., 2013; 12 Loos et al., 2013. 

 

For the HQ estimation, median concentrations (cited or calculated from literature data) as well as 

maximum concentrations were used to estimate average and worst-case hazard. The hazard 

estimation is rather indicative, because the preliminary HQs do not include dilution factors from 

sludge to soil or from wastewater to surface water, and because no safety factors were applied to 

effective concentrations. Secondly, available information on measured environmental concentrations 

is scattered and likely not representative, while exposure pathways such as run-off from sludge-

amended fields (Topp et al., 2008) or repeated sludge amendment at elevated rates (Chen et al., 

2013) are not taken into account. Maximum HQs for aquatic plants ranged from 0.002 for 

ketoconazole to 0.08 for climbazole, and for terrestrial plants from 0.02 for ketoconazole to 0.6 for 

BDDA. While no immediate risks are indicated (i.e. no HQ >1) these estimates demonstrate greatest 

environmental risk with a safety margin of less than factor 15 for BDDA and climbazole both for the 

aquatic and the terrestrial compartment.  
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Conclusions  

The present study demonstrates that wastewater-born antimycotics exhibit high phytotoxicity to 

aquatic and terrestrial plants and at similar concentration ranges as structurally related fungicides 

used in agriculture. Yet, the high susceptibility of aquatic plants such as water lentils is currently not 

taken into account in the environmental risk assessment required for ingredients of PPCPs. Based on 

the observed symptoms it can be concluded that ketoconazole, climbazole and fluconazole 

specifically interact with the biosynthesis of phytohormones, similar to substances used as plant 

growth regulators in agriculture. The co-application of sludge at a realistic rate did not significantly 

reduce the substances’ toxicity so that standard ecotoxicity testing appears not to be overprotective 

for exposure of terrestrial plants via sludge. Based on preliminary HQs, the tested substances appear 

to pose no immediate risk for plants, particularly in the case of the two pharmaceuticals, 

ketoconazole and fluconazole. Yet, maximum HQs of >0.1 for BDDA and climbazole in digested 

sewage sludge and of >0.01 in effluent leave a small margin of safety that should be further 

evaluated by compiling more data on actual environmental concentrations. 
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Supplements to “Phytotoxicity of wastewater-born micropollutants – characterisation of three 

antimycotics and a cationic surfactant” 

 

Table S1: pH determined in the biotests with L. minor.  

 

BDDA, initial BDDA, aged Ketoconazole Fluconazole 

pH d0, d2, d5  d2  d5  d7  d0 d7 d0 d7 

Medium 5.5 5.9 6.3 6.5 5.7 7.0 5.5 6.8 

C1 5.5 5.9 6.3 6.5 5.7 7.0 5.5 6.9 

C2 5.5 5.9 6.3 6.5 5.7 7.2 5.5 6.6 

C3 5.5 5.9 6.4 6.0 5.7 6.9 5.5 6.9 

C4 5.5 5.8 6.0 6.1 5.7 6.4 5.5 6.4 

C5 5.5 5.7 5.7 5.8 5.7 6.6 5.5 6.3 

mean (C1 – C5) ± SD 5.5 ± 0.0 6.1 ± 0.3 5.7 ± 0.0 6.8 ± 0.3 5.5 ± 0.0 6.6 ± 0.3 

Mean pH of initial (day 0 or day 0, 2 and 5 for BDDA) and aged (day 7 or day 2, 5 and 7 for BDDA) calculated over test 

solutions (C1–C5). SD = standard deviation. Medium = modified Steinberg medium. BDDA = 

benzyldimethyldodecylammonium (cation.) 

 

Table S2: Nominal test concentrations applied in the biotests with L. minor and B. napus.  

L. minor [mg/L] B. napus [mg/kg soil dry weight] 

BDD

A salt 

BDDA+ Ketoco-

nazole 

Fluco-

nazole 

BDDA 

salt 

BDDA+ Ketoco-

nazole 

Climba-

zole 

Fluco-

nazole 

CON CON CON CON CON - 

bios 

CON -  

bios 

CON -  

bios 

CON -  

bios 

CON - 

 bios 

- - SC - CON + 

bios 

CON + 

bios 

CON +  

bios 

CON +  

bios 

CON +  

bios 

0.01 0.0089

6 

0.100 0.300 62.5 56 62.5 3 1 

0.03 0.0269 0.185 0.600 125 112 125 9 3 

0.10 0.0896 0.342 1.200 250 224 250 27 9 

0.32 0.269 0.633 2.400 500 448 500 81 27 

1.00 0.896 1.171 4.800 1000 896 1000 243 81 

CON = control (modified Steinberg medium); SC = solvent control; CON - bios = LUFA Sp2.3; CON + bio = 

LUFA Sp2.3 with biosolids amendment of 3.8 g/kg soil. 
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Analytical methods: 

Chemicals 

BDDA was analysed via determining the cation of the standard benzyldimethyldodecylammonium 

bromide (given concentrations refer to the cation if not indicated otherwise). 

Benzyldimethyldodecylammonium bromide and ketoconazole were obtained from Sigma Aldrich 

(Seelze, Germany), fluconazole, fluconazole-D4, ketoconazole-D8, and 

benzyldimethyldodecylammonium bromide-D5 (BDDA-D5) from Toronto Research Chemicals 

(North York, Ontario, Canada). Methanol (MeOH) and acetonitrile (ACN, both HPLC-grade) were 

obtained from Merck (Darmstadt, Germany), ultra-pure water was provided by a Milli-Q system 

(Merck).  

Liquid sample preparation 

For ketoconazole, 10 µL of the surrogate standard ketoconazole-D8 (10 µg/mL) were added to an 

aliquot of 1 mL of each sample and transferred to an HPLC vial. For fluconazole, samples were 

diluted with MeOH. The dilution factor was adjusted to obtain a final concentration of fluconazole of 

300 µg/L. An aliquot of 1 mL of each diluted samples was transferred to an HPLC vial and 10 µL of 

the surrogate standard fluconazole-D4 (10 µg/mL) were added. For BDDA, aliquots of samples with 

nominal BDDA concentrations of 100 and 1000 µg/L were diluted with MeOH to obtain a final 

concentration of 10 µg/L. Aliquots of each (diluted) sample of 1 mL were transferred to HPLC vials 

and 25 µL of the surrogate standard BDDA-D5 (1 µg/mL) were added. 

Plant and soil extraction of BDDA 

Prior to the analyses of BBDA in B. napus, the shoot samples were ground using a cryo mill. Sample 

extraction was accomplished by pressurized liquid extraction (PLE) using an Accelerated Solvent 

Extraction system (ASE 350, Dionex, Idstein, Germany). Thereto, aliquots of 0.1 g of plant material 

(or total plant material if the mass was <0.1 g) was filled into extraction cells (size = 10 mL) and 750 

ng of the isotopic labelled internal standard (BDDA-D5) were added. Cells were filled with quartz 

sand and well mixed with the plant material. PLE was conducted in four extraction cycles with 

MeOH as solvent at a pressure of 100 bar and a temperature of 80 C. The plants extracts were then 

diluted with MeOH to a final volume of 30 mL and approximately 1 mL thereof was transferred into 

a HPLC vial. Soil extraction was done analogously to plant extraction, with 0.1-1.0 g of soil used for 

PLE (depending on the nominal concentration of the soil; 0.1 g for 10 mg/kg and 1.0 g for 63 

mg/kg). 
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HPLC-MS/MS methods 

All liquid samples as well as plant extracts were analysed for target substances using an HLPC-

MS/MS system consisting of a binary LC pump (1260, Agilent, Waldbronn, Germany) and an API 

4000 tandem mass spectrometer (Sciex, Darmstadt, Germany). ). The MS was operated in positive 

ionization mode using electrospray ionization (ESI). Separation of fluconazole and ketoconazole was 

achieved with a binary gradient of ultra-pure water (mobile phase A1) und acetonitrile (mobile phase 

B1; ACN, both 0.1% formic acid (FA)) on a Luna C18(2) column, (150 x 2 mm, 3 µm, Phenomenex, 

Aschaffenburg, Germany). The HPLC program was as follows: flow rate: 350 µL/min; 0 min: 95% 

A1, 3 min: 95% A1, 9 min: 1% A1, 14 min: 1% A1, 14.1 min: 95% A1, 19 min: 95% A1. BDDA 

was analyzed using binary gradient of water (mobile phase A2, 10 mM ammonium formate 

(NH4FA)) + 0.1% FA) and MeOH (mobile phase B2) on a Hydro-RP column (150 x 3 mm, 4 µm, 

Phenomenex. The HPLC program was as follows: flow rate: 400 µL/min; 0 min: 90% A2, 1.5 min: 

90% A2; 5 min: 25% A2; 12 min: 1% A2; 19 min: 1% A2, 19.1 min: 90% A2, 24.5 min: 95% A2. 

The column temperature was always 40 °C and the injection volume was always 10 µL. 

Quantification of analytes was done using the multi reaction monitoring (MRM) mode. For each 

analyte and internal standard two transitions were monitored (Table S3). 

Table S3. Overview of the mass transitions of analytes and internal standards and their optimized mass 
spectrometric parameters. 

Substance MRM 1 [m/z] MRM 2 [m/z] 

DP [V] 

(MRM1/MRM2) 

CE [eV] 

(MRM1/MRM2) 

CXP [V] 

(MRM1/MRM2) 

BDDA (cation) 304.3/91.1 304.3/212.2 100/100 36/29 12/12 

BDDA-D5 309.3/96.1 309.3/212.2 100/100 40/29 12/12 

Fluconazole 307.2/220.3 307.2/238.3 70/70 25/20 15/20 

Fluconazol-D4 311.2/223.2 311.2/242.3 70/70 25/23 17/15 

Ketoconazole 531.1/497.1 533.1/491.1 110/125 47/46 10/10 

Ketoconazole-D8 539.1/497.1 539.1/244.1 75/75 43/45 12/12 

 

The limit of quantification (LOQ) of the applied analytical procedures was for aqueous samples 0.50 

µg/L (BDDA cation), 5 µg/L (ketoconazole) and 10 µg/L (fluconazole), and 5-50 µg/kg d.w. for 

BDDA cation and plant tissue (depending on the extracted mass of soil and plant tissue). 
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Table S5: Compliance of the controls of the bioassays with the validity criteria of the respective test 
guidelines. 

Test 

organism 

Test 

guideline 

Validity criteria for the 

controls 

Observed in test 

B. napus OECD 208, 

2006 

≥ 70% emergence in each 

pot 

BDDA, fluconazole: 95%(- bios), 90% (+ bios) 

climbazole, ketoconazole: 100% (- bios), 85% (+ bios) 

  ≥ 90% mean survival of 

emerged plants 

BDDA, fluconazole: 100% (- bios), 100% (+ bios) 

climbazole, ketoconazole: 100% (- bios), 100% (+ 

bios) 

L. minor OECD 221, 

2002 

frond number doubling time 

< 2.5 days 

1.7 (BDDA) 

2.0 (fluconazole) 

2.0 (ketoconazole) 
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Table S6: ECx and NOEC values of BDDA (cation), ketoconazole, climbazole and fluconazole determined 
for L. minor based on nominal concentrations and corrected for overall recovery. 

  
Ecx (95% 
CI) 

BDDA Ketoconazole Climbazole Fluconazole 

Yield FN NOEC 0.0896 0.100 0.0031 0.3 

 
EC10 0.154 0.178 0.0078 0.371 

  
(0.112 - 0.196) (0.115 - 0.241) (0.0062 - 0.0094) (0.301 - 0.442) 

 
EC20 0.267 0.255 0.0109 0.529 

  
(0.217 - 0.318) (0.191 - 0.320) (0.0093 - 0.0126) (0.458 - 0.600) 

 
EC50 0.686 0.472 0.0195 0.969 

  
(0.597 - 0.775) (0.406 - 0.539) (0.0171 - 0.0219) (0.886 - 1.05) 

 

Parameter 
b 

-1.47 -2.25 -2.39 -2.29 

MGR FN NOEC 0.269 0.190 0.0031 0.3 

 
EC10 7.09* 0.286 0.0113 0.473 

  
(0.00 - 28.3) (0.227 - 0.345) (0.0079 - 0.0147) (0.369 - 0.577) 

 
EC20 7.14* 0.407 0.0170 0.783 

  
(0.00 - 28.5) (0.349 - 0.465) (0.0133 - 0.0207) (0.662 - 0.904) 

 
EC50 7.22* 0.743 0.0341 1.85 

  
(0.00 - 28.8) (0.678 - 0.808) (0.0341 - 0.0382) (1.66 - 2.04) 

  
Parameter 

b 
-122 -2.3 -1.99 -1.61 

Yield BM NOEC 0.0896 0.100 0.0008 < 0.3 

EC10 0.125 0.133 0.0016 0.096 

 
(0.0499 - 0.199) (0.097 - 0.169) (0.0002 - 0.0029) (0.00 - 0.192) 

EC20 0.217 0.284 0.003 0.239 

 
(0.129 - 0.306) (0.238 - 0.331) (0.0011 - 0.0049) (0.077 - 0.400) 

EC50 0.56 1.04 0.0091 1.14 

 
(0.427 - 0.694) (0.896 - 1.19) (0.0056 - 0.0125) (0.745 - 1.53) 

Parameter 
b 

-1.46 -1.07 -1.25 -0.89 

MGR BM NOEC 0.0896 0.100 0.0031 0.3 

EC10 0.308 0.392 0.0025 0.195 

 
(0.223 - 0.392) (0.339 - 0.446) (0.0002 - 0.0048) (0.009 - 0.381) 

EC20 0.572 0.872 0.0044 0.765 

 
(0.492 - 0.652) (0.798 - 0.947) (0.0015 - 0.0073) (0.379 - 1.15) 

EC50 1.65* 3.42* 0.0114 7.92* 

 
(1.25 - 2.06) (2.60 - 4.24) (0.0074 - 0.0155) (2.59 - 13.3) 

Parameter 
b 

-1.31 -1.02 -1.46 -0.59 
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Table S6 (continued) 

  
Ecx (95% 
CI) 

BDDA Ketoconazole Climbazole Fluconazole 

Overall recovery [%] 43.6 11.8 71 121 

Yield FN recovery corrected 
   

 
EC10 0.0670 0.0210 0.0055 0.449 

 
EC20 0.1164 0.0301 0.0077 0.640 

 
EC50 0.2992 0.0557 0.0138 1.17 

MGR FN recovery 
corrected     

 
EC10 3.09 0.0337 0.0080 0.572 

 
EC20 3.11 0.0480 0.0121 0.947 

  EC50 3.15 0.0877 0.0242 2.24 

Yield BM recovery corrected 
   

EC10 0.0545 0.0157 0.0011 0.116 

EC20 0.095 0.034 0.002 0.289 

  EC50 0.244 0.123 0.006 1.38 

MGR BM recovery corrected 
   

EC10 0.13 0.05 0.00 0.24 

EC20 0.25 0.10 0.00 0.93 

  EC50 0.72 0.40 0.01 9.58 

NOEC: No observed effect concentration; ECx: concentration estimate with x% effect; CI: confidence interval; FN = frond 

number; MGR = mean growth rate; BM = biomass (dry weight). *extrapolated beyond tested concentrations; Re-calculated based 

on proportional responses from Richter et al. 2013.  
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Table S7: ECx and NOEC of BDDA (cation), ketoconazole, climbazole and fluconazole determined for B. 
napus based on nominal concentrations in soil. 

 
BDDA Ketoconazole Climbazole Fluconazole 

ECx (95% 
CI) 

(-bios) (+bios) (-bios) (+bios) (-bios) (+bios) (-bios) (+bios) 

Emergence 
        

NOEC 448 ≥ 896 ≥ 1000 ≥ 1000 27 81 27 27 

EC10 817 798 > 1000 > 1000 49.9 76.8 22.3 19.9 

 
(n.d.) (n.d.) (n.d.) (n.d.) (7.1 – 92.7) (n.d.) (0 – 50.5) (0 – 43.4) 

EC20 854 881 > 1000 9030 63.1 82.3 33.6 29 

 

(144 - 
1565) 

(618 - 
1145) 

(n.d.) (n.d.) 
(21.2 - 
104) 

(n.d.) 
(2.10 - 
65.1) 

(2.86 - 
55.1) 

EC50 923* 1045* > 1000 > 1000 94.1 92.5 67.7 55.3 

 

(444 - 
1402) 

(n.d.) (n.d.) (n.d.) 
(43.4 – 
145) 

(n.d.) 
(8.81 – 
127) 

(13.1 – 
97.5) 

Parameter b -54 -26.9 (n.d.) -6.13 -3.45 -11.8 -1.98 -2.15 

Shoot 
length         

NOEC 112 < 56 62.5 < 62.5 3 < 3 1 1 

EC10 83 75 154 172 3.58 2.71 1.48 1.6 

 
(37 - 130) 

(39.8 - 
110) 

(96.6 - 
212) 

(125 - 219) 
(1.84 - 
5.32) 

(2.10 - 
3.32)* 

(1.06 - 
1.89) 

(1.18 - 
2.03) 

EC20 194 185 261 291 5.02 4.47 2.98 3.11 

 
(129 - 259) (133 - 237) (196 - 326) (239 - 343) 

(3.41 - 
6.63) 

(3.76 -5.19) 
(2.39 - 
3.58) 

(2,52 - 
3.71) 

EC50 822 873 640 715 8.94 10.5 9.96 9.7 

 

(565 - 
1078) 

(638 - 
1107) 

(541 - 738) (638 - 792) 
(7.20 - 
10.7) 

(9.50 - 11.6) 
(8.67 - 
11.3) 

(8.49 - 
10.9) 

Parameter b -0.96 -0.89 -1.55 -1.54 -2.4 -1.62 -1.15 -1.22 

Biomass 
        

NOEC < 56 224 500 250 3 3 < 1.0 3 

EC10 40.2 57.5 257 192 4.3 3.52 1.77 1.99 

 

(23.7 - 
56.6) 

(39.0 - 
76.1) 

(145 - 369) 
(62.2 - 
322) 

(3.61 - 
4.99) 

(2.70 - 4.34) 
(1.18 - 
2.36) 

(1.08 - 
2.90) 

EC20 75.5 100 346 299 5.91 5.34 3.26 3.53 

 

(54.1 - 
96.9) 

(77.5 - 
123) 

(237 - 455) (165 - 433) 
(5.31 - 
6.51) 

(4.45 - 6.22) 
(2.49 - 
4.02) 

(2.37 - 
4.68) 

EC50 222 258 578 636 10.2 10.9 9.24 9.38 

 
(185 - 259) (223 - 293) (440 - 715) (508 - 764) 

(9.37 - 
11.0) 

(9.79 - 12.0) 
(7.90 - 
10.6) 

(7.34 - 
11.4) 

Parameter b -1.29 -1.46 -2.71 -1.84 -2.54 -1.94 -1.33 -1.42 

NOEC: No observed effect concentration (for emergence and survival applying the Fisher`s Exact Binomial test with Bonferroni 

Correction, α = 0.05, one-sided greater, for shoot length and biomass applying the William t-test, a = 0.05, one-sided smaller, 

determined on raw data in TOXRAT version 10.2). * Indicates that value was derived from extrapolation. Survival of plants was 

not affected by the test substances except for fluconazole at the highest test concentration, i.e. with a NOEC > 81 mg/kg d.w. 

Quotients refer to concentration-response curve parameter (EC50 and b) from with biosolids amendment test divided by 

parameter from without biosolids amendment test and ** indicates significant difference between +bios and –bios.  
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Table S8: Comparison of B. napus concentration-response curves from with and without biosolids 
amendment by quotients of EC50 and parameter b (slope). 

Substance Parameter Quotient t-value 

 
emergence, EC50 

 
BDDA  

 
1.04 0.02 

Climbazole 
 

0.98 0.01 

Ketoconazole 1.00 NA 

Fluconazole 
 

0.82 -0.38 

 
emergence, b 

  
BDDA  

 
0.50 -0.03 

Climbazole 
 

3.42 0.09 

Ketoconazole n.d. NA 

Fluconazole 
 

1.09 0.10 

 
shoot length, EC50 

 
BDDA  

 
1.06 0.318 

Climbazole 
 

1.17 1.65 

Ketoconazole 1.12 1.15 

Fluconazole 
 

0.97 -0.226 

 
shoot length, b 

 
BDDA  

 
0.93 -0.417 

Climbazole 
 

0.68 -2.44* 

Ketoconazole 
 

0.99 -0.0184 

Fluconazole 
 

1.06 0.442 

 
biomass, EC50 

 
BDDA  

 
1.16 1.12 

Climbazole 
 

1.07 -0.0911 

Ketoconazole 
 

1.10 0.919 

Fluconazole 
 

1.02 0.0959 

 
biomass, b 

  
BDDA  

 
1.13 0.681 

Climbazole 
 

0.76 -0.429 

Ketoconazole 
 

0.68 -1.88 

Fluconazole   1.07 0.307 

* < 0.05, t-test in R, version 3.1.2., package “drc”, function “compParm”. 
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Abstract: 

The reuse of treated wastewater for irrigation and groundwater recharge can counteract water 

scarcity and reduce pollution of surface waters, but assessing its environmental risk should likewise 

consider effects associated to the soil. The present study therefore aimed at determining the impact of 

wastewater irrigation on the habitat quality of water after soil passage and of soil after percolation by 

applying bioassays and chemical analysis. Lab-scale columns of four different soils encompassing 

standard European soil and three field soils of varying characteristics and pre-contamination were 

continuously percolated with treated wastewater to simulate long-term irrigation. Wastewater and its 

percolates were tested for immobilization of Daphnia magna and growth inhibition of green algae 

(Pseudokirchneriella subcapitata) and water lentils (Lemna minor). The observed phytotoxicity of 

the treated wastewater was mostly reduced by soil passage, but in some percolates also increased for 

green algae. Chemical analysis covering an extensive set of wastewater-born organic pollutants 

demonstrated that many of them were considerably reduced by soil passage, particularly through 

peaty soils. Taken together, these results indicated that wastewater-born phytotoxic substances may 

be removed by soil passage, while existing soil pollutants (e.g. metals) may leach and impair 

percolate quality. Soils with and without wastewater irrigation were tested for growth of plants 

(Avena sativa, Brassica napus) and soil bacteria (Arthrobacter globiformis) and reproduction of 

collembolans (Folsomia candida) and oligochaetes (Enchytraeus crypticus, Eisenia fetida). The 

habitat quality of the standard and two field soils appeared to be deteriorated by wastewater 

percolation for at least one organism (enchytraeids, plants or bacteria), while for two pre-

contaminated field soils it also was improved (for plants and/or enchytraeids). Wastewater 

percolation did not seem to raise soil concentrations of classical organic pollutants and priority 

substances, while a significant retention was found for zinc and several organic micropollutants, 

particularly in the peaty soils, thus matching these soils’ observed higher removal efficiency. Overall, 

our results demonstrate that benefits of wastewater irrigation can come with the cost of deteriorating 

soil habitat quality and depend on the respective soil and considered test organism. The approach 

employed here represents a feasible tool to assess these integrated effects at lab-scale while being 

predictive for scenarios at field-scale.  

 

Keywords: 

Soil aquifer treatment; emerging pollutants; whole effluent toxicity testing; ecotoxicology; 

environmental risk assessment; soil quality. 
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Introduction 

Urban areas of metropolises facing growing water scarcity together with increasing water demand 

could benefit from the reuse of treated wastewater on land (Lischeid et al., 2011). Moreover, this 

reuse could help to further improve the quality of treated wastewater and of receiving surface waters 

as demanded by the European Water Framework Directive (WFD, 2000). At a global scale, 

wastewater reuse by irrigation on land is widely practiced, particularly in arid areas (Hamilton et al., 

2007). Concerns about wastewater irrigation relate to groundwater pollution and deterioration of the 

irrigated soil resulting from the accumulation of wastewater-born metals and organic pollutants 

(Munoz et al., 2009). However, soil contamination is often assessed with respect to risks for human 

health from crop consumption, while ignoring the potential impacts on soil habitat quality for 

terrestrial organisms (Prosser and Sibley, 2015). Environmental impacts of wastewater irrigation 

have been studied by monitoring individual wastewater-born pollutants in soil or water using 

laboratory or (semi-) field experiments (Ternes et al., 2007, Munoz et al., 2009, Grossberger et al., 

2014) or by measuring the removal efficiency of wastewater-born pollutants and pathogens via 

constructed wetlands, bank filtration or soil aquifer treatment (Verlicchi and Zambello, 2014). The 

focus of such studies has thus been on either water or soil quality but rarely addressed the trade-off 

between these two compartments (Munoz et al., 2009, Orias et al. 2013). Soil passage of treated 

wastewater can enhance the biodegradation of pollutants compared to the discharge into streams, 

however, adsorptive pollutants can also be retained in the soil and accumulate (Munoz et al., 2009). 

Selecting already contaminated instead of pristine land may relativize the pollution of soil by 

wastewater irrigation, but increase the risk for groundwater and surface water quality due to 

remobilization of old contaminants (Hamilton 2007, Lottermoser 2012). Usually, these risks are 

assessed by measuring already manifested effects during or ex-post studies at field-scale, but an 

experimental lab-scale method to estimate potential trade-offs ex-ante is missing. 

Therefore, the present study aimed to assess in an integrative and predictive approach the impact of 

long-term irrigation with treated wastewater on the quality of soil as habitat for terrestrial organisms 

and the influence of soil passage on the water quality for aquatic organisms, thus considering both 

affected environmental compartments together. Saturated, packed soil columns were continuously 

percolated with treated wastewater in a condensed timescale to represent a worst-case scenario with 

regard to low degradation and high soil retention compared to field conditions. Moreover, the 

influence of soil characteristics in terms of physicochemical properties and existing precontamination 

was investigated. To this end, an aquatic and a terrestrial bioassay battery encompassing standard 

ecotoxicity tests were combined with comprehensive chemical monitoring of priority and emerging 

pollutants.  
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The ecotoxicological hazard of a complex environmental sample depends on the chemical 

composition and usually differs among exposed species due to their individual sensitivity toward the 

single components and their mixture.  Therefore, a battery of aquatic and terrestrial bioassays was 

applied representing different trophic levels and toxicity endpoints, to assess the quality of treated 

wastewater, its percolates after soil passage and the respective soils. In the context of wastewater 

irrigation, percolate quality can be seen as indicative for the impact on groundwater, adjacent surface 

water as well as soil pore water. Applying aquatic biotest batteries to assess the hazard of treated 

wastewater (whole effluent toxicity testing, WET) is widely established (Power and Boumphrey, 

2004, Orias et al., 2013) and follows standardised test guidelines. Green algae as unicellular primary 

producers and crustacean as primary consumers are regularly required in WET, whereas water lentils 

as macrophytic primary producers are less frequently used in this context although being particularly 

suitable for the testing of turbid eluates (Moser and Römbke, 2009). These aquatic biotests proved 

also appropriate to assess the ecotoxicity of waste materials’ leachates (Krüger et al., 2011), but have 

rarely been applied for the analysis of soil percolates (Abrantes et al., 2008). Until now, terrestrial 

bioassays are not considered in European legislation on soil protection, despite their successful usage 

in characterizing the ecotoxicity of contaminated sites (Hawthorne et al., 2005). The benefit and 

reliability of a terrestrial biotest battery such as that used in the present study was already 

demonstrated for the assessment of waste in a comprehensive international ringtest (Moser and 

Römbke, 2009). Assessing wastewater irrigated soil by applying biotests appears therefore 

promising, but has not been reported so far.  

 

Materials and methods 

Soil column apparatus: 

An experimental apparatus was constructed taking into account the recommendations on soil column 

design of Lewis and Sjöstrom (2010) for saturated packed soil columns. The columns consisted of 

stainless steel tubes of 20 cm height and 22 cm diameter (6532 cm³ volume for soil) and lids of 

polyoxymethylene. The soil was held between two fixed steel meshes (mesh size 1.0 mm) covered at 

each side by a sieve fabric disk (polyester, mesh size 0.25 mm, SEFAR AG, Switzerland). The 

columns were continuously percolated from bottom to top to ensure water saturation of the soil 

(further details are described in Text S.1). 

Validation experiment with climbazole-spiked treated wastewater: 

A four weeks percolation experiment was performed to demonstrate the suitability and reliability of 

the apparatus by percolating European standard soil (LUFA 2.3, LUFA, Speyer, Germany; identical 

with s4, Table 1,) at 9.0±0.1 kg soil d.w. per column (n=3 replicate columns) with treated wastewater 
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spiked with the fungicide climbazole. The percolation regime (6.9±0.1 mL/min, equivalent to 10.0 

±0.2 L/d, for 28 d) and spiking concentration (1 mg/L climbazole) were selected to yield a 

climbazole concentration of approximately 25 mg/kg soil d.w. (assuming 90% adsorption), expected 

to result in 50% effect in plant tests (Richter et al., 2013). After percolation, the soil of each column 

was thoroughly homogenized. One soil sample per soil column was stored frozen (<5 months) and 

analyzed in triplicate for climbazole (method see Table S.1 in supplements). The remaining soil was 

air-dried and used in growth inhibition tests with Avena sativa and Brassica napus (ISO, 2012a). 

Each of the technical replicates (i.e. soil columns) was tested with four biological replicates (i.e. 

plant pots), in parallel with four replicates of untreated (i.e., non-percolated) LUFA 2.3 soil.  

 

Main experiment with treated wastewater and four soils: 

In order to experimentally simulate long-term irrigation (approximately 30 years assuming a realistic 

rate of 730 L/m2*year, Ternes et al., 2007), four packed soil columns were continuously percolated 

with treated municipal wastewater (WW feed) for 77 days (6.9±0.1 mL/min, equivalent to 10.0±0.2 

L/d or 276 L/m2*d, approximately 54 cm/d filter velocity). Each of the four columns was packed 

with a different soil, encompassing one reference soil and three field soils representing various soil 

properties but also different levels of precontamination. The field soils were sampled at the study site 

Hobrechtsfelde, located close to Berlin, Germany, where raw wastewater had been irrigated onto 

almost 100 km2 between the 1870s and the 1980s and where impacts on soil and groundwater quality 

have been extensively studied (Lottermoser et al., 2012). For the last ten years, treated wastewater 

has been led into constructed wetlands and channels of this area in the course of pilot projects aiming 

to prevent falling water levels that are threatening forest and wetland biotopes and are promoting the 

remobilization of heavy metals from degraded organic matter (Lottermoser et al., 2012). Our 

experiment used treated wastewater from the same source and was performed in situ at the respective 

wastewater treatment plant (WWTP, with 575000 population equivalents, employing activated 

sludge treatment with iron phosphate precipitation followed by denitrification and secondary 

sedimentation). The following parameters were measured on average in the WW feed: temperature: 

18.8°C (linear decline from 21°C to 15°C), pH 8.0, electrical conductivity: 1143 µS/cm, DOC: 11.3 

mg/L, Ca2+: 103 mg/L, Cl-: 135 mg/L, NO3
-: 42 mg/L, PO4

3-: 0.5 mg/L and SO4
2-: 145 mg/L. Redox 

conditions in the center of the soil columns were aerobic during the percolation period (350 mV to 

600 mV). Break-through curves for conductivity determined in the first 24 h of the experiment 

confirmed homogenous percolation regimes for all columns. 
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Sampling and treatment of soil in the main experiment: 

Field soils were collected from plots of approximately 2 m2 from a depth of 10 cm-50 cm (i.e. 

omitting the vegetation layer). Soil s1 (N 52.66’161; E 13.48’133) was sampled at a long-term raw 

sewage farm bed that had later been limed to rise the pH and increase sorption and immobilization of 

metals. Soils s2 (N 52.65’527; E 13.47’400) and s3 (N 52.66’834; E 13.48’722) were sampled at 

locations with little influence of former raw wastewater irrigation, but potential input of current 

irrigation. Sampled soils were air-dried, homogenized, sieved (4 mm) and stored at 4°C. European 

standard soil, LUFA 2.3 was used as reference soil (s4). A batch of each soil was retained (i.e. not 

used in the percolation experiment) to serve as control in the bioassays. At the termination of 

percolation, the drained soil of each column was thoroughly homogenized. For each of the percolated 

and untreated soils, one representative sample (i.e. n=1) was taken and stored frozen (<8 months) 

until chemical analysis and determination of soil characteristics. The remaining batch of each 

homogenized soil was air-dried, sieved (4 mm) and stored at 4°C (<6 months) until use in terrestrial 

bioassays. 

Soil characteristics such as grain size analysis, total organic carbon (TOC), maximum water holding 

capacity (WHKmax) and pH were determined by standard methods ( see supplements S.2).  

 

Sampling of percolates: 

During three sampling periods (day 0-3, 30-33, and 72–75, referred to as sampling 1, 2 and 3) three 

24 h composite samples were taken of the WW feed and each soil column percolate. The feed was 

always sampled 24 h earlier than the percolates to better achieve hydraulically corresponding 

samples. Sampling 1 was expected to be influenced primarily by substance-specific adsorption of 

wastewater-born substances and by a first flush of leaching of existing contaminants from the soils; it 

thereby represents the initial phase of a newly started irrigation. At samplings 2 and 3, adsorption, 

sequestration and degradation-related removal of wastewater-born substances was supposed to be at 

steady state, while leaching of existing contaminants would be mostly over; these samplings thus 

represent long-term irrigation. For the organic pollutants, the 24 h samples of each sampling period 

were analyzed individually (n=3 per sampling period and percolate/feed). For all other parameters 

and the biotests, the three 24 h composite samples were pooled for each sampling period (i.e., n=1 

per sampling period and percolate/feed). Samples were passed through 0.45 µm cellulose-acetate 

filters and stored refrigerated (<3 weeks) or frozen (<5 months) in amber glass bottles until analysis 

(organic pollutants) or refrigerated (<1 months) in polyethylene bottles (anions) and acidified with 

65% HNO3 (cations). For the biotests, unfiltered samples were stored frozen (<14 months) until use.  



ANNEX 

 

 

 

 
163  

Chemical analyses: 

In the aqueous samples, more than 100 substances (substances listed on Annex X of the WFD, 

metals, emerging pollutants, pharmaceuticals, biocides, and transformation products) were analyzed. 

In the soil samples (1 g to 10 g, freeze-dried and ground, with residual pore water contributing to 

<10% of soil concentrations), more than 100 substances (PCBs, PAHs, quaternary ammonium 

compounds (QACs), tin organics, pharmaceuticals, pesticides, biocides, metals) were analyzed. Total 

soil metal concentrations were measured in nitric acid extracts after microwave digestion. Analyses 

of metals and classic organic pollutants (PCBs, PAHs and tin organics) were done in accordance to 

German (DIN) or European (EN) standard protocols without analytical replication. According to 

frequently analyzed reference materials standard deviations can be predicted to be <10% for metals 

and <20% for organic pollutants. Pharmaceuticals, biocides and QACs were measured in triplicate. 

Detailed protocols are available in supplements (Table S.1). All reported soil concentrations refer to 

soil dry weight (d.w.). 

 

Calculations: 

For the experiment with climbazole-spiked treated wastewater, a variance component analysis was 

performed (STATISTICA, version 10) using plant biomass and length per biological replicate as 

dependent variable and the technical replicates (3 columns) as random variable. 

For the main experiment, the removal from WW feed by soil passage was calculated individually for 

substances detected in the feed above their limit of quantification (> LOQ). If values in the 

percolates were < LOQ, they were replaced by LOQ.  

  Equation 1 

In order to estimate the theoretical toxicity, toxic units (TUs) were calculated for Daphnia magna 

and Pseudokirchneriella subcapitata by dividing the measured concentration in the sample by the 

respective EC50 and calculating the sum of all TU for each sample and test organism. A sum of TU 

exceeding 1 indicates that the sample is expected to exhibit an effect of at least 50%. 

 

Biotest battery: 

The biotests were selected following recommendations of the ISO guideline 15799 (ISO, 2003) and 

were conducted according to international test guidelines. The aquatic biotests included green algae 

(P. subcapitata, 72 h growth inhibition test, n=3 replicates, ISO 8692, 2012b) and water lentils 

� ��   % = 100 −  
�����  �  � �������  �  �� 

∗ 100 
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(Lemna minor, 7 day growth inhibition test, n=4 replicates, ISO 20079, 2005) as primary producers, 

and a freshwater crustacean (D. magna, 48 h immobilization test, n=4 replicates, ISO 6341, 2012c) 

as consumer. The percolates of one sampling campaign were always tested in parallel with all aquatic 

bioassays. Prior to test start, the pH of the percolates was adjusted to 8.0 ± 0.1 for P. subcapitata and 

D. magna, and to 5.7 ± 0.1 for L. minor. The samples were tested with 90% percolate concentration 

and 10% 10-fold concentrated growth medium (modified Steinberg medium) for L. minor, with 89% 

percolate concentration and 10% 10-fold concentrated growth medium (ISO medium) for P. 

subcapitata, and with undiluted percolate for D. magna. The results obtained for the percolates were 

expressed as percentage inhibition compared with the growth in the respective laboratory medium 

controls (P. subcapitata, L. minor) or as mortality (D. magna). 

Significantly different groups within each sampling were identified using the Tukey HSD test for 

multiple comparison (α=0.05) in STATISTICA (version 10). 

The terrestrial biotest battery employed six organisms to represent different trophic levels and 

exposure routes: oats (Avena sativa) as monocot and oilseed rape (Brassica napus) as dicot plant (16 

d growth inhibition test, ISO 11269-2, 2012a), collembolans (Folsomia candida, 28 d reproduction 

test, ISO 11267, 2001) belonging to the arthropods, enchytraeids (Enchytraeus crypticus, 28 d 

reproduction test, ISO 16387, 2004) and earthworms (Eisenia fetida, 56 d reproduction test, ISO 

11268-2, 2011) belonging to the oligochaetes, and an ubiquitous soil bacterium (Arthrobacter 

globiformis, 1 h enzyme activity inhibition test, draft ISO 18187, 2012d) as microorganism. All soil 

samples (i.e., soils before and after percolation) were always tested in parallel with each terrestrial 

bioassay. There were four (A. sativa, B. napus, A. globiformis, E. fetida) or five (F. candida, E. 

crypticus) replicates per treatment.  

The Tukey HSD test (STATISTICA version 10) was used for multiple comparisons within each test 

system (α=0.05). Detailed biotest protocols are reported in Text S.3. 

 

Results and discussion 

Validation experiment with climbazole-spiked treated wastewater: 

In the soil percolated with treated wastewater spiked with climbazole (1 mg/L), the inhibition of 

plant growth reached on average 61% for shoot length of both B. napus and A. sativa and 51% and 

68%, respectively, for plant biomass, compared to growth in the untreated soil. These effects were in 

accordance with the expected phytotoxicity of a nominal climbazole soil concentration of 

approximately 25 mg/kg (Richter et al., 2013), which would correspond to approximately 80% 

sorption during percolation. The analytically measured climbazole concentration in the percolated 
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soil was 8.2 ± 0.3 mg/kg soil d.w. and thus confirmed the retention of climbazole. The difference in 

biologically indicated and analytically measured soil concentration might be explained by the 

formation of non-extractable but still bioavailable residues in soil. The variance component analysis 

confirmed that technical replicates contributed only 7% (shoot length) and 22% (biomass) to the total 

variance, whereas the greater part of variance was explained by the biological replicates with 93% 

(shoot length) and 78% (biomass). Overall, these results demonstrate that the experimental design 

was in principle suitable to discover effects of toxic substances sorbed to soil after irrigation with 

wastewater. Moreover, it showed that technical replicates could be sacrificed for the benefit of 

testing different soils in parallel and that four biological replicates per soil were appropriate in the 

bioassays. 

 

Changes of wastewater quality by soil passage assessed by biotests: 

All conducted aquatic biotests with the WW feed and its percolates after soil passage were valid 

according to the criteria of the respective test guidelines (Table S.2). 

In L. minor, the WW feed of sampling 1 caused no growth inhibition compared to the medium 

control, whereas moderate (30%) to strong growth inhibition (78%) was observed at sampling 2 and 

3, respectively (Figure 1a). While at sampling 1, no difference was found between growth in the WW 

feed and the soil percolates, significantly improved growth compared to the WW feed was observed 

in the percolates of soils s2 and s3 at sampling 2 and in percolates of all four soils at sampling 3. In 

summary, soil passage generally reduced the toxicity of the WW feed toward L. minor, with the 

greatest reduction being observed for the peaty soils s2 and s3.  

In P. subcapitata, the WW feed caused no growth inhibition at sampling 1, little effects at sampling 2 

(18%) but high inhibition at sampling 3 (70%), similar to the findings for L. minor (Figure 1b). 

While passage through soil s2 did not alter the algal growth compared to the WW feed in any of the 

samplings, significantly improved growth compared to the WW feed was found at sampling 3 for the 

percolates of s1, s4 and particularly s3. However, at sampling 1 and 2, growth inhibition in the 

percolates of s3, s4 and particularly s1 was always significantly greater than in the WW feed. Hence, 

effects of the soil passage on the toxicity toward P. subcapitata depended on the sampling period and 

differed among the soils: While at the start and middle of the experiment, soil passage through s1, s3 

and s4 led to a deterioration of the WW feed quality for algae, the same soils improved the WW feed 

quality at the last sampling. 

Survival of D. magna in WW feed as well as in percolates of all samplings was at least 95% (data not 

shown). Thus, the WW feed quality for survival of crustaceans was generally adequate, and it was 

not impaired by soil passage, independently of their existing pre-contamination. It is known that the 
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sensitivity of crustaceans and primary producers can differ by orders of magnitude due to the specific 

mechanisms of toxic action, e.g. for pesticides (Abrantes et al., 2008), which may explain the 

difference observed here for D. magna and primary producers.  

Phytotoxicity of the WW feed and its partial reduction by soil passage was indicated by both primary 

producers, L. minor and P. subcapitata, in a similar pattern. Nutrients were added in sufficient 

amounts to the samples before the test while no excessive leaching of nutrients by soil passage was 

observed, ensuring that nutrients were not responsible for the observed effects. Physicochemical 

parameters such as pH in WW feed and soil percolates were within the suitable range (Table S.3). 

Consequently, the presence of phytotoxic contaminants in the WW feed and their partial removal by 

soil passage appears to be the most likely explanation for the observed patterns. This is in agreement 

with Tang et al. (2014) who identified organic micropollutants present in treated municipal 

wastewater as the cause for growth inhibition of primary producers. Deterioration of water quality by 

passage through some of the soils was only indicated by P. subcapitata and will be discussed later 

on.  

 

Removal of wastewater-born pollutants by soil passage: 

Chemical analysis of the WW feed showed that the threshold values proposed for surface water 

bodies under the European Water Framework Directive, the average annual environmental quality 

standards (AA-EQS; EC, 2013), were met for all analyzed priority substances except for Zn 

(exceedance ≤ factor 6) and occasionally for Cu and Ni (exceedance ≤ factor 2) (Table S.4). Among 

the 92 analyzed organic pollutants, 45 were detected in the WW feed at all samplings, with the 

greatest concentrations (>2 µg/L) for benzotriazole, 4-formylaminoantipyrine (FAA), iopamidol, 

acesulfame, diatrizoate, diclofenac, and carbamazepine (Tables S.5-S.7).  

Soil passage of the WW feed generally reduced the concentration of Zn, Cu and Ni to values more 

than factor 2 below the respective AA-EQS (Table S3), except for percolates of soil s1. The removal 

of organic wastewater-born pollutants ranged from zero to complete removal at the presumed steady-

state conditions of the last two sampling periods (Table S.5). No considerable removal (≤20%) 

occurred for example for diatrizoate and iopamidol, and moderate to high removal e.g. for 

bezafibrate (66%) and atenolol (>90%), which is in line with findings from field studies (Ternes et 

al., 2007, Verlicchi and Zambello, 2014). 

In order to compare overall removal efficiency among sampling periods and among soils, the 

concentrations (in nmol/L) of the 45 detected organic pollutants were summed for each sample 

(Figure 2a). While this parameter is not indicative of environmental risk due to the lack of 

ecotoxicological data, it is assumed to be indicative for other, non-monitored substances with similar 
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behavior. In relation to the WW feed, this parameter was reduced by 74% to 86% in the percolates at 

test start and by 11% to 28% in the longer term. Grouping these 45 substances characterized by poor 

(<40%), moderate (40-70%) or high (i.e. >70%) removal indicated constant removal at the latter two 

samplings (Figure 2b, Table S.6), which supports the assumption that removal during this phase 

(week 4 to 11) is at steady-state and thereby representative on a long-term scale. During this late 

phase, the peaty soils (s2 and s3) exhibited significantly greater removal efficiency than the less 

peaty soils (s1 and s4): Moderate to high removal (≥41% removal) was observed for a higher 

proportion of the 45 organic pollutants in the peaty soils (43%) compared to the less peaty soils 

(33%; ANOVA, p = 0.009, n=4). The better removal may be related to the elevated TOC content and 

thus increased sorption capacity in these soils and will be discussed in 3.7 in the context with soil 

quality. Further, the acidic soil pH of the peaty soils may have increased removal because the 

fraction of protonated species of basic compounds (e.g. metoprolol) and that of neutral species of 

acidic compounds (e.g. diclofenac), which exhibit a higher sorption affinity than the corresponding 

neutral or negatively charged fractions, prevail at low pH (Schaffer et al., 2012).  

 

Leaching of existing soil contaminants: 

A risk of remobilizing existing pollutants was expected for the soils s1, s2 and s3, because these soils 

had been sampled at sites influenced by former raw wastewater irrigation as confirmed by 

contamination with metals, PAHs and PCBs (Table 2). Increased metal concentrations in the 

percolates compared to the WW feed (Table S.4) were detected after passage through soil s1 for Ni 

in all samplings (increase by factor 4 to 10) and for Cu only in sampling 1 (increase by factor 3), 

resulting in an exceedance of the respective AA-EQS threshold values by factor 2 to 8. Also in 

sampling 1, an increase was found for Al (soil s2) and for As (soil s4). While the assumed analytical 

error of metal determination is assumed low (<10%), the results have to be treated with care as they 

rely on one composite percolate sample per sampling period. However, the findings demonstrate that 

WW passage through contaminated soil can indeed result in metal leaching and impaired water 

quality particularly at the onset of irrigation. None of the existing pre-contamination of the soils with 

organic pollutants (PCBs, PAHs, biocides, tin organics, and QACs) appeared to be mobilized by 

wastewater percolation based on measured soil concentrations and considering the assumed 

analytical error of 20%. However, as these pollutants were not measured in the percolate samples, 

subtle but for water organisms relevant leaching cannot be excluded. 
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Linking aquatic biotests and chemical analyses: 

A theoretical approach to rank the detected substances according to their toxic potential and predict 

their combined effects is the calculation of the sum of toxic units (sum TUs) based on the measured 

concentration and toxicity of individual pollutants (Orias 2013, Verlicchi and Zambello, 2014, 

Leusch et al., 2014, Tang et al., 2014). In the present study, for only 19 of the detected organic 

substances toxicity estimates (as EC50, the median effective concentration) for Daphnia and green 

algae could be retrieved from literature to calculate TUs (Tables S.8 and S.9).  

For the survival of D. magna, the sums of TU were below 0.002 in all samples, indicating that no 

effects were to be expected from the combination of these 19 pollutants; this was not contradicted by 

our observations. For P. subcapitata, the sums of TUs ranged from 0.018 to 0.174, being well below 

the value of 1 that would predict 50% inhibition. Among these substances, the antibiotics 

clarithromycin and erythromycin and the herbicides (also used as biocides) diuron, atrazine and 

terbutryn contributed most to the algal sum TUs. The environmental relevance of these herbicides 

has been pointed out before as their removal in WWT is poor (Köck-Schulmeyer et al. 2013) and 

they often dominate negative effects on algae in WW effluents (Tang et al. 2014). The antibiotics 

clarithromycin, erythromycin and sulfamethoxazole have previously been reported to potentially 

pose a risk to aquatic organisms in treated wastewater, also after its subsequent passage through 

constructed wetlands (Verlicchi and Zambello, 2014). For L. minor, EC50 values were only available 

for diuron, atrazine, mecoprop, climbazole, erythromycin and sulfamethoxazole (Table S.7) and their 

sum of TUs reached at most 0.272 in a given sample, which does not explain the observed effects. 

The TU approach based on the few pollutants for which it was feasible could not sufficiently explain 

the observed phytotoxicity. Yet, the simple sum concentrations of detected organic substances 

(Figure 2a) showed a significant positive correlation with the growth inhibition of L. minor (Pearson 

r² = 0.75, p = 0.01, n = 15), but not with that of P. subcapitata. While this is no proof of causality, it 

implies that effects in Lemna were indeed linked to pollutants present in the WW feed, which were 

removed by the soil passage. Presumably, the remaining organic pollutants for which no toxicity 

estimates were available and other substances that had not been included in the analytical monitoring 

may have contributed to the overall phytotoxicity. This conclusion agrees with the statement that 

predicted effluent toxicity based on analytical measurements is often lower than the measured 

response in biotests (Leusch et al., 2014).  

Metals present in the samples may have added to phytotoxic effects. Particularly concentrations of 

Zn in the WW feed were in the range of reported EC50 for P. subcapitata and L. minor (van Sprang et 

al., 2009, Naumann et al., 2006, Table S.4). However, a quantitative estimation of the contribution of 

metals to the overall phytotoxicity is hampered by considerable uncertainty as metal toxicity strongly 

depends on speciation and complexation so that reported EC50 for the same species and endpoint may 
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vary widely depending on the test conditions. While this can be taken into account in biotic-ligand 

models, it is currently not possible for all metals and test organisms. Overall, it demonstrates that for 

municipal wastewater comprising an unknown number of substances, it is hardly possible with 

current knowledge to attribute observed effects in a bioassay to individual pollutants among a limited 

set of measured substances. Including e.g. in vitro bioassays specific for distinct modes of action 

such as genotoxicity, carcinogenicity, dioxin-like activity, or estrogenic activity (Power and 

Boumphrey, 2004) could support the detection of further, more subtle acting substances. 

In summary, an overall positive effect of the soil passage on WW feed quality was indicated by both 

the observed reduction in phytotoxicity to water lentils and the average removal of wastewater-born 

organic substances from the WW feed, with the peaty soils s2 and s3 tending to be most efficient. On 

the other hand, a deterioration of the WW feed quality by soil passage was indicated by the increase 

in toxicity toward algae as well as by the increase in metal concentrations at the first two samplings, 

pointing at an initial leaching of pollutants from contaminated soils (particularly s1).  

 

Impact of wastewater percolation on soil quality assessed by biotests: 

All conducted terrestrial biotests with the untreated and the WW percolated soils were valid 

according to the validity criteria of the respective guidelines regarding the untreated soil s4 as 

reference (Table S.2, Figure 3). The untreated soils as such possessed adequate habitat quality for all 

test organisms with the exception of soil s1 (the most pre-contaminated soil) that exhibited high 

mortality and little reproduction of E. crypticus.  

Compared to the respective untreated soil, the percolation with WW significantly deteriorated the 

habitat quality of s2 for A. globiformis, of s3 for A. sativa, and of s4 for E. crypticus (Figure 3). In 

contrast, WW percolation significantly improved the habitat quality of s1 for E. crypticus, and of s2 

for both plant species. No significant effects of the WW percolation were observed for F. candida 

and E. fetida in any of the soils. This may indicate that these two organisms were more tolerant than 

the other test organisms to the pollutants already present or accumulated after percolation in the here 

tested soils; however, their importance in representing soil dwelling decomposers as well as their 

sensitivity e.g. for waste materials (Moser and Römbke, 2009) renders these bioassays still relevant. 

Overall, species-specific effects are the reason why a battery of biotests covering a wide range of 

trophic levels, taxonomic groups and toxicity endpoints is recommended for the assessment of 

complex samples such as wastewater and contaminated soil (Hamilton et al., 2007, Römbke and 

Moser, 2009). The increase in pH of the initially acidic soils s2 and s3 as only reason for the 

observed negative effects can be excluded because the soil pH was in all case within the tolerance 

ranges of the test organisms, and the organisms performed well in soils with similar pH in these tests. 
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Other soil parameters such as the TOC were either not altered or did not change to unfavorable 

conditions regarding the test organisms’ requirements. This renders it probable that retention of 

wastewater-born pollutants on the one hand and mobilization and leaching of existing pollutants on 

the other hand were responsible for the observed changes in soil habitat quality.  

 

Impact of wastewater percolation on soil quality as indicated by chemical analyses: 

The untreated soils s2 and s3 were similar with regard to their rather high TOC and low pH (Table 

1), whereas the untreated soils s1 and s4 were both less acidic and poor in TOC. WW percolation 

resulted in a pronounced increase of soil pH in s2 and s3 (up to neutral pH), but no change in s1 and 

s4. The TOC was not altered by WW percolation by more than 10%, while soil texture was not 

expected to change by percolation and therefore not assessed. Several contaminants exceeded 

German regulatory precautionary threshold values (BBSchV, 1999) in the untreated soils, 

particularly in s1 and s2 (Table 2), which confirms the characterization of these soils as pre-

contaminated. In the European standard soil LUFA 2.3 (s4), threshold values were approached by Cu 

and slightly exceeded by Zn.  

Measured soil concentrations of metals and already present organic pollutants did not indicate any 

leaching due to WW percolation (Table 2). However, an initial leaching which does not affect the 

soil concentration within the assumed analytical error in soil of 20% can be relevant for percolate 

quality as demonstrated by the increased Ni and Cu concentrations in the percolates that were in the 

range of respective AA-EQS values. Hence, soil measurements need to be accompanied by percolate 

measurements for a sensitive detection of relevant leaching processes. 

A substantial (>20%) increase in the concentration of already present contaminants due to WW 

percolation was observed for Zn in all soils (increase by up to 220%) and for Cu and Ni in s3 (by 

50% and 45%, respectively). For Zn, the increase was in accordance with its partial removal from the 

aqueous phase (Table S.4). Hence, our percolation experiment indicated that prolonged irrigation 

with treated wastewater can lead to an accumulation at least of Zn in soil, which is in line with field 

study results (Hamilton et al., 2007). Also for benzo(a)pyrene, an increase (by 62%) was observed in 

s4. However, as measured soil concentrations were close to benzo(a)pyrene’s LOQ and no increase 

was found for the related sum parameter PAHs, the significance of the increase appears weak. 

Accumulation due to WW percolation was indicated for 21 emerging organic pollutants (Table 

S.10A), which were not detected in the untreated soils. Of these 21, eight occurred at concentrations 

>5 µg/kg soil d.w. in at least two soils after percolation (Figure 4), generally increasing with 

increasing average concentrations in the WW feed. Soil concentrations of these eight substances 

were always greatest in the most carbon-rich soil s3 and a positive but weak correlation was detected 
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with soil TOC (Spearman rank correlation, R = 0.416, p = 0.008, n = 40), which agrees with findings 

from wastewater irrigated field soils (Kinney et al., 2006). However, soil TOC could not fully 

explain the differences in concentrations among the four soils, because after normalisation to TOC 

soil fraction (Table S.10B), differences were smaller but still significant (2-way ANOVA for factors 

soil and substance, both p < 0.005). This indicates that additional soil parameters such as pH or 

cation exchange capacity influenced retention, or that soil-specific degradation occurred.  

Soil accumulation and persistence potential is known for carbamazepine from soils irrigated with 

treated wastewater (Dalkmann et al., 2014, Grossberger et al., 2014) and can be assumed for 

benzotriazole due to high effluent concentrations and low biodegradability (Reemtsma et al., 2010). 

Also for trimethoprim and diclofenac, detection in wastewater irrigated soils has been reported from 

field studies (Dalkmann et al., 2014, Grossberger et al., 2014), while metoprolol has been detected in 

crops irrigated with treated wastewater (Prosser and Sibley, 2015). The agreement of our findings 

(Figure 4) with this available literature demonstrates that the design and setup of our experiment was 

suitable to simulate and detect removal and accumulation of wastewater-born pollutants in irrigated 

soil on a long-term scale. Our study presumably underestimated removal of wastewater-born 

pollutants by soil passage, because realistic field conditions are expected to enhance sorption due to 

longer hydraulic retention times while it may have overestimated sorption due to increased microbial 

degradation at longer time scale under field conditions. Yet, accumulation in the biologically relevant 

top layer of the soil (first 5 to 10 cm), the habitat of most soil organisms (Henzler et al., 2014), was 

underestimated due to the mixing of the soil of the whole column.  

 

Linking terrestrial biotests and chemical soil analyses: 

Two of the three observed negative impacts of WW percolation on soil habitat quality (for A. 

globiformis and A. sativa) were indicated for the same soils that also showed the greatest retention of 

wastewater-born organic pollutants (s2 and s3). This supports the conclusion that pollutant residues 

still present in treated wastewater can sorb to soil during wastewater irrigation and can lead to 

negative effects for soil organisms. Due to the scarce data on terrestrial ecotoxicity of organic 

pollutants, however, calculation of toxic units to identify potentially responsible substances was not 

feasible. Of some importance for the observed negative effects could have been the metals Cd and 

Zn, as their measured concentrations particularly in soil s1 were in the range of reported effective 

concentrations for E. crypticus (EC50 of 6 mg Cd/kg and 40 mg Zn/kg, Gomes et al., 2014) and for 

plants (toxicity of Zn observed at >100 mg/kg and ≤300 mg/kg, Montilla et al., 2003). However, 

measured soil concentrations of these metals did not change in a way that was consistent with the 

reduction of effects in soil s1 observed after percolation.  
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Instead, the improving effect of the WW percolation on the habitat quality of soils s1 and s2 for 

enchytraeids and plants, respectively, suggested that the percolation reduced the level of existing 

toxic contaminants by mobilization and leaching. A reduction in the existing pre-contamination of 

the soils was indirectly demonstrated for the metals Cu and Ni by percolate analysis, but similarly, 

pre-existing organic pollutants may have undergone subtle losses. Even changes that affect not the 

total but only the bioavailable soil concentration of pollutants can alter their biological effects, as 

described by Hawthorne et al. (2005) for the reduction of enchytraeids mortality in PAH-

contaminated soils after mild extraction of soil. Also other authors confirmed that the terrestrial 

ecotoxicity of complex samples rarely correlate with total measured soil concentrations of 

contaminants, because the toxicity is determined by the bioavailable contaminant fraction which 

depends on soil properties (Römbke and Moser, 2009). Hence, terrestrial biotests are an 

indispensable tool for assessing the habitat quality of soil.   

 

Conclusions  

The employed experimental set-up of percolating soil columns with treated wastewater yielded 

removal rates as well as soil concentrations of selected wastewater-born pollutants mostly similar to 

those reported in field studies. This supports the conclusion that results from the lab-scale approach 

can be seen predictive for prolonged irrigation with wastewater at field scale. In addition, the 

employed aquatic and terrestrial biotest battery appears as a suitable tool to assess long-term effects 

of wastewater irrigation on soil and water quality. Chemical analysis demonstrated that carbon-rich 

and acidic soils (s2 and s3) were more efficient than sandy and basic soils in removing wastewater-

born pollutants but at the same time retained greater concentrations of numerous emerging organic 

pollutants and zinc. Consistently, some biotests pointed at a removal of toxic, particularly phytotoxic, 

substances from the wastewater as well as a deterioration of soil quality after percolation particularly 

in peaty soils. For soils with existing pre-contamination, increased algal toxicity and metal 

concentrations in water after soil passage and decreased effects in soils after percolation provide 

indirect evidence for remobilization and leaching of existing pollutants from these soils, particularly 

at the start of the irrigation. Results from bioassays and chemical analyses generally led to similar 

conclusions regarding the impact of soil passage on the quality of treated wastewater and of 

percolated soils. Yet, the ecotoxicity found in the samples could not be predicted based on aqueous 

or soil concentrations of the measured pollutants. The effects observed in the biotests were not 

similar among soils, which will be due to soil-specific retention and leaching of the individual 

pollutants. They were also not uniform among test organisms, which will be due to species-specific 

sensitivity to the individual pollutants. This supports previous recommendations of assessing 

complex environmental samples such as wastewater and contaminated soil by a broad range of 
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biotests. A valuable complement to the here employed in vivo test battery would be a set of in vitro 

bioassays to better detect pollutants with a highly relevant and specific mode of action such as 

genotoxicity, but their application was beyond the scope of the present study. Based on the 

phytotoxicity observed in the investigated wastewater and in percolated soils, we recommend that 

chemical monitoring in wastewater irrigation studies should include a range of herbicides and metals 

encompassing their bioavailability as they may be highly relevant to explain ecotoxic effects. 

Overall, the present study clearly demonstrated that improving the quality of treated wastewater by 

soil passage comes at the price of deteriorated soil quality in terms of habitat suitability for terrestrial 

organisms and retention or even accumulation of pollutants. Water management and land use 

concepts involving irrigation with treated wastewater should take into account that selecting 

uncontaminated soils with high sorption potential, e.g. rich in organic matter, will be beneficial for 

groundwater protection, but consequently lead to a more pronounced impairment of these soils with 

previously high quality. Using instead pre-contaminated land will increase the risk of remobilization 

of existing pollutants by wastewater irrigation and thereby the deterioration of water quality. 

Therefore, an environmental impact assessment of wastewater irrigation should be performed on a 

case-by-case basis, considering the properties of the individual wastewater and the soil to be 

irrigated. 
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Tables and Figures: 

 

Table 1: Key parameters of the four soils (s1, s2, s3, s4) after percolation with treated wastewater for 77 days (WW) 

and untreated (CON). 

 s1 s2 s3 s4 

Clay [%] 5 11 12 24 

Silt [%] 3 5 5 15 

Sand [%] 86 79 76 60 

Soil texture (USDA) 

loamy 

fine 

sand 

sandy 

loam 

sandy 

loam 

sandy 

clay 

loam 

WHCmax [g/100 g] 31.1 61.3 66.1 37.3 

Soil mass per column [kg d.w.] 9.5 5.8 4.7 8.5 

TOC [%], CON 1.8 5.5 10.0 1.1 

TOC [%], WW 1.7 5.8 9.3 1.1 

pH, CON 6.8 4.8 5.5 6.9 

pH, WW 7.0 6.4 6.7 7.0 

Clay = <0.02 mm; silt = 0.02 mm – 0.063 mm; sand = >0.063 mm; TOC: total organic carbon; WHCmax: maximum 

water holding capacity; pH measured in 0.01 M CaCl2 (n=3).  
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Table 2: Concentrations of major contaminants in the four soils (s1, s2, s3, s4) after percolation with treated 

wastewater (WW) and untreated (CON) together with regulatory thresholds (VW) and limit of quantification (LOQ), in 

mg/kg soil dry weight. 

 CON WW VWa LOQ 

 s1 s2 s3 s4 s1 s2 s3 s4   

Al 6700 5500 4300 9300 6300 5300 4200 10000  10 

As <5 17 <5 7 <5 18 <5 7 2 5 

Cd 5.0 0.43 0.10 0.19 5.1 0.40 0.14 0.18 0.4 0.1 

Cr 139 19 6 21 151 20 7 23 30 1 

Cu 55 26 5 19 61 29 8 21 20 1 

Ni 14 4 3 11 15 5 5 12 15 1 

Pb 59 39 18 30 75 44 20 29 40 1 

Zn 163 81 21 70 201 116 68 90 60 1 

Hg 0.72 0.35 <0.01 <0.01 0.81 0.52 <0.01 <0.01 0.1 0.01 

b
 PCB6 0.27 <0.01 <0.01 <0.01 0.29 <0.01 <0.01 <0.01 0.05 0.01 

Benzo(a)pyren 0.12 0.08 <0.01 0.04 0.14 0.08 <0.01 0.06 0.30 0.01 

c
 PAH16 (EPA) 5.0 3.2 0.29 2.1 5.7 3.2 0.30 2.2 3.0 0.01 

Triclocarban 0.24 <0.01 <0.01 <0.01 0.23 <0.01 <0.01 <0.01  0.01 

DDT 0.06 0.35 <0.01 0.06 0.06 0.26 <0.01 0.04  0.01 

a VW: German regulatory precautionary threshold values to ensure the maintenance of soil functions (referring to 

sand with <8% organic matter, BBodSchV, 1999), or regional background value (for As in Berlin area, from 

Lottermoser et al. 2012). 
b
 PCB6 = Trichlorbiphenyl, Tetrachlorbiphenyl, Pentachlorbiphenyl, Hexachlorbiphenyl, 

Hexachlorbiphenyl, Heptachlorbiphenyl; 
c
 PAH16 = Naphthalene, Acenaphthylene, Acenaphthene, Fluorene, 

Phenanthrene, Anthracene, Fluoranthen, Pyrene, Benz(a)anthracene, Chrysene, Benzo(b)fluoranthene, 

Benzo(k)fluoranthene, Benzo(a)pyrene, Indeno(1,2,3-cd)pyrene, Dibenzo(a,h)anthracene, Benzo(g,h,i)perylene. 

Percolation with treated wastewater for 77 d at a rate of 276 L/m
2
*d. Single measurements (n=1).  
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a: L. minor 

 

b: P. subcapitata 

 

                      Sampling 1                           Sampling 2                           Sampling 3  

Figure 1: Results of the aquatic biotests with WW feed (black diamonds) and 3 days-composite samples of percolate 

(white diamonds) from four different soils (s1, s2, s3, s4) obtained at start, middle and end of the column experiment 

(sampling 1, 2, 3). (a) Inhibition of frond number in L. minor in relation to medium control; (b) Inhibition of yield 

biomass in P. subcapitata in relation to medium control. Depicted are means and 95% confidence intervals (n = 4 (a) 

and 3 (b)). Homogenous groups within each sampling campaign are indicated by identical letters (Tukey HSD test, p 

< 0.05).  
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Figure 2: General occurrence of organic pollutants in WW feed and percolates after passage through columns with 

four different soils (s1, s2, s3, s4) at three samplings (start, middle, end of experiment). (a) Mean sum of molar 

concentrations (n = 3) of 45 substances with standard deviations. (b) Percentage of 45 substances in percolates 

falling into the classes of poor (≤40%), moderate (41%-70%) and high (71%-100%) removal by soil passage.  
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Figure 3: Results of the terrestrial biotests with four different soils (s1, s2, s3, s4) either untreated, i.e. stored cool for 

77 days (CON, triangles) or percolated for 77 days with treated wastewater (WW, black diamonds). Shown are 

means and 95% confidence intervals (n = 4 for A. sativa, B. napus, A. globiformis, E. fetida and n = 5 for F. candida 

and E. crypticus). Soil s4 CON (untreated LUFA 2.3) served additionally as laboratory control. Homogenous groups 

are indicated by identical letters (Tukey HSD test, α = 0.05).  
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Figure 4: Soil concentrations of organic pollutants in four different soils (s1, s2, s3, s4) after percolation with treated 

wastewater (WW feed) in comparison to the average concentration in the WW feed. The substances were not 

present in the respective untreated soils and were detected in at least two of the WW percolated soils at > 5 µg/kg 

(LOQ in soil ≤ 0.5 µg/kg). Shown are means with 95% confidence intervals (n = 3 for soils and 9 for WW feed).  

SMX = sulfamethoxazole; VLX = venlafaxine; CBX = carbamazepine.  
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Supplementas to ‘Assessing the ecological long-term impact of wastewater irrigation on soil 

and water based on bioassays and chemical analyses’. 

 

Text S.1: Details on column construction: 

 

The columns of one treatment were connected to a storage container (stainless steel, volume of 30 L) 

via feed tubes of fluorinated ethylene propylene (FEP), teflon and tygon. The storage container was 

continuously fed by a stainless steel storage tank or directly by the treated wastewater pipe 

(connected via PVC tubes). The feeding regime (see below) was maintained by a peristaltic pump 

(IPC24, Ismatec, Wertheim-Mondfeld, Germany). The wastewater-bearing tubes were replaced after 

four weeks and the storage container and water filter were cleaned regularly. To ensure water 

saturation of the soil, the columns were percolated from bottom to top, and the percolates were 

collected in stainless steel vessels (10 L) separately for each column. The apparatus was protected 

from light to avoid biofilm growth in the tubes. The packing of the columns was done in intervalls to 

receive homogeneous distribution. After compaction and before adding a new layer of a few 

centimeters, the column was saturated from the bottom to ensure hydraulic connectivity. The packing 

procedure was spread over several days with time left for the soil to settle. In order to assess the 

leaching pattern of the columns, the break-through based on the conductivity in the percolates of all 

eight columns was monitored during the first 24 h of the experiment. During the experiments the 

redox potential at the center of each soil column (Redox electrode GE 105, Greisinger electonic 

GmbH) and the temperature of the feed and percolates were recorded continuously. 

 

Text S.2: Soil characterisation: 

The soil pH was measured in 0.01 M CaCl2 according to DIN ISO 10390:2005 using a 1:5 

volumetric relation of dry soil to water (n=3). The maximum water holding capacity (WHKmax ) was 

determined according to DIN ISO 11268-2 annex D (2011). TOC in the freeze-dried soil samples 

was analyzed in accordance to DIN EN 13137 with an ELTRA Helios C/S Anlayzer (ELTRA 

GmbH, Haan, Germany) after dry combustion with subsequent infrared detection (n=3). Inorganic 

carbon of the sample was released prior to the IR-detection through acidifying the sample with 

hydrochloric acid. Grain-size analyses were carried out by a cascade of sieves with mesh sizes of 

2000 μm, 630 μm, 200 μm, 63 μm and 20 μm. Dry-sieving was used to gain the <2000 µm and <630 

µm fractions while wet-sieving in an ultrasonic bath was used for collecting the 200 μm, 63 μm and 

20 μm fractions according to the procedure described in Wetzel et al. (2013). 
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(Wetzel, M.A., Winterscheid, A., Wahrendorf, D.-S., 2013. Baseline of the butyltin distribution in 

surface sediments (0-20 cm) of the Elbe estuary (Germany, 2011). Marine Pollution Bulletin 77, 418-

423). 

DIN EN 13137:2001: Characterization of waste - Determination of total organic carbon (TOC) in 

waste, sludges and sediments; German version, German Standardization Organization. 

DIN ISO 10390, 2005: Bodenbeschaffenheit - Bestimmung des pH-Wertes, DIN Deutsches Institut 

für Normung e.V., Berlin, Germany. 
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Table S.1: Detailed methods and materials for chemical analyses: 
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Remarks: 

C M Braguglia, A Coors, A Gallipoli, A Gianico, E Guillon, U Kunkel, G Mascolo, E Richter, T A Ternes, M C Tomei, G 

Mininni. Quality assessment of digested sludges produced by advanced stabilization processes. Environ Sci Pollut Res 

(2015) 22:7216–7235. 

S Rühmland, A Wick, TA Ternes, M Barjenbruch. Fate of pharmaceuticals in a subsurface flow constructed wetland and two 

ponds Ecological Engineering (2015) 80: 125–139.  

Note: Excluded for the calculation of removal from WW feed and retention in soil were the compounds climbazole, 

propiconazole and terbutryne, because cross-contamination seemed to occurr from the used material of the column 

apparatus. However, they concentrations in the aqueous and soil samples were below effective concentrations for the test 

organisms so that their influence is assumed to be negligible. 
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Text S.3: Detailed methods and materials for bioassays 

Inhibition of growth of water lentils after seven days (ISO 20079, 2005): 

According to ISO 20079, L. minor was maintained as batch culture in modified Steinberg medium 

(ISO 20079) at 24 ± 2°C under continuous photosynthetically active radiation (PAR) of 85 – 135 

µE/m2 × s. The same conditions applied to the bioassay. The samples were tested with 90% 

percolate concentration and 10% 10fold of concentrated growth medium. Samples and control were 

run with 4 replicates in crystallising dishes containing 150 mL test volume and 3-4 Lemna colonies 

(9 fronds for test with percolates of sampling 3, and 12 fronds for tests with percolates from 

samplings 1 and 2). After 7 days, frond number and frond dry weight were recorded and biomass 

yield and growth rate of frond number were evaluated as endpoints. 

Growth inhibition of green algae after 72 h (ISO 8692, 2012): 

P. subcapitata were maintained as batch cultures in ISO medium (ISO 8692) at 21 - 24°C under 

continuous PAR of 60 – 120 µE/m2 × s. The same conditions applied to the bioassay. The samples 

were tested with 89% percolate concentration and 10% of 10fold concentrated growth medium and 

1% algal inoculum. Samples and control were run with 3 replicates and 1 blank in Erlenmeyer flasks 

containing 20 mL test volume. Test solutions were inocculated with cell densities of 1 × 104 

cells/mL. After 72 h, cell density as surrogate parameter for biomass was estimated via 

autofluorescence measurements of 200 µl aliquots at the spectral fluorometer after substracting the 

respective blank fluorescence (Tecan multiplate reader, Tecan Group). 

Mortality of water fleas after 48 h (ISO 6341, 2012): 

D. magna were kept in Elendtmedium M4 (Elendt, B.-P., Bias, W.-R., 1990. Trace nutrient 

deficiency in Daphnia magna cultured in standard medium for toxicity testing. Effects of the 

optimization of culture conditions on life history parameters of D. magna. Water Research 24, 1157–

1167) and subjected to a 16:8 light:dark cycle at low light conditions (~ 450 lx); temperature was 

maintained at 22 ± 1°C. The same conditions applied to the bioassay. The samples were tested with 

100% and 50% percolate concentration. Samples and control were run with 4 replicates (each 

encompassing 5 daphnids) in glass beakers containing 20 ml of test solution. No feed was supplied 

and oxygen saturation was 100% throughout the test. Immobility after 48 h was evaluated as 

surrogate parameter for mortality.  
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Parameters of the aquatic bioassays are summarised in the following: 

Sample / 
percolate 
from soil 
column 

sampling pH at test start (adjusted) pH at test end Conductivity 
[µS/cm] 

Hardness 
[mmol/L] 

Alkalinity 
[mmol/L] 

Ammonium 
[mg/L] 

Parameters in tests with water lentils (L. minor)     

control 1 5.7 7.3 898 -- 0.3 0.01 

WW feed 1 5.7 7.6 1307 -- 1 0.42 

s1 1 5.7 7.3 1150 -- 0.8 3.28 

s2 1 5.7 7.4 947 -- 0.8 0.35 

s3 1 5.7 -- -- -- -- -- 

s4 1 5.7 7.6 1286 -- 0.8 0.20 

control 2 5.7 7.2 922 -- 1.5 0.01 

WW feed 2 5.7 7.6 1136 -- 1.2 0.13 

s1 2 5.7 7.6 1152 -- 1.3 0.47 

s2 2 5.7 7.5 1202 -- 1.1 0.56 

s3 2 5.7 7.6 1205 -- 1 0.22 

s4 2 5.7 7.5 1232 -- 0.9 0.31 

control 3 5.7 6.7 914 -- 0.5 0.00 

WW feed 3 5.7 7 1339 -- 0.6 0.05 

s1 3 5.7 7.4 1377 -- 1 0.12 

s2 3 5.7 7.4 1311 -- 0.7 0.18 

s3 3 5.7 7.3 1391 -- 0.8 0.18 

s4 3 5.7 7.2 1230 -- 1.2 0.11 

Control in L. minor was modified Steinberg medium (ISO 20079).  

Parameters in tests with green alga (P. subcapitata)    

control 1 8.0 8.0 201 1.3 0.9 4.66 

WW feed 1 8.0 8.6 792 2.4 2.7 0.30 

s1 1 8.0 8.1 721 3.0 2.5 2.50 

s2 1 8.0 8.0 642 2.2 0.6 0.29 

s3 1 8.0 8.0 -- -- 1.4 -- 

s4 1 8.0 8.3 937 2.7 3 0.18 

control 2 8.0 7.0 1811 0.7 0.9 4.85 

WW feed 2 8.0 8.7 712 1.8 1.6 0.03 

s1 2 8.0 8.4 924 2.9 2.9 0.39 

s2 2 8.0 8.5 536 1.4 1.9 0.32 

s3 2 8.0 8.2 570 1.7 1.7 0.04 

s4 2 8.0 8.3 766 2.3 2.3 0.21 

control 3 8.0 7.1 1811 2.6 1.4 3.94 

WW feed 3 8.0 8.5 1037 2.5 4 0.06 

s1 3 8.0 8.6 872 3.4 3.5 0.11 

s2 3 8.0 8.6 1351 3.5 4.6 0.21 

s3 3 8.0 8.6 903 2.4 3.6 0.25 

s4 3 8.0 8.6 1156 3.0 4.4 0.12 

Control in P. subcapitata was ISO medium (ISO 8692).   
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Parameters of the aquatic bioassays (continued): 

Sample / 
percolate 
from soil 
column 

sampling pH at test start (adjusted) pH at test end Conductivity 
[µS/cm] 

Hardness 
[mmol/L] 

Alkalinity 
[mmol/L] 

Ammonium 
[mg/L] 

Parameters in tests with water fleas (D. magna)     

control 1 8.0 7.8 694 2.9 1.1 0.01 

WW feed 1 8.0 8.1 792 2.4 2.7 0.30 

s1 1 8.0 8.2 721 3.0 2.5 2.50 

s2 1 8.0 8.1 642 2.2 0.6 0.29 

s3 1 8.0 7.9 -- -- 1.4 -- 

s4 1 8.0 8.3 937 2.7 3.0 0.18 

control 2 8.0 7.9 673 3.0 1.9 0.00 

WW feed 2 8.0 8.1 712 1.8 1.6 0.03 

s1 2 8.0 8.3 924 2.9 2.9 0.39 

s2 2 8.0 8.0 536 1.4 1.9 0.32 

s3 2 8.0 8.0 570 1.7 1.7 0.04 

s4 2 8.0 8.2 766 2.3 2.3 0.21 

control 3 8.0 7.8 716 3.5 1.3 0.02 

WW feed 3 8.0 8.4 1037 2.5 4.0 0.06 

s1 3 8.0 8.3 872 3.4 3.5 0.11 

s2 3 8.0 8.5 1351 3.5 4.6 0.21 

s3 3 8.0 8.3 903 2.4 3.6 0.25 

s4 3 8.0 8.4 1156 3.0 4.4 0.12 

Control in D. magna was medium Elendtmedium M4.    

Hardness was determined using Aquamerck 8039 test kit. 
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Growth inhibition of terrestrial plants after 14 days (ISO 11269-2, 2012): 

According to ISO 11269-2, the soils were tested with certified seeds of turnip (Brassica napus, 

Liforum, LUFA) and oats (Avena sativa, St. Champion, SAATEN-Union GmbH) with 4 replicate 

pots. Before test start, the soil moisture was adjusted (to WHCmax of approximately 47% (s1), 55% 

(s2), 108% (s3), and 35% (s4)) and the substrates were distributed to the pots at approximately 107 to 

346 g dry weight. Per pot, 10 seeds were sown and after determining the germination rate, seedlings 

were reduced to 5 representive plants. Plants were cultivated in a controlled environment chamber 

with a 16:8 light:dark cycle under approximately 230 µE/m2*s1 PAR; temperature was maintained at 

24 ± 2°C; watering was provided as necessary and a liquid fertiliser was supplemented once. After 

14 days, the endpoints germination rate (emergence), shoot length and shoot freshweight (biomass) 

were evaluated. 

Inhibition of reproduction of enchytraeids after four weeks (ISO 16387, 2004): 

According to ISO 16387, Enchytraeus crypticus was cultured in-house on agar at 20 ± 5°C and 

weekly fed oatmeal ad libitum. Synchronised adults were used for the test. Before test start, the soil 

moisture was adjusted (to WHCmax of approximately 50% (s1), 57% (s2), 54% (s3), and 48%(s4)) 

and readjusted weekly. The soils were tested with 5 replicate glass vessels containing 20 ± 5 g dry 

weight and 10 adult worms. Oatmeal was supplemented as food at 50 mg per replicate at test start 

and thereafter with 25 mg per week. The test was conducted in a controlled environment chamber 

with a 16:8 light:dark cycle under 400 to 800 lux at 20 ± 4°C. After 28 days, adult and juvenile 

worms were counted under the binocular after Bengal red staining over night; as endpoint, 

reproduction (number of juveniles) was evaluated. 

Inhibition of reproduction of springtails after four weeks (ISO 11267, 2001): 

According to ISO 11267, the collembolan Folsomia candida was cultured in-house on plaster of 

Paris (calcium sulphate with activated charcoal) in the dark at 20 ± 4°C; synchronised juveniles of 9 

to 10 days age were used for the test. Before test start, the soil moisture was adjusted (WHCmax of 

approximately 38% (s1), 46% (s2), 34% (s3), 48% (s4)) and readjusted weekly. The soils were tested 

with 5 replicate glass vessels, containing 30 ± 5 g fresh weight and 10 collembolans. Yeast was 

supplemented as food with approximately 5 mg per glas vessel at test start and day 14. The test was 

conducted in a controlled environment chamber in the dark at 20 ± 4°C. After 28 days, adult and 

juvenile collembolans were counted under a binocular after ink staining; as endpoint, reproduction 

was evaluated. 
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Inhibition of reproduction of earthworms after eight weeks (ISO 11268-2, 2011): 

According to ISO 11268-2, the earthworm Eisenia fetida was cultured in-house on a peat- cow 

manure substrate. For the test, adult worms with clitellum, an age of 2 to 12 months and with a fresh 

weight of 300 to 600 mg were used. Before test start, 10 g ground cow manure per kg soil dry weight 

was mixed into the soils as food and soil moisture was adjusted (WHCmax of approximately 55% (s1), 

61% (s2), 105% (s3), and 43% (s4)). The soils were tested with 4 replicate vessels (with each 10 

adult worms), containing 200 to 516 g dry weight depending on the soil in Bellaplast boxes covered 

by a transparent lid. Food was supplemented weekly for the first four weeks (5 g cow manure 

moistened with 10 mL water); soil moisture was readjusted weekly throughout the test. The test was 

conducted in a controlled environment chamber with a 16:8 light:dark cycle under 400 to 800 lux at 

20 ± 4°C. After 28 days, the adult worms were removed, and survival and freshweight were 

recorded. After 56 days, the number of juvenile worms was determined by heat extraction in a 

waterbath.  

Inhibition of dehydrogenase activity in soil bacteria (draft ISO 18187, 2012): 

For the test according to draft ISO 10871 with the soil bacterium Arthrobacter globiformis, the soils 

were sieved (2 mm mesh size) and adjusted to 20% relative soil moisture. In addition, a positive 

control at 600 mg/kg Benzyldimethyl-hexadedyl-ammonium chloride (BAC, CAS 122-18-9, Sigma-

Aldrich) on quarz sand was tested, which should result in 40 - 60% inhibitory effect. The soils were 

weighed into translucent microtiter plates (24-well plate, Greiner Bio-One GmbH, Frickenhausen, 

Germany) with 0.6 g freshweight per well and four replicates per soil. Plates were pasteurised twice 

for 15 minutes, bacteria inoculum was added at 0.4 mL per well and plates were incubated at 30 ± 

2°C for 2 h on a horizontal shaker in the dark. Resazurin solution (CAS 62758-13-8, 4.5 mg/L, 

Sigma-Aldrich) was added with 0.8 mL per well, and fluorescence of the generated resofurin was 

measured for 60 minutes in 15 minute intervals using a spectral fluorometer (excitation at 535 nm, 

adsorbance at 590 nm). As endpoint, dehydrogenase activity was determined based on the 

fluorescence slopes between 15 and 45 minutes. 
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Table S.3: Concentrations of other cations and anions in the WW feed and percolates [mg/L] from four 
different soils (s1, s2, s3, s4) obtained at start, middle and end of the column experiment (sampling 1, 2, 3) 
measured in a 3 d composite sample (n=1).  

Parameter  LOQ  Sampling WW percolates 

  
  feed s1 s2 s3 s4 

Ca 0.002 1 101 71 91 200 70 

  
2 100 100 79 91 103 

  
3 107 106 101 105 105 

Na 0.2 1 128 58 66 85 50 

  
2 117 117 119 120 118 

  
3 124 126 129 129 128 

K 0.2 1 31 6.1 0.7 11 48 

  
2 29 29 30 30 30 

  
3 31 31 32 31 32 

Cl 0.1 1 132 105 107 100 106 

  
2 130 125 131 133 133 

  
3 142 134 143 147 145 

NO3
-
 0.1 1 44 26 71 44 91 

  
2 39 34 34 37 37 

  
3 43 40 37 39 40 

PO4
3-
 0.1 1 1.4 2.2 <LOQ <LOQ 4.4 

  
2 <LOQ 1.1 <LOQ <LOQ 0.9 

  
3 <LOQ 1.3 <LOQ <LOQ 1.0 

SO4
2-
 0.1 1 148 108 148 474 111 

  
2 140 105 134 136 136 

  
3 148 139 145 138 142 

pH 
 

1 7.4 7.4 5.9 6.5 7.8 

  
2 7.9 8.2 7.9 8.0 8.1 

    3 7.8 8.0 7.8 8.0 8.1 

 

 

Table S.4: Metal concentrations [µg/L] together with regulatory threshold values [µg/L] in WW feed and 
percolates from four different soils (s1, s2, s3, s4) obtained at start, middle and end of the column 
experiment (sampling 1, 2, 3) measured in a 3 d composite sample (n=1). 

Metal LOQ Sampling WW percolates AA-EQS Drinking water 
threshold values

1
 

   
feed s1 s2 s3 s4 

 
Al 100 1 < < 160 100 < na 200 

  
2 < < < < < 

 
 

  
3 < < < < < 

 
 

As 5 1 < < < < 18 50 10 

  
2 < < < < < 

 
 

  
3 < < < < < 

 
 

Cu 2 1 60 190 30 20 40 1 - 28 2000 

  
2 10 20 5 < 20 

 
 

  
3 10 10 < < 5 

 
 

Ni 2 1 8 30 3 2 3 4 20 

  
2 < 10 < < < 

 
 

  
3 2 5 < < < 

 
 

Zn 2 1 400 150 300 30 50 8 -125  

  
2 280 30 30 10 10 

 
 

  
3 720 40 10 < 7 

 
 

‘<’ for value smaller LOQ. AA-EQS: Environmental Quality Standards proposed according to the Water Framework 

Directive (WFD) for surface water bodies; for Ni from EU, 2013; for As, Cu, Zn from UK, 2008. Not depicted: Cd, Cr, 

Pb (always <2 µg/L) and Hg (always <5 µg/L).  
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EU 2013: Directive 2013/39/EU of the European Parliament and of the Council of 12 August 2013 amending 

Directives 2000/60/EC and 2008/105/EC as regards priority substances in the field of water policy.  

UK 2008: UK Technical Advisory Group on the Water Framework Directive, 2008. Proposal for Environmental 

Quality Standards for annex VIII substances. Final version SR1 – 2007; revised June 2008. 

1 EC 1998: European Council Directive 98/83/EC of 3 November 1998 on the quality of water intended for human 

consumption. 
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Table S.5 B: Organic pollutants concentrations in WW feed (mean of nine 24 h-composite samples) as well 
as their removal by soil passage averaged over four soils and the sampling periods 2 and 3 (sampling 1 
omitted in order to consider only steady-state removal).  

Substance CAS No LOQ  Mean WW feed conc., (averaged 
over samplings 1, 2, 3) [µg/L] 

Mean removal, 
(samplings 2 and 3 [%]) 

Stdev [%] 

1H-Benzotriazole 95-14-7 0.050 14 11 11 

FAA 1672-58-8 0.050 6.6 86 15 

Iopamidol 60166-93-0 0.100 5.1 -16 7 

Iomeprol 78649-41-9 0.050 4.8 33 14 

Acesulfame 33665-90-6 0.100 3.1 20 22 

Diatrizoate 117-96-4 0.200 3.1 -14 12 

Diclofenac 15307-79-6 0.020 2.7 28 9 

DH-DH-CBZ 58955-93-4 0.010 2.4 -2 8 

CBZ 298-46-4 0.005 2.3 -8 31 

O-Desmethyl-VLX  93413-62-8 0.010 2.4 2.1 11 

AAA 83-15-8 0.050 2.0 80 15 

Acyclovir-TP  0.020 1.5 >3.5 5.7 

TCPP 13674-84-5 0.100 1.4 28 31 

Metoprolol 37350-58-6 0.005 1.3 54 33 

Iopromide 73334-07-3 0.050 1.2 26 21 

BZP-4 4065-45-6 0.100 1.0 >80 6.8 

DHH-CBZ 29331-92-8 0.010 1.0 >78 18 

VLX 93413-69-5 0.020 0.72 >61 25 

SMX (P+TP) 723-46-6; 21312-10-7 0.020 0.79 -20 12 

Primidone 125-33-7 0.020 0.57 0 3 

PEMA 7206-76-0 0.100 0.40 -2 4 

TnBP+TiBP 126-73-8; 126-71-6 0.020 0.40 25 17 

N,O-Didesmethyl-VLX 0.020 0.46 0.4 11 

Sotalol 3930-20-9 0.010 0.38 16 17 

TBEP 78-51-3 0.020 0.30 -5 91 

3-OH-CBZ 68011-67-6 0.005 0.29 24 25 

Acyclovir 59277-89-3 0.020 0.28 >84 17 

2-OH-CBZ 68011-66-5 0.005 0.26 20 16 

AMDOPH 519-65-3 0.100 0.25 2 5 

AMPH 141330-37-2 0.100 0.25 -3 13 

Bezafibrate 41859-67-0 0.005 0.24 66 14 

Fluconazole 86386-73-4 0.005 0.24 -9 4 

Phenazon 60-80-0 0.050 0.20 >63 13 

TCEP 115-96-8 0.100 0.20 17 8 

Atenolol 29122-68-7 0.020 0.18 >90 4 

Erythromycin 114-07-8 0.020 0.16 52 19 

Clarithromycin 81103-11-9 0.005 0.13 >82 23 
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Table S.5 B (continued) 

Substance CAS No LOQ Mean WW feed 
conc., (averaged 
over samplings 1, 2, 
3) [µg/L] 

Mean removal, 
(samplings 2 and 3 
[%]) 

Stdev [%] 

N-Desmethyl-
VLX   

149289-30-5 0.020 0.15 >39 31 

Codeine 6059-47-8 0.020 0.12 >84 3 

Trimethoprim 738-70-5 0.010 0.12 >92 0 

Oxazepam 604-75-1 0.020 0.076 47 36 

Carbendazim 10605-21-7 0.005 0.047 >46 28 

Diuron 330-54-1 0.005 0.032 >24 36 

Mecoprop 7085-19-0 0.010 0.032 >30 9 

Isoproturon 34123-59-6 0.010 0.020 >-4 7 

In case values in the percolates were <LOQ, they were replaced by LOQ thus estimating minimum removal . Among 

the 95 analyzed organic substances, 45 were detected in the WW feed at all samplings and were considered here. 

(The remaining 47 substances are listed in Table S6). Substances listed in order of descending mean WW feed 

concentration. Stdev = standard deviation. 

Abbreviations: 

CBZ  Carbamazepine 

DH-DH-CBZ 10,11-Dihydro-10,11-dihydroxy-CBZ 

DHH-CBZ 10,11-Dihydro-10-hydroxy-CBZ 

VLX  Venlafaxine 

TCC  Triclocarban 

TCS  Triclosan 

SMX  Sulfamethoxazole (parent compound) and acetyl-sulfamethoxazole (TP) 

TCPP  Tris(2-chlorisopropyl)phosphate 

TCEP  Tris(2-chlorethyl)phosphate 

TBEP  Tris(2-butoxyethyl)phosphate 

TnBP  Tris(n-butyl)phosphate 

TiBP  Triisobutylphosphate 

FAA  4-formylaminoantipyrine 

AAA  4-acetylaminoantipyrine 

BZP-4  Benzophenone-4 

PEMA   2-ethyl-2-phenyl-malonamide 

AMDOPH 1-Acetyl-1-methyl-2-dimethyl-oxamoyl-2-phenylhydrazid 
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Table S.6: Percentage of 45 organic pollutants in percolates falling into the classes of poor (≤40%), 
moderate (41%-70%) and high (71%-100%) removal, after passage of WW feed through four different soils 
(s1, s2, s3, s4) sampled at three sampling periods (start, middle, end of experiment). The same substances 
were considered as listed in Table S5. 

  Poor Moderate High Moderate + high Average 

    ≤ 40% 41% - 70% 71% - 100% (No.)  in %  No. in % 

Sampling 1 s1 16 6 23 29 60   

  s2 7 4 34 38 79   

  s3 6 8 31 39 81   

  s4 14 7 24 31 65 34 71 

          

Sampling 2 s1 31 5 9 14 29   

 s2 26 2 17 19 40   

 s3 24 9 12 21 44   

 s4 30 8 7 15 31 17 36 

          

Sampling 3 s1 28 6 11 17 35   

  s2 22 10 13 23 48   

  s3 25 8 12 20 42   

  s4 27 9 9 18 38 20 41 
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Table S.7: List of organic pollutants measured in WW feed but not detected above their LOQ. 

Substance LOQ [ng/L]  Substance LOQ [ng/L] 

Chlorophene 100  Simazine 50 

TCC 10  Lenacil 50 

TCS 100  Metalaxyl 50 

PFOA 20  Metazachlor 50 

PFOS 20  Metolachlor 100 

Propyphenazone 50  Quinoxyfen 50 

DMAA 50  Terbutylazine 50 

Phenacetin 50  Bromoxynil 100 

Methylphenacetin 50  2,4,5-T 100 

Meprobamat 150  Bentazone 100 

Pyrithyldione 50  Dichlorprop 100 

Sulfamerazine 50  SPS 100 

Tolbutamide 50  2.4-D 100 

Phenytoine 500  MCPA 100 

Alachlor 50  Clofibric acid 100 

Atrazine 50  N-ASO 100 

Boscalid 200    

Bromacil 100    

Chloridazone 50    

Chlorfenvinphos 150    

Chlortolurone 50    

Desethylterbutylazine 50    

Desethylatrazine 50    

Desphenylchloridazone 150    

Desphenylmethylchloridazone 50    

Desisopropylatrazin 50    

Dichlorbenzamide 50    

Ethofumesat 200    

Fenuron 100    

Metamitrone 50    

Metribuzine 50    
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Table S.9: Sums of toxic units (sum TUs) for green algae and Lemna considering 19 (for algae) and 

6 (for Lemna) organic pollutants in WW feed and percolate samples and their effective 

concentrations (EC50, as described in Table S7). 

Sampling Sample Sum TUs green algae Sum TUs Lemna 

1 WW feed 0.080 0.272 

 
s1 0.018 0.192 

 
s2 0.018 0.218 

 
s3 0.018 0.210 

 
s4 0.018 0.093 

2 WW feed 0.103 0.089 

 
s1 0.076 0.057 

 
s2 0.019 0.039 

 
s3 0.050 0.043 

 
s4 0.174 0.053 

3 WW feed 0.125 0.096 

 
s1 0.086 0.066 

 
s2 0.115 0.091 

 
s3 0.164 0.081 

 
s4 0.099 0.064 
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Table S.10: Organic pollutants detected in four different soils (s1, s2, s3, s4) exclusively after column 
percolation with treated wastewater (WW) for 77 days but not detected in the untreated soils (CON). 
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Table S.11: Classical organic pollutants monitored in four different soils (s1, s2, s3, s4) after percolation 
with treated wastewater (WW) and untreated (CON). Concentrations measured in one homogenised 
sample per soil (n=3 replicate measurements for QACs, n=1 for other groups) in µg/kg soil dry weight.  
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